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Abstract 

Constructed wetlands (CW)s have been utilized for decades to treat acid mine drainage 

(AMD), either directly or as a final polishing step in a series of treatment processes. However, 

the role of wetland plants and how they influence the treatment potential is still poorly 

understood, especially when testing is done in an open field-based setting. 

The main goal of my thesis research was to investigate how plants influence the 

underlying geochemical conditions and microbial communities in wetland soils and how they in 

turn affect metals removal and storage potential when wetlands are used to treat waters impacted 

by mine drainage. In order to achieve this goal, I designed a novel constructed floating wetland 

(CFW) system that was capable of replicating processes that occur in a subsurface flow wetland 

and survive repeated freeze-thaw cycles (Chapter 2). The successful CFWs design contained a 20 

cm deep, organic rich sediment profile, and was planted with Carex lacustris, Typha latifolia and 

Juncus canadensis. Five of my designed CFWs were deployed in two waterbodies impacted by 

mine drainage and located either near an active, or closed, Ni and Cu metal smelter in Sudbury 

Ontario.  

I found that both C. lacustris and T. latifolia promoted reductive processes in the CFW 

soil profile and had significantly higher porewater sulfide than the unplanted control for the 

entire duration of our experiment (Chapter 2). Additionally, the sediments of these two plants 

had a higher relative abundance of microbes involved in sulfur cycling and higher relative 

abundances of enzymes involved in the assimilatory and dissimilatory sulfate reduction 

pathways (Chapter 3). On the other hand, J. canadensis promoted oxidative processes and had 2-

3 times higher porewater sulfate concentration compared to the open water. Additionally, 
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sediments of J. canadensis did not show any selectiveness towards sulfur reducing microbes, or 

the enzymes involved in the sulfate reduction pathway. Lastly, compared to the unplanted 

control, both C. lacustris and T. latifolia planted sediments had higher metal concentrations of 

Co, Cu and Ni, while J. canadensis did not. All the plants influenced metal partitioning to a 

certain degree and there was a strong site-specific influence on CFWs ability to remove metals 

(Chapter 4). My research provides a comprehensive look at how plants can either up-or-down 

regulate treatment potential of constructed wetlands and thus improves our understanding of how 

such systems can be used to better manage mining impacted waters. 
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Chapter 1 : Thesis Introduction 

1.1 General Background 

1.1.1 Mining in Canada 

Canada currently has 1189 active mining operations that generate approximately $45 

billion annually for the Canadian economy, with Ontario based companies generating the 

largest share of the production, worth about $9.9 billion (Marshall, 2018). In terms of 

location within Canadian ecozones, approximately 80% of this mining activity exists within 

the massive Boreal Shield ecozone (Northwatch and MiningWatch, 2008). Mining 

operations produce vast quantities of solid waste, such as tailings, slag, and waste rock. The 

long-term management of this solid waste poses one of the largest challenges for a mining 

operation and costs associated with mine closure planning. It is estimated that 950,000 

tonnes of tailings and 1 million tonnes of waste rock are produced every day in Canada by 

the mining industry, amounting to ~650 million tonnes of mine waste per year (Winfield et 

al., 2002).  

In Ontario, prior to building a mine, a closure plan must be completed that outlines 

the strategy and the cost of rehabilitation of land affected by mining operations (MNDM, 

2014). To date, the Ministry of Energy, Northern Development and Mines (ENDM) have 

received 162 closure plans with $1.66 billion in financial bonds paid by mining companies 

for rehabilitation (MNDM, 2014). Closure plan regulations were introduced in 1991 and 

have been implemented gradually since then. Thus, any mine that closed prior to this date 

and is now longer under the ownership of a private company has become the responsibility 

of the provincial governments and is categorized as an “abandoned mine” (MNDM, 2014; 
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Northwatch and MiningWatch, 2008).  In Ontario alone, there are 43 active mines and 4415 

abandoned mines creating a wide variety of environmental challenges (MNDM, 2014). In 

the case of sulfide ore operations, one of the largest challenges is the need to control the 

release of acid mine drainage (AMD) from waste rock and tailings, where vast quantities of 

highly acidic effluents enriched with potentially toxic levels of metals are leached out from 

both abandoned and active mining sites (Johnson and Hallberg, 2005).  

 

1.1.2 AMD generation, prevention, and remediation 

AMD is the by-product of mining sulfide ores, and is a highly problematic global and 

persistent problem, from both abandoned and active mining sites (Akcil and Koldas, 2006; 

Johnson and Hallberg, 2005). AMD results from exposure of sulfidic minerals (such as 

pyrite) to oxygen, leading to the formation of dissolved ferrous iron, sulfate and H+ (eq 1). 

Ferrous iron is then oxidized by iron oxidizing bacteria, producing ferric iron (eq 2). 

Between a pH of 2.3 and 3.5, most of ferric iron will precipitate abiotically as Fe(OH)3 (eq 

3), or can continue to react with and oxidize pyrite (eq 4). Both processes produce free H+ 

that lowers the system pH, thus making this process self-perpetuating, and can continue for 

thousands of years after the mine has closed (Kalin, 2001, 1993). Primary factors that 

determine the rate of acid generation are pH, temperature, oxygen saturation, water 

saturation, stability of Fe3+, metal sulfide and bacterial activity (Lottermoser, 2010). When 

untreated AMD enters a river/stream system, whether through surface or subsurface flow, it 

can cause severe degradation of aquatic life by first causing severe acidity and toxic metal 

levels, and forms a layer of rust-like particles at the riverbed, that makes water unfit for crop 
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irrigation and human and animal consumption (Akcil and Koldas, 2006; Gazea et al., 1996; 

Hedin et al., 2010). 

FeS2 + 7/2 O2 + H2O  → Fe2+ + 2SO42- + 2H+    (1) 

Fe2+ + ¼O2 + H+  → Fe3+ + ½ H2O     (2) 

Fe3+ + 3H2O → Fe(OH)3 solid + 3 H +      (3) 

FeS2 + 14Fe3+ + 8H2O  → 15Fe2+ + 2SO2-4 + 16H+   (4) 

 

AMD generation can be prevented by eliminating the key substances (water and 

oxygen) that drive the reaction dynamics. To minimize oxygen exposure, flooding of 

underground mines, and underwater storage of mine tailings are some of the techniques used 

(Johnson and Hallberg, 2005; Lottermoser, 2010). Waste rocks stored on land can be capped 

using non-permeable liners, such as clay and geosynthetic textiles (Johnson and Hallberg, 

2005). Microencapsulation of pyritic minerals is relatively new addition to the AMD 

prevention tool-box. The microencapsulation is typically silicon oxides or titanium based 

and it coats the surface of potentially acid generating minerals so that iron oxidizing bacteria, 

such as Acidithiobacillus ferrooxidans are unable to access the mineral, thus suppressing 

pyrite oxidation (Thakur Jha et al., 2012). However, it is not always feasible or practical to 

prevent AMD generation at the source, hence mining industries are usually looking for both 

short and long-term remediation techniques, and for cheaper, reliable, and low maintenance 

treatment strategies to treat AMD. 

There are many treatment and remediation technologies, and not every strategy is 

applicable to all situations or scenarios (EPA, 2014). AMD remediation falls under two 

broad categories, active and passive treatment strategies, which are then further subdivided 
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into abiotic and biotic system (Figure 1.1). Active treatments are categorized as strategies 

that require constant monitoring and ongoing maintenance. Active strategies, such as lime 

addition to neutralize acidic effluents resulting in metal precipitation is very effective and 

commonly used solution, however, it is expensive and prohibitive for treating AMD on 

decades-to-centuries timescale. On the other hand, passive treatment strategies require 

substantially less maintenance or recurring cost, though they initially have a higher capital 

cost and larger land requirement to treat AMD (EPA, 2014).  

 

 

Figure 1.1 A brief overview of acid mine drainage remediation options. This figure is adapted from Johnson 

and Hallberg, 2005.  

 

1.1.3 Wetlands 

Wetlands are defined as water logged systems that play an important global role in carbon 

storage. There are five distinct wetlands classes in Canada as recognized by The Canadian 

Wetland Classification System: bog, fen, marsh, swamp, and shallow open water, where the 

main differentiating factor are peat accumulation, vegetation type and water source (National 
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Wetland Working Group, 1997). Canada’s boreal zone is dominated by wetlands, especially 

bogs and fens, which encompass a total area of 96.5 x 106 ha or 17% (Webster et al., 2015). 

Bogs and fens are collectively known as peatlands. Peatlands typically have low oxygen and 

nutrient availability, along with acidic conditions (Finlayson and Milton, 2018). Peatlands 

are typically formed in a low-lying area with a net positive water input and have an 

imbalance between ecosystem productivity and microbial decomposition, which allows for 

organic matter accumulation (Webster et al., 2015). Due to this unique formation, wetland 

supports a diverse microbial community that can facilitate numerous microbial processes 

(Bodelier and Dedysh, 2013; Hallberg and Johnson, 2005; He et al., 2015; Horton et al., 

2019). Moreover, boreal peatlands have a diverse vegetation, including bryophyte (such as, 

mosses and liverworts) and vascular plant species (such as, sedges, reed beds, shrubs) that 

allow for unique ecosystem services (Finlayson and Milton, 2018). 

 

1.1.3.1 Natural treatment wetlands 

The use of wetlands to treat wastewater or agricultural runoff is a widespread 

approach that has been increasing in use for the last few decades (Kadlec and Wallace, 2009; 

Panrare et al., 2016). However, natural wetlands have seldom been used to treat AMD 

directly (An et al., 2011; Dean et al., 2013; Mays and Edwards, 2001; Sasaki et al., 2005), 

rather, they have been used as a downstream polishing treatment (Al et al., 2011; Batty and 

Younger, 2002; Noller et al., 1994). In particular, there are also very few examples of natural 

wetlands utilized in cold climates to treat AMD. The following is a list of studies that 

utilized natural wetlands (Table 1.1) and their reported metal removal efficiencies (Table 

1.2).   
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1.1.3.2 Constructed treatment wetlands 

In contrast to the use of natural wetlands, constructed wetlands (CW)s are a more 

commonly used treatment strategy for AMD (Kalin et al., 2006; Mays and Edwards, 2001; 

Nyquist and Greger, 2009; TVA/WM, 1993). Since they are specially engineered to create 

the desired treatment conditions, they have relatively high efficiency in the removal of target 

pollutants. CWs are capable of removing trace metals from AMD in variety of ways and 

have been reviewed in detailed by Sheoran and Sheoran (2006). Briefly, there are three main 

metal removal processes, physical, chemical, and biological. Physical removal processes 

consist of settling and sedimentation. Chemical removal processes consist of sorption, 

adsorption, oxidation, and hydrolysis of metal ions, precipitation and co-precipitation of 

metal carbonates or metal sulfides. 

 

Table 1.1 Natural wetlands used to treat AMD-impacted waters in cold climates. 

 

Location Type of 

mine 

Vegetation Contaminant 

targeted 

Pre-

treated 

Study 

year 

Reference 

Finland, 

Peatland 1 

Gold 

mine 

Mosses, Eriophorum 

angustifolium, Carex 

and Trichophorum 

cepitosum 

SO4, Fe, Mn, 

As, Sb, Ni 

No 2008 - 

2013 

Palmer et 

al., 2015 

Finland, 

Peatland 4 

Gold 

mine 

Mosses, Eriophorum 

angustifolium, Carex 

and Trichophorum 

cepitosum 

SO4, Fe, Mn, 

As, Sb, Ni 

Yes 2010 - 

2013 

Western 

Bulgaria 

Uranium 

deposit 

Pharagmites 

australis, T. latifolia, 

T. angustifolia and 

some Juncus, Carex 

Poa 

pH, SO4, U, Ra, 

Cu, Zn, Cd, Pb, 

Ni, Co, Fe, Mn, 

As 

No 10 years Groudev 

et al., 

2008 

Cobalt, 

Ontario 

Metal 

mining 

Cattail and some 

grasses 

As, Co, Cu, Zn Yes Fall, 1989 Kelly et 

al., 2007 

Nickle 

Rim, 

Sudbury 

Metal 

mining 

Sedge-dominated Fe Mn, Al, Cr, 

Cu, Pb, Ni, Zn 

Yes Fall, 1989 Lane, 

1990 

Kam-

Kolta, 

Timmins 

Metal 

mining 

Cattail-dominated Fe Mn, Al, Cr, 

Cu, Pb, Ni, Zn 

N/A Fall, 1989 
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Waite 

Amulet, 

Quebec 

Metal 

mining 

Cattail-dominated Fe Mn, Al, Cr, 

Cu, Pb, Ni, Zn 

N/A Fall, 1989 

Heath-

Steele, 

New 

Brunswick 

Metal 

mining 

Mix vegetation Fe Mn, Al, Cr, 

Cu, Pb, Ni, Zn 

Yes Fall, 1989 

Nigadoo 

River, 

New 

Brunswick 

Metal 

mining 

Cattail-dominated Fe Mn, Al, Cr, 

Cu, Pb, Ni, Zn 

Bedrock 

is Ca 

rich 

Fall, 1989 

Brunswick 

#12, New 

Brunswick 

Metal 

mining 

Cattail-dominated Fe Mn, Al, Cr, 

Cu, Pb, Ni, Zn 

NA Fall, 1989 

 

 

 

Table 1.2 Metal removal efficiencies in natural wetland located in the cold climate. 

 

 (Palmer et al., 2015) (Groudev 

et al., 

2008) 

(Lane, 1990) 

 
Peatland 

1 

Peatland 

4 

 
Nickel 

Rim, 

Sudbury 

Kam-

Kotia 

Heathe-

Steele 

Nigadoo 

River 

Brunswick 

#2 

Waite 

Amulet 

As 83% 90% 91.50% - - - - - - 

Fe 40% -73% 98% 16.60% 0% -257% 0% 9.30% 8.30% 

Mn 5.20% 63% 67.50% 23% 2.50% -813% 84% 7.10% -

32.70% 

Ni 75% 90% 80.50% 54.10% -25% - - - - 

Sb 28% 80.50% - - - - - - - 

SO4 -42% 30% 23% - - - - - - 

Al - - - 64% - 97.60% -50% 28.50% 2.20% 

Cr - - - - 100% - - - -100% 

Cu - - - - - 50% - - -6.80% 

Pb - - - - - 66.60% - 7.10% - 

Zn - - - - 3.70% 33.30% 61.90% -14.20% 5.20% 

 

sulfides. Biological removal processes consist of metal removal through microbially-

mediated processes, such as sulfate reduction.  

There are many types of CWs, and the primarily differentiation in the design arises 

from three main criteria, hydrology (surface flow or subsurface flow), macrophyte growth 
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(emergent, submerged, or free-floating), and flow path (horizontal or vertical) (Chen et al., 

2016; Kropfelova et al., 2008; Vymazal, 2011). Depending on the type of the CW design, 

aerobic or anaerobic conditions can be established in the treatment cells which then 

influence the type of pollutant the CW is capable of removing. Emergent macrophytes are 

rooted in the sediments and plant shoots emerge above the water level. Submerged 

macrophytes are also roots in the sediments, but the plants shoots do not emerge above the 

water level. Free-floating macrophytes grow on the surface of the water, with roots hanging 

directly in the water column (Headley and Tanner, 2012).  

Surface flow CWs promotes removal of organics and suspended solids via microbial 

degradation and sedimentation, respectively (Vymazal, 2011). Surface flow CWs can have 

any type of macrophyte growth strategy. Due to the aerobic nature of these surface flow 

systems, iron can be removed via oxidation and precipitation as ferric iron (Johnson and 

Hallberg, 2005). To remove trace metals, such as As, Cd, Cr, Co, Cu, Pb, Mn, Ni, Zn, 

subsurface CWs rather than surface flow CWs are typically used (Lizama-Allende et al., 

2018; Stein et al., 2007; Wu et al., 2015). In these subsurface flow system, emergent 

macrophytes are used, and the wastewater flows through the porous medium beneath the 

planted macrophytes. The bed in which the macrophytes are planted in these subsurface 

flows systems has anaerobic conditions, which facilitates reductive microbial processes and 

metal removal.  

1.1.4 Plant-soil-microbe interactions 

Wetland plants roots release organic carbon and exogenous substrate (Stottmeister et 

al., 2003), that supports the activity of sulfate reducing bacteria (SRB) which may lead to 

sulfate reduction and the immobilization of metals through the formation of metal sulfide 
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precipitates (Lewis, 2010). On the other hand, plant roots can also release oxygen that causes 

higher redox potentials, that lead to sulfide oxidation and dissolution, thereby releasing 

metals (Jacob and Otte, 2003).  

Radial oxygen loss (ROL) from roots depends on three factors, namely, internal O2 

concentration, external O2 demand, and root-wall permeability (Brix, 1997; Wang et al., 

2018). Studies have also indicated that the rate of ROL changes depending on the redox state 

of the rhizosphere, where O2 release was highest between the values of -250 mV to -150 

mV, and peaking at approximately -200 mV (Stottmeister et al., 2003).  Different plant 

species also exhibit differences in ROL, for example, Typha latifolia consistently had higher 

potential of O2 release than Juncus effusus (Stottmeister et al., 2003).  

It is hypothesized that the plants can actively control ROL from the roots to stimulate 

rhizosphere associated iron oxidizing bacteria (IOB) (Guo and Cutright, 2014). IOB play an 

important role in the formation of iron plaque around the roots, which in turn protects plants 

from metal toxicity by minimizing metal uptake into plant tissues (Guo et al., 2014; Zhang et 

al., 1998). In fact, multiple studies have shown that T. latifolia accumulates less than 1% of 

total iron from wetlands impacted by AMD due in part to the reduced permeability of plant 

roots coated by iron plaque (Fennessy and Mitsch, 1989; Karathanasis and Johnson, 2003; 

Stottmeister et al., 2003). 

Although many wetland plant roots are providing oxidizing conditions and are 

dominated by iron oxidizing bacteria (IOB), iron reducing bacteria (IRB) are also found in 

the rhizosphere.  Weiss et al., (2003) found that IRB accounted for 12% of all bacterial cells 

in the rhizosphere, compared to < 1% found in the soil surrounding it. This suggests that the 

rhizosphere is also providing conditions suitable for Fe(III) reduction. Three main suggested 
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reasons for this are: (1) the presence of abundance of poorly crystalline Fe(III) minerals that 

are favored by IRB (Karathanasis and Thompson, 1995), (2) high percentage of oxalate 

extractable iron on the roots (Weiss et al., 2002), and (3) greater access to labile carbon. Of 

all the microbial groups studied in this context, IRB and SRB are the two most important 

types (Faulwetter et al., 2009; Weiss et al., 2002). They are typically anaerobes growing 

preferentially at low redox potentials of +100 to -100 mV (IRB) and -100 to -200 mV (SRB) 

(Faulwetter et al., 2009). SRB can convert sulfate to sulfide, which then reacts with metals to 

form a metal sulfide precipitate (Sheoran et al., 2010). Sulfur disproportionation also play a 

critical role in sulfur cycling (Wu et al., 2013). Similarly, IRB transform ferric iron to 

ferrous iron, which then reacts with sulfide to form iron sulfide precipitates (Luef et al., 

2013).  

Our understanding of the diversity of these iron and sulfur cycling bacterial 

communities in treatment wetlands is still limited. Only few studies have characterized the 

SRB population in treatment wetlands to the genus level, where it has been shown that SRB 

populations increase with depth (Faulwetter et al., 2009). Furthermore, the majority of 

research regarding plant-soil-microbial interactions within treatment wetlands are based 

predominantly on lab and greenhouse-scale experiments, in warmer climates, and/or using 

artificial AMD (as described in sections 2.2, and 3.2). Furthermore, to best of my 

knowledge, there is no study that directly focuses on the interaction mechanisms between 

plant-soil-microbes and its influence on porewater dynamics and metal removal capabilities 

in a field-based setting.  
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1.2 Thesis Overview 

1.2.1 Research approach 

Several researchers have investigated similar questions, but much of that research 

was conducted at a lab-scale or in greenhouse experiments. The goal of this research was to 

study these questions in a field-based setting, which allow for better extrapolation of the 

findings in a realistic implementation of constructed wetlands. To achieve this, constructed 

floating wetlands (CFW)s that mimicked a small-scale constructed wetland had to be 

designed and constructed. This approach provided several advantages. First, I was able to 

install built-in porewater samplers which allowed me to regularly sample without any 

disturbance to the soil profile. Second, it allowed me to study each of the three selected plant 

species in isolation. Third, I was able to deploy the CFWs directly in a waterbody impacted 

by AMD and was able to replicate the study at two contrasting sites. Once the CFWs were 

built and field-tested (chapter 2), I was able to concurrently collect porewater samples 

(chapter 2), collect soil and root samples for microbial analysis (chapter 3) and soil cores for 

metal storage and fractionation (chapter 4).  

1.2.2 Site selection 

The study sites were selected based on the following criteria: (1) the waterbodies 

must receive mining influenced waters, (2) the site must be local and easily accessible, and 

(3) the selected waterbodies must have contrasting water chemistries. Two mining impacted 

waterbodies, both of which are located in Sudbury, ON were selected for the field 

experiments. The “managed” site is located at an active smelter site, which has a large 

quantity of waste deposits (waste rock, tailings, slag) that are sulfidic rich (pyrite, 
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pentlandite, and chalcopyrite ores). This site has an extensive water management plan which 

includes groundwater capture, lime treatment, and a large surface flow treatment wetland. 

The CFWs were deployed in a pond that received water after it has passed through all the 

treatment systems. However, given the nature of this site, it is believed that this pond 

receives AMD from non-point sources.  

The “unmanaged” site is a decommissioned smelter site that underwent rapid closure 

in 1972. The pond in which the CFWs were deployed in is surrounded by a large volume of 

slag and waste rock, which results in acid seepage from various sources. In 2016, the slag 

pile adjacent to the pond was limed with a single batch addition of slacked lime, which 

caused a sudden increase in the pH (raised from ~4.5 to ~7.0). However, in 2017 no lime 

treatment occurred, and the pH dropped down to ~4.2. The CFWs were deployed directly in 

this seepage pond. 

1.2.3 Plant selection 

Vegetation for planting in the CFW was selected according to the following criteria: 

(1) the constituent plants must be locally available; (2) their tolerance of AMD must be well-

documented in the literature; and (3) they must be common in colder climates. Cold climate 

here is defined as having an average temperature of 10 °C in the warmest months, and below 

-3 °C in the coldest months (Köppen climate classification). The plant species that met these 

criteria were Juncus canadensis (Canada rush) (Barrett and Watmough, 2015; Groudev et 

al., 2008), Carex lacustris (Lake sedge) (Barrett and Watmough, 2015; Contango Strategies, 

2014; Groudev et al., 2008; Nyquist and Greger, 2009), and Typha latifolia (Broadleaf 

cattail) (Barrett and Watmough, 2015; Groudev et al., 2008; Sobolewski, 1999).  
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T. latifolia is a tall (1.0 – 3.0 m), rhizomatous, herbaceous perennial plant typically 

found in saturated systems, such as wetlands, lake/pond margins, roadside ditches, etc. 

(Grace and Harrison, 1986). It is a monocot, with fibrous root network and forms lateral 

rhizomes that have adventitious roots. T. latifolia, a native species in North America, has a 

cosmopolitan distribution and is found in every province of Canada. It has the ability to 

grow in a wide range of climatic conditions, ranging from tropical, subtropical, and northern 

climates and have an active growth season in spring and summer. In terms of growth 

requirement, it has high tolerance to anaerobic conditions,  and a pH range of 5.5 – 8.7 

(National Plant Data Team, 2019). C. lacustris is a tall (~ 2.0 m), monocot, rhizomatous, 

perennial sedge, typically found in shallow waters and swamps (Bernard, 1975). It is native 

to every province in Canada, except British Columbia and have an active growth season in 

spring and summer (National Plant Data Team, 2019). In terms of growth requirement, it has 

a high tolerance to anaerobic conditions, and a pH range of 5.6 – 6.8. J. canadensis is a tall 

(~ 1 m), monocot, bunch growth form, perennial rush that is typically found in calcareous 

marshes, acid bogs, and brackish waters (“eFloras,” 2008). It is native to every province in 

Canada, except Alberta and Saskatchewan, and has an active growth season in spring, 

summer, and fall (National Plant Data Team, 2019). In terms of growth requirements, it has 

a high tolerance to anaerobic conditions, and a pH range of 4.5 – 5.9.  

1.2.4 Research objectives 

The overarching goal of my thesis was to investigate the influence of wetland plants 

on the underlying geochemical conditions and microbial communities in soils and their 

combined effect on metal removal and storage potential from mining impacted waters. 

Specifically, my thesis will address four main objectives/questions.  
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1) Design, construct, and field-test constructed floating wetlands (CFW)s that mimic 

small-scale subsurface flow CW; 

2) Access weather Carex lacustris, Typha latifolia and Juncus canadensis influence 

the oxidative and reductive processes in the soil profile of CFWs, as measured in 

the porewater?; 

3) Access weather C. lacustris, T. latifolia and J. canadensis influence the microbial 

communities in the bulk soil and root-associated soil?; 

4) Access weather C. lacustris, T. latifolia and J. canadensis influence metal storage 

and stability in the bulk soil within the CFWs? 

 

1.3 Thesis structure and research significance 

This thesis is composed of 5 chapters, including this introductory chapter. Below is 

the breakdown of all the chapters with a brief description and significance.  

 

Chapter 1: Introduction and short literature review of wetlands as an AMD treatment 

strategy in northern climate.  

 

Chapter 2: Effect of wetland vegetation on porewater dynamics in a constructed 

wetland impacted by mining influenced waters  

This chapter is two-tiered. The first part is focused on designing and field-testing 

CFWs that could sustain anaerobic conditions and survive freeze-thaw cycles. The CFWs 

described in this chapter form the basis for all field experiments.  The second part of this 

chapter examines the differences in porewater dynamics among C. lacustris, T. latifolia and 
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J. canadensis to determine how the choice of plant species affects reducing or oxidizing 

conditions and its implications on iron and sulfur cycling. The majority of past greenhouse-

scale studies have shown that plants have little to no influence on sulfate removal, however 

my findings in this chapter showed plants do have positive influence on sulfate removal and 

it is dependent on plant species and duration of the experiment. This work is intended for 

publication in the journal Water Research.  

 

Chapter 3: Microbial community response to plant influence within constructed 

treatment wetlands impacted by mining influenced waters 

 The central objective of this chapter was to determine whether C. lacustris, T. 

latifolia and J. canadensis promoted unique microbial communities in the bulk and 

rhizosphere soils. Specifically, I looked for microbes associated with oxidation and reductive 

processes, such as iron oxidizing bacteria and sulfate reducing bacteria, respectively. The 

research findings were novel because I were able to detect plant specific influences on 

microbial communities and correlated those with the porewater dynamics described in 

Chapter 2. This study is intended for publication in the journal Environmental Microbiology. 

 

Chapter 4: Influence of Carex lacustris, Typha latifolia and Juncus canadensis on metal 

concentration and fractionation in constructed wetlands impacted by mining 

influenced waters 

The central objective of this chapter was to determine if C. lacustris, T. latifolia and 

J. canadensis promoted metal (aluminum, arsenic, cobalt, copper, iron, manganese, nickel 

and zinc) storage in the soil, and if so, what were the long-term retention potentials. To 
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achieve this, I used 5-step sequential chemical extraction (SCE) protocol. To our knowledge, 

this is a first of its kind study where the SCE protocol was used in a constructed wetland 

where changes in metal fractionation were tracked over a length of time spanning over a 

year. This study is intended for publication in the journal Minerals.  

 

Chapter 5: General Conclusions 

This chapter summarizes key findings from my three experimental chapters and 

draws general conclusions how plants act as a modulator of their environment and its impact 

on treating mining impacted water. In the process of developing a study system that bridges 

the gap between the lab and field-scale studies, I designed a novel CFWs with built-in soil 

sediment profiles that was capable of sustaining sulfate reduction and remove sulfate directly 

from the open water.  
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Chapter 2 : Effect of wetland vegetation on porewater dynamics 

in a constructed wetland impacted by mining influenced waters  

 

2.1 Abstract 

Constructed wetlands (CW)s are able to remove metals in a variety of ways, however the 

specific role of plants and how they can influence porewater dynamics redox conditions and 

associated implication for iron and sulfur cycling are still not clearly understood. The vast 

majority of our current knowledge is derived from laboratory or greenhouse scale 

experiments, which have shown that plants have little-to-no influence on sulfate removal, 

which is contrary to the large-scale constructed wetland literature. In order to bridge this 

knowledge gap, constructed floating wetland (CFW) with a 20 cm sediment profile was built 

and deployed in two mining influenced waterbodies. CFWs were planted with three wetland 

macrophyte species, Carex lacustris, Typha latifolia, and Juncus canadensis. Plant influence 

on porewater parameters, such as Eh, pH, ferrous and ferric iron, sulfate and sulfide were 

studied over the course of 68 weeks. Year-end analyses of total metal concentrations in the 

plants above-ground and below-ground biomass were also conducted. I found that both C. 

lacustris and T. latifolia promoted reductive processes in the soil and had significantly 

higher porewater sulfide than the unplanted control for the entire duration of our experiment. 

Both C. lacustris and T. latifolia were effective and had a reduction of 75% - 100% and 70% 

- 82% in porewater sulfate concentration compared to the open water values, respectively. 

Additionally, both of these plants promoted phytostabilization and allowed for greater metal 
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(Co, Cu, Pb, Ni, and Zn) storage in their respective sediments. On the other hand, J. 

canadensis promoted oxidative processes which resulted in having 2-3 times higher 

porewater sulfate concentrations compared to that observed in open water. This study 

illustrates the importance of plant selection and its influence on underlying soil geochemical 

conditions and sulfate reduction levels. 

2.2 Introduction 

Acid mine drainage (AMD) is produced when sulfide-rich ore comes in contact with 

oxygen, resulting in the formation of dissolved ferrous iron, sulfate, and hydrogen ions 

(Akcil and Koldas, 2006). AMD is typically characterized as acidic, sulfate rich, and 

containing high concentrations of other metals, such as iron (Fe), copper (Cu), nickel (Ni), 

lead (Pb), and zinc (Zn) (Akcil and Koldas, 2006). AMD formation is a common occurrence 

at mine sites and many remediation options currently exist, which are primarily divided into 

active or passive treatment strategies (Johnson and Hallberg, 2005; Klein et al., 2014). The 

use of natural and/or constructed wetland systems for the passive treatment of mining 

process waters, effluents, and mine waste drainage is an effective means of reducing 

contaminant transmission into the environment (Dean et al., 2013; Humphries et al., 2017; 

Lesley et al., 2008; Pat-Espadas et al., 2018).  

In terms of vegetation, it is often assumed that plants have a positive influence in 

promoting metal removal. In a constructed wetland (CW), plants can affect metal removal in 

a number of ways, such as phytoremediation (direct uptake into plant biomass), 

phytostabilization (promoting immobilization of metals within soil), or promotion of 

adsorption and/or precipitation (Salt et al., 1995). Plants have two contrasting ways in which 

they influence the soil matrix. First, wetland plants are adapted to flooded conditions, and 
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when submerged they are known to experience radial oxygen loss (ROL) through the root 

systems. ROL within the soil will promote aerobic biotic activity as well as help drive 

abiotic processes such as precipitation of iron oxyhydroxides and oxidation of sulfide-metal 

precipitate to occur (Jacob and Otte, 2003). In contrast, plant roots also release organic 

compounds which can accelerate microbial activity that promote sulfate reduction and metal 

sulfide precipitation, thereby causing metal immobilization (Jacob and Otte, 2003). Of all the 

microbial groups studied in this context, sulfate reducing bacteria (SRB) are the most 

important group (Sheoran et al., 2010). Microbially driven sulfate reduction depends on 

variety of factors, such as, anaerobic environment, reducing ( -200 to -100 mV) condition, 

organic electron donors, pH, temperature, and sulfate concentration (Fortin et al., 2000). 

SRB can convert sulfate to sulfide, which then reacts with other free metals, such as Cu, Ni, 

Zn, Fe to form an immobile metal sulfide precipitates (Lewis, 2010; Sheoran and Sheoran, 

2006).  

Many different types of wetland plants species have been used in CW and 

greenhouse-based lab experiments, such as, Typha latifolia, Typha angustifolia, Typha 

domingensis (Allen et al., 2010; An et al., 2011; Bonanno and Cirelli, 2017), Phragmites 

australis (Lesley et al., 2008), Juncus effusus (Taylor et al., 2011; Wiessner et al., 2010), 

Carex rostrate (Taylor et al., 2011), Carex acualitis (Emerick et al., 1987), Scirpus 

cyperinus (Mays and Edwards, 2001), and Schoenoplectus spp. (Knox et al., 2010; Stein et 

al., 2007). When natural and/or constructed wetlands are used to treat AMD, treatment 

efficiency can be measured by calculating the mass flow difference between the input and 

output effluents (Albalawneh et al., 2016; Pat-Espadas et al., 2018). As such, little is known 

about the direct or indirect influences of different plant species on different porewater 
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parameters. Numerous greenhouse and lab-scale experiments have been conducted to better 

understand and characterize the role of plants in sulfate and metal removal from AMD. 

However, most of the studies conducted at this scale find that plants have little-to-no 

influence on sulfate removal (Allen et al., 2010; Chen et al., 2014; Y. Chen et al., 2016; 

Nyquist and Greger, 2009; Stein et al., 2007; Wiessner et al., 2010). 

The goal of this research is to bridge this knowledge gap between greenhouse studies 

and full-scale constructed wetlands to understand how wetland plants influence the 

underlying geochemical conditions in the soil to allow for metal and sulfate removal. To 

study this, I first had to develop a hybrid constructed floating wetlands (CFW)s that include 

a 20 cm soil profile and with a built-in porewater samplers. This chapter will answer the 

following research questions (1) is there a plant-specific effect on porewater dynamics in the 

CFW soils, (2) how do plants influence metal and sulfate removal, (3) do different plants 

exhibit phytoextraction or phytostabilization, and (4) is there is a seasonal effect apparent 

within the porewater in relation to vegetation growth. 

 

2.3 Materials and Methods 

2.3.1 Site selection and baseline water quality: 

Two ponds impacted by mining influenced waters (MIW) were selected in the City 

of Greater Sudbury, Ontario, Canada. The field experiments were conducted between June 

2016 and October 2017. The first pond is located at an active mine site and will be referred 

as a “managed site”, and the second pond is located at a decommissioned historical smelter 

site and will be referred to as an “unmanaged site”. To determine baseline water quality, 
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open water samples were collected in July, August and October in2016 and in May, July and 

October 2017 at the both sites and were acidified to 1% v/v using concentrated nitric acid in 

the field and were transferred to a commercial lab on ice. Water samples were analyzed at 

XPS Labs in Sudbury, ON within 5 days of collection for metals using ICP-MS following 

certified laboratory protocols (ISO 14001) (Table 2.1). Specific conductivity, pH and sulfate 

concentrations were analyzed in the field using a Hach field portable colorimeter and YSI 

Professional Pro multiparameter probe (Hach DR900) (see section 2.3.6 for more detail).  

 

Table 2.1 Baseline water quality at managed and unmanaged ponds impacted by MIW located in Sudbury, ON. 

Parameters Managed Unmanaged 

 Year: 2016 

(n = 6) 

Year: 2017 

(n = 6) 

Year: 2016 

(n = 8) 

Year: 2017 

(n = 11) 

Conductivity  

(uS/cm) 

1477.2 ± 190 1265.2 ± 20 673.1 ± 11 560.3 ± 192 

pH 7.05 ± 0.28 7.02 ± 0.35 7.2 ± 0.20 4.53 ± 0.24 

Sulfate (mg/L) 351.7 ± 27 289.2 ± 20 347.9 ± 17 302.9 ± 23 

Metals (mg/L) 
    

Aluminum 0.168 ± 0.11 0.134 ± 0.15 0.164 ± 0.09 3.207 ± 0.25 

Arsenic 0.011 ± 0.00 0.014 ± 0.02 < 0.0009 < 0.0009 

Cadmium < 0.0006 < 0.0006 < 0.0006 0.001 ± 0.00 

Chromium 0.076 ± 0.08 0.001 ± 0.00 0.059 ± 0.08 0.001 ± 0.00 

Cobalt 0.004 ± 0.00 0.005 ± 0.00 0.043 ± 0.02 0.183 ± 0.02 

Copper 0.037 ± 0.04 0.062 ± 0.09 0.292 ± 0.07 3.272 ± 0.38 

Iron 3.42 ± 0.68 2.5 ± 2.47 0.68 ± 0.62 0.45 ± 0.12 

Lead 0.002 ± 0.001 0.003 ± 0.005 0.001 ± 0.001 0.002 ± 0.001 

Manganese 0.049 ± 0.00 0.038 ± 0.01 0.068 ± 0.02 0.239 ± 0.03 

Nickel 0.178 ± 0.22 0.094 ± 0.05 1.339 ± 0.62 5.391 ± 0.58 

Zinc 0.006 ± 0.00 0.004 ± 0.00 0.02 ± 0.00 0.102 ± 0.01 
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2.3.2 Frame and flotation 

Wood pallets (4’ x 4’) were modified to create four equal sized cells (SI, Figure 1). 

Ethylene-vinyl-acetate (EVA) foam noodles (Sea Serpent, Nordesco Industries, Quebec) 

were used to provide buoyancy, and were attached to the underside of the wood pallet with 

thick cable ties.  A layer of plastic snow fencing was then attached to the bottom of each cell, 

also using cable ties, for structural support and protection against the collapse of cells after 

ice buildup during the winter (design improvement from 2015 field trials, data not shown) 

(Figure 2.1). Then a layer of burlap and coconut coir was lined along the bottom of each cell 

to retain and minimize soil loss (SI, Figure 2).  The overall design allowed each CFW to 

support up to 20 gallons (0.07 m3) of soil and plant biomass, and a maximum soil depth of 

20 cm (SI, Figure 3). A homogenized soil mixture was created using top soil (acquired from 

Hollandia Land and Environmental Solutions), black earth and peat moss in the following 

ratio, 2:1:1 (SI, Figure 4). This ratio was based on field testing that resulted in the least 

amount of soil been dispersed out of the cells and the matrix been dense enough to hold 
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plants upright. The CFW modules were deployed and anchored using concrete cinder blocks 

(SI, Figure 5).  

 

Figure 2.1 Conceptual design of shallow constructed floating wetland with a 20 cm profile. 

2.3.3 Field redox electrode probe 

To measure in-situ soil redox potentials within each cell without disturbing the soil 

profile, I manufactured platinum redox electrode probes as per Swerhone et al., (1999) and 

calibrated with ZoBell’s solution as per Nordstorm and Wilde (1998). When Swerhone et al. 

(1999) developed these platinum redox electrode probes, they tested them in-situ for more 

than three years. Other workers have replicated their platinum probe design to study in-situ 

redox potential in boreal peatlands (Mitchell and Branfireun, 2005) and shallow sandy 

aquifer (Cavé et al., 2007), and found them to be reliable.  Redox potential is measured as Eh 

in millivolts and was selected as a key measurement variable that can affect biotic and 

abiotic factors (Husson, 2013). In general, aerated soils, low reduced soils, moderately 

reduced soils and highly reduced soils have the following Eh values respectively: greater 
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than +400 mV; between +100 mV and +400 mV; between -100 mV and +100 mV; and 

between -100 mV and -300 mV (Husson, 2013). Five redox probes were inserted to the 

center of each cell at 5 different depths (4 cm, 8 cm, 12 cm, 16 cm, and 20 cm), and were left 

for 30 min to stabilize before measurements were recorded (Figure 2.1). Eh was calculated 

according to the eq. 3, where Eh is the redox potential of the sample relative to the standard 

hydrogen electrode, Emeasured is the potential of the sample measured, and Eref is reference 

electrode potential of the ZoBell’s solution corrected for the sample temperature.  

Eh = Emeasured + Eref  (eq. 3) 

 

2.3.4 Porewater sampler design 

I needed to design our porewater samplers because of: (1) the disruptive nature of 

commercially available systems for repeated measurements; and (2) the limitation of 

commercially available systems to > 0˚C operational ranges. Commercially available 

alternatives, for example Slide-A-Lyser, would have required physical removal and 

insertion back into the soil profile during each sampling (Reid and Warren, 2016), while the 

MacroRhizons samplers are not designed for use at temperatures below 1C (Rhizosphere 

research product, 2019). Our porewater samplers were created using 20 mL polypropylene 

syringes that were perforated with a drill before being wrapped in multiple layers of nylon 

(pantyhose). A 1.5 m long flexible PVC tube was attached to each syringe, and both ends of 

the syringe were secured using Parafilm (SI, Figure 7). Samplers were installed during CFW 

construction within each cell at two different depths, 6 cm and 18 cm (Figure 2.1). Care was 

taken to leave the tube, which terminated in a 3-way stop valve (male luer-lock, Cole-
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Parmer), protruding out of the cell (SI, Figure 7). The porewater samplers were left within 

the sediment profiles of CFW for the entire duration of the experiment 

2.3.5 Plant selection and CFW deployment 

Wetland plants were selected according to three main criteria, (1) the plants must be 

found in wetlands around Sudbury, Ontario, (2) are utilized to treat MIW in lab-based 

experiments and/or presence in natural/constructed wetland impacted by MIW, and (3) cold 

climate adapted. Plants that met these criteria were C. lacustris (lake sedge), T. latifolia 

(broadleaf cattail) and J. canadensis (Canadian rush). These plants were sourced from 

wetlands located around Sudbury and were thoroughly washed with tap water first, followed 

by distilled water, before transplantation in the CFWs. Each CFW module consisted of four 

separate cells, where each cell contained one of the following: unplanted (control), T. 

latifolia, C. lacustris, and J. canadensis. All CFWs were deployed in June 2016 and were 

allowed one month to stabilize before the start of sampling.   

Each CFW had four equal sized compartments, with one of the selected plant species 

planted in five gallons of standardized soil mixture (2:1:1 of top soil (sourced from 

Hollandia Land and Environmental Services), black earth and peat moss, respectively). The 

fourth compartment was left unplanted and treated as soil-only control (SI Figure 11.a). The 

porewater samplers were built-in during the construction and were placed at 6 cm and 18 cm 

depths. Five CFWs were deployed at each site in June 2016 (SI Figure 11.b), out of which 

three CFWs were selected for continued porewater monitoring, and the remaining two CFWs 

were earmarked for destructive sampling in October 2016 and October 2017. The floating 

wetlands were monitored for nearly 2 years, where they remained deployed during the winter 

months and survived freeze-thaw cycles. 
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2.3.6 Porewater sampling 

The CFWs were allowed to stabilize for 1 month before the initial porewater samples 

were collected. Samples were collected at the following time points: July 2016 (Week 1), 

August 2016 (Week 6), October 2016 (Week 15), May 2017 (Week 46), July 2017 (Week 

56), August 2017 (Week 61), and October 2017 (Week 68). To collect porewater, a 60-mL 

syringe was attached to the three-way stopcock to create vacuum. The PVC pipe was purged 

by removing and discarding first 15 mL of sample within the vacuum syringe, followed by 

the collection of a fresh 20 mL porewater sample into an acid washed 20-mL syringe. 

Porewater samples were collected from both 6 cm and 18 cm depths and aliquoted 

for the following analyses: sulfide (sum of total sulfides, dissolved H2S and HS-), sulfate 

(SO42-), ferrous iron (Fe2+), and Total Fe.. Other than for sulfide aliquot, sample volume for 

all other analysis were filtered through a 0.45 m syringe filter. 20 mL porewater sample 

was diluted with MilliQ water (18.2 MΩ.cm and TOC value below 5 ppb) at the stated 

dilution ratio; sulfide (1:5), SO42- (1:10), Fe2+ (1:5) and Total Fe (1:10). Ferric iron (Fe3+) 

was calculated by subtracting [Fe2+] from [Total Fe].  A field portable Hach colorimeter 

(Hach DR900) was used to immediately (under 5 minutes) analyze total S2 (Methylene blue 

method), SO42- (SulfaVer 4 method), an Fe2+ (1,10 Phenanthroline method) and Total Fe 

(FerroVer method) in the field (Reid and Warren, 2016; Warren et al., 2016). To minimize 

the oxidation of redox sensitive sulfide and ferrous iron, analysis vials had reagent 1 and 

powder pillow, respectively, pre-loaded. 5 ml of porewater samples (diluted to 25 ml mark 

with milliQ water) was  filtered using a 0.45 m syringe filter and stored at 4 C in an amber 

acid-washed glass vial until further analysis for dissolved organic matter (DOM) and 

dissolved organic carbon (DOC) (Lescord et al., 2018). 
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Following these analyses, a fresh porewater sample was collected from both depths 

and immediately analyzed on YSI Professional Pro multiparameter probe for pH, dissolved 

oxygen (DO, mg/L), specific conductivity (sp. Cond, µS/cm)) and oxidative-reductive 

potential (ORP, mV). The Hach colorimeter was calibrated as per manufacturer guidelines 

and a calibration curve was created for sulfide (0 – 0.7 mg/L), sulfate (10 – 70 mg/L), and 

ferrous iron (0.5 – 2.0 mg/L) (SI Figure 8). Ferric iron (Fe3+) was calculated by subtracting 

[Fe2+] from [Total Fe]. The YSI probe was also calibrated as per manufacturer guidelines for 

ORP, pH and DO. ORP values were converted to Eh at standard hydrogen electrode by 

adding 200 mV (YSI Environment, 2008). 

At the managed site, shortly prior to the “week 46” sampling point, J. canadensis plants 

were heavily grazed by birds on all our CFWs, and no plant regrowth was observed during 

the remainder of the experiment. Hence, porewater samples collected from J. canadensis 

after week 46 were categorised as “J. canadensis grazed”.  

2.3.7 Plant biomass and soil sampling 

In October of 2016 and 2017, one CFW from each site was destructively sampled for 

plant biomass and processed for total metals analyses. Due to bird grazing at the managed 

site, I could not collect any J. canadensis biomass in Oct 2017. Plants were thoroughly 

washed with DI water, and were subdivided into two groups, above-ground biomass (shoots) 

and below-ground biomass (roots and rhizomes) and oven dried at 65 C for 48 hours. Dried 

plant biomass was first pulverized using a Model 4 Wiley Mill, and then finely grounded 

using Wiley Mini Mill. Soil samples were collected using a small sediment corer (20 cm 

long core) from the unplanted control and planted compartments from three individual 

CFWs and stored in sterile WhirlPak® bags. Immediately after collection, soils were stored 
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at -20 C and subsequently freeze-dried using a LABCONCO FreeZone Bulk Tray Dryer at 

the Vale Living with Lakes Centre (VLWLC), Laurentian University. Soil samples for total 

metal analysis were homogenized and pulverized using a marble mortar and pestle and 

sieved through 250-micron mesh.  

2.3.8 Analytical techniques 

2.3.8.1 Aqua regia digest 

From the finely ground dried plant biomass, four subsamples, each weighing 0.5 g, 

were transferred into a 50 mL Teflon digestion vessel and were used for the reverse aqua 

regia digestion protocol on a programable digestion block (Questron Technologies Corp) 

(Siaka et al., 1998). I used 3:1 concentrated trace-metal grade nitric acid: hydrochloric acid 

ratio (Siaka et al., 1998). To minimize boil over events due to the high organic matter 

content, the following parameters were used for digestion: 40 C (ramp time 180 min) for 

180 min, 75 C (ramp time 180 min) for 180 min, 100 C (ramp time 240 min) for 240 min. 

On completion, all samples were diluted to 50 mL with ultrapure water (18.2 MΩ.cm and 

TOC value below 5 ppb) and stored at room temperature prior to analysis.  

From the finely ground soil sample, three subsamples, each weighing 0.5 g, were 

transferred into a 50 mL Teflon digestion vessel and processed using the reverse aqua regia 

digest as stated above. However, the following parameters were used for the digestion block: 

110 C (ramp time 30 min) for 300 min (Siaka et al., 1998).  

Digests were analyzed for Al, Co, Cu, Fe, Pb, Mn, Ni and Zn using a quadrupole 

ICP-MS (Varian 810) at the Elliot Lake Research Field Station located at Laurentian 

University. An internal standard solution containing a blend of Be, Re and Ru was run to 
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correct for mass bias and calibration drift. For method accuracy, certified reference materials 

STSD – 3 (4% of total run) and TILL – 2 (4% of total run) (CANMET mining and Mineral 

Science Laboratories) were also analyzed. Method blanks (4% of total run) were also run 

concurrently and all results were blank-corrected. 

Method accuracy was element and certified reference material (CRM) dependent. For 

STSD-3 CRM, percent recovery compared to the certified value, ranged from 77.84% - 

104.35%, while for TILL-2 CRM, it ranged from 87.76% - 105.83% (SI Table 1). Relative 

percent differences of sample duplicates were low, 0.76% - 2.11% (n = 5, SI Table 1). When 

the values were below the instrument detection limit, they were removed from further 

analysis. 

 

2.3.8.2 DOC and DOM analysis 

The DOC concentrations were measured on a Shimadzu TOC-500A analyzer 

equipped with an ASI-5000A auto-sampler at the VLWLC, Laurentian University. Samples 

were acidified with 2N HCl and sparged with pure air for 5 minutes prior to the analysis. For 

quality control, 10-ppm potassium hydrogen phthalate standard followed by a blank were 

run every 25 samples. DOM fluorescence was measured on an Agilent Cary Eclipse 

fluorescence spectrophotometer and DOM absorbance was measured on a Varian Cary 60 

UV-vis spectrophotometer at VLWLC. Excitation-emission matrices and DOM absorbance 

indices were calculated as per Lescord et al., 2018.  

2.3.9 Data and statistical Analysis 

For each site, porewater values from three CFWs at both depths were averaged (n = 

6) and standard error was calculated. Average porewater values over the 68-week period 
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were plotted for Eh, DO, pH and specific conductivity (Figure 2.3), ferrous and ferric iron 

concentrations (Figure 2.4), sulfide and sulfate concentrations (Figure 2.5). DOM indices 

measuring mHIX, E2E3 and BA, and DOC concentrations were calculated and plotted for 

five time points for the unmanaged site (Figure 2.7) and for four time points for the managed 

site (SI Figure 12). Due to an equipment failure DOC samples from both sites for July 2016 

(Week 1); DOM and DOC samples from both sites for August 2016 (Week 6), October 2016 

(Week 15); and DOM and DOC samples for July 2017 (Week 56) for the managed site were 

destroyed. Due to this gap in sampling, only resuls for DOM and DOC samples from the 

unmanaged site will be discussed. 

Total metal concentrations for Al, Co, Cu, Fe, Pb, Mn, Ni and Zn for the bulk soil of 

unplanted and planted cells collected in October 2016 and October 2017 (Figure 2.6). Table 

2.5 summarizes plant-metal interaction factors.  A bioconcentration factor (BCF) was 

calculated as per eq. 1 and the translocation factor (TF) was calculated as per eq. 2 (Pérez-

Sirvent et al., 2017).  Total metal concentrations for the above-ground (shoots) and the 

below-ground (roots and rhizomes) plant tissues abundant metals are shown in SI Figure 12 

and 13.   

 

BCF = averaged below-ground plant tissue metal concentration  (eq. 1) 

averaged soil metal concentration 

 

TF =  averaged above-ground plant tissue metal concentration  (eq. 2) 

averaged below-ground plant tissue metal concentration 
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The aim of the statistical analyses was to identify to major factors influencing 

porewater dynamics within our floating modules. I focused on the following dependent 

variables: [H2S], [SO42+], [Fe2+], [Fe3+], [H+], Eh and specific conductivity. Porewater pH 

and open water pH values were converted to hydrogen ion (H+) concentrations. The 

following variables were log-transformed to meet the assumption of normality residuals: 

porewater [H2S], porewater [SO42+], porewater [Fe2+], porewater [Fe3+], porewater sp. cond, 

porewater total iron, porewater [H+]and open water [H+] (Arnau et al., 2012) 

7 distinct global models for each dependent variable. In total, there were 15 different 

predictor variables, including interaction effects. The Treatment group consisted of four 

variables: unplanted (intercept), C. lacustris, T. latifolia and J. canadensis. Predictor 

variables were as follows: (1) Treatment, (2) Eh, (3) H+, (4) Treatment*Eh, (5) Treatment* 

H+, (6) Temperature, (7) open water [SO42+], (8) sp. cond, (9) open water H+, (10) 

Treatment*sp. cond, (11) [Total iron], (12) open water [Total iron], (13) open water sp. 

cond, (14) open water Eh, and (15) [SO42+]. Since our study design was a repeated measure 

over a longitudinal scale, I wanted to avoid pseudoreplication, therefore “week” (time) and 

“floating modules” (replicates) nested within “site” (location) were categorized as random 

factors (Funes et al., 2018). Each global model was restricted to include no more than 9 

predictor variables and must include both random factors, were as follows: 

[S2-]: 1 + 2 + 3 + 4 + 5 + 6 + 7 + 8 + 9;  

[SO42+]: 1 + 2 + 3 + 4 + 5 + 6 + 7 + 10;  

[Fe2+]: 1 + 2 + 3 + 4 + 5 + 6 + 11 + 12;  

[Fe3+]: 1 + 2 + 4 + 5 + 6 + 11 + 12 + 13;  

[H+]: 1 + 2 + 6 + 9 + 8 + 13 + 14;  
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Eh: 1 + 3 + 6 + 8 + 9 + 13 + 14;  

Specific conductivity: 1 + 2 + 3 + 6 + 7 + 9 + 13 + 15 

 

Global models were run using the lmerTest package (Kuznetsova et al., 2017), and 

the model selection was conducted using the psycho package (Makowski, 2018). The Akaike 

information criterion (AICc) was used to rank the models, and the best model was selected 

on the basis of AICc < 2 and the least number of predictor variables used to explain the 

dependent variable (SI Tables 2 - 8) (Funes et al., 2018). The final model was retained, and 

ANOVA tests was performed using the Satterthwaite’s method (Arnau et al., 2012). For 

each dependent variable, along with model coefficients, conditional R2 and marginal R2 were 

calculated and the significant differences were considered when p < 0.05 (Tables 3.2, 3.3, 

3.4). All data and statistical analysis were conducted using R (R Core Team, 2018), dplyr 

(Wickham et al., 2018), and graphs were created using ggplot2 (Wickham, 2016a) and 

ggpubr packages (Kassambara, 2018).  

2.4 Results and Discussion 

2.4.1 CFWs are capable of sustaining a reducing environment 

Compared to the planted sediments, redox condition in the unplanted sediments were 

stable throughout the profile from 4-20cm within the sediment. (Figure 2.2). This was 

expected since roots are known to release oxygen, known as radial oxygen loss (ROL), thus 

creating a micro-environment of oxic and anoxic pockets (Kadlec and Wallace, 2009). 

Interestingly, for all three plants, the peak reducing conditions were seen at the 12 cm depth, 

which may a due to sufficient depth included in our CFW design or increased distance from 
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active root apex responsible for ROL (Colmer, 2003) (Figure 2.2). Overall, all cells 

exhibited low reducing conditions, with an exception of T. latifolia which reached 

moderately reducing conditions.  

 

 

 

Figure 2.2 The ORP profile of each plant species in the shallow CFWs. Platinum probes were placed at 4 cm 

intervals and measurements were made in August 2016, and October 2016. Averaged values over the 2 months 

are shown here. Unplanted cells (red line), C. lacustris (green line), T. latifolia (blue line), and J. canadensis 

(purple line).   
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2.4.2 Effect of plants on DO, Eh, pH, and specific conductivity 

2.4.2.1 DO 

Radial oxygen loss (ROL) in plant roots is known to stimulate microbial 

communities and oxidative processes (Wang et al., 2018). If the primary contaminant of 

concern was dissolved iron, then ROL would have a positive influence on iron removal since 

it would precipitate out as a iron oxide-hydroxide film around the roots (Wang et al., 2018). 

However, if the goal is to remove sulfate, then ROL would have a negative influence, as 

sulfate reduction requires anaerobic conditions (Jacob and Otte, 2003). The rate and the 

amount of ROL is dependent on the type of macrophyte (Jackson and Armstrong, 1999; 

Matsui and Tsuchiya, 2006; Stottmeister et al., 2003). Typha latifolia is shown to have 

higher ROL than Juncus effusus (Stottmeister et al., 2003). There are six common methods 

for measuring ROL, such as titrimetric method, oxygen micro-electrode method, sediment 

redox potential method, measurement of rhizoplane etc (Wang et al., 2018). Due to the field-

based nature of our study, I did not measure ROL directly in our CFWs. Instead, porewater 

DO was measured, which provides a bulk oxygen level in the soils, and used as proxy for 

ROL. Compared to the unplanted control, there was no significant difference among any of 

the plant species. This pattern was observed in both sites. There were two possible 

explanations for this observation. First, that there was no difference in ROL associated with 

these plant species. Second, the bulk measurement of DO was not able to capture spatially 

heterogeneity release of ROL. Though there are no published literature on ROL rate of C. 

lacustris and J. canadensis specifically, Bodegom et al. (2005) found that Juncus articulatus 

had 3.5 times higher ROL rate than Carex flacca. Therefore, it is more likely that bulk 

measurement of DO was not a good proxy for ROL determination. However, porewater DO 
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was consistently below 2.5 mg/L (Figure 2.3b), which is close to the threshold for hypoxic 

conditions in soils (2.3 mg/L)  (Vaquer-Sunyer and Duarte, 2008).  

 

2.4.2.2 Eh 

Eh is a measure of redox potential, where Eh value is greater than +300 mV it is 

considered in an aerobic range, where oxidative processes dominate. Eh values of -100 to + 

300 mV are considered a moderately reduced range, where processes such as manganese and 

iron reduction can occur. Between -100 to -200 mV, sulfate reduction will dominate, and are 

considered an anaerobic range (Reddy and D’Angelo, 1994).  

In the managed site, throughout the study period, porewater Eh in C. lacustris and T. 

latifolia remained lower or equal to the unplanted control level (Figure 2.3a). After week 6, 

porewater Eh values in C. lacustris and T. latifolia consistently remained within -100 mV 

and +100 mV. Between weeks 1 - 15, J. canadensis exhibited higher redox potentials 

(235.50  36 to 168.31  28) than the unplanted control and remained within the slightly-

reduced soil range. However, week 46 onwards, the porewater Eh values in J. canadensis 

mirrored that of unplanted control, which I believe was due to J. canadensis having been 

completely grazed by the birds.  

In the unmanaged site, J. canadensis consistently had higher porewater Eh value than 

the unplanted control over the course of the experiment and remained within the slightly-

reduced soil range. Meanwhile, C. lacustris and T. latifolia porewater Eh values closely 

mirrored that of the unplanted control and remained within the moderately-reduced range. 

Overall, compared to the unplanted controls, both C. lacustris and T. latifolia had significant 

(p < 0.001) negative (reducing) effect on the porewater Eh, whereas J. canadensis had 
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positive (oxidizing) effect on the porewater Eh, though the relationship was not statistically 

significant (p = 0.06) (Table 2.2). The Eh linear mixed effect (LME) model which had a total 

explanatory power of 78.87%, in which the fixed effects explain 50.74% of variance, 

included open water Eh, open water specific conductivity, and specific conductivity within 

the CFWs to have a statistically significant positive influence on the porewater Eh values 

(Table 2.2). 

2.4.2.3 pH  

The pH in soils has the potential to be influenced by oxidative and reductive 

processes involving carbon. Both, ferrous iron and sulfide oxidation releases H+, which leads 

to lower pH, while ferric iron and sulfate reduction utilizes H+ that raises pH.  pH was one of 

the major differences between the two sites I selected. At the managed site, open water pH 

was circumneutral and experienced little variation over the 2-year study period (Table 2.1). 

Whereas, at the unmanaged site, open water pH in 2016 was 7.2 ± 0.2, while in 2017 it 

decreased to 4.53 ± 0.24 (Table 2.1). This change in open water pH is driven by lack of 

liming in 2017.  

At the managed site, pH within the CFWs for the unplanted control, C. lacustris and T. 

latifolia were similar, and stayed around pH 6.5 over the course of the experiment. Whereas, 

J. canadensis pH was close to ~ 6.0 in the first year, while in the second year, it rose to ~ pH 

6.5 (after the bird grazing) (Figure 2.3c). 

At the unmanaged site, there was greater difference between the treatments (Figure 

2.3c). The unplanted control had the highest pH (week 1 – 15: 6.23 ± 0.16; week 46 – 68: 

6.25 ± 0.28) among the groups, followed by C. lacustris (week 1 – 15: 6.09 ± 0.23; week 46 

– 68: 6.13 ± 0.15) and T. latifolia (week 1 – 15: 6.12 ± 0.18; week 46 – 68: 6.09 ± 0.13). On 
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the other hand, J. canadensis had the most acidic porewater pH over the study period (week 

1 – 15: 5.69 ± 0.32; week 46 – 68: 5.88 ± 0.19). 

The H+ LME model showed that all the plants had a statistically significant (p < 

0.001) positive influence on [H+], which suggested that all the plant species acidified the soil 

to varying degrees, with J. canadensis having the strongest influence (beta = 0.78) (Table 

2.2). If  soil pH is used as a proxy for the underlying processes and organic carbon is 

assumed to be the primarily electron donor, it would support the hypothesis that all the plant 

species used in this study were responsible for net oxidative processes in the soil, with J. 

canadensis having the greatest influence.  

2.4.2.4 Specific conductivity 

The open water Sp. Cond (µS/cm) substantially differed between sites (Table 2.1). 

However, the overall pattern within the CFWs remained similar, where the unplanted control 

had the lowest sp. cond among the treatments (Figure 2.3d). In both sites, J. canadensis had 

the highest porewater sp. cond, and for the longest duration. It was even higher than the 

background open water sp. cond levels (Figure 2.3d). Interestingly, when J. canadensis was 

grazed by birds, the porewater sp. cond dropped down to the unplanted control level, clearly 

illustrating the plant influence. 

Overall, our sp. cond LME model supported this observation and showed that all the 

plants had statistically (p < 0.001) positive influence on porewater conductivity, with J. 

canadensis having the strongest influence (beta = 0.40) (Table 2.2). Since sp. cond is 

directly correlated with total dissolved solids (TDS), it would suggest that there were more 

dissolved solutes in the planted soil matrix, and most likely correspond to elevated sulfate 

and other dissolved metals (Kiiskila et al., 2017). 



 

 

38 

 

 

Figure 2.3 Porewater parameters measured using a YSI multiprobe for (a) Eh and (b) DO, (c) pH and (d) 

specific conductivity in floating modules at managed and unmanaged sites from unplanted, C. lacustris, T. 

latifolia and J. canadensis over the 68 weeks field study. Open water samples in proximity to the floating 

modules were also collected and analyzed. Standard error around average values (n = 6 for unplanted, C. 

lacustris, T. latifolia and J. canadensis and n = 3 for open water) are shown on each bar. 
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Table 2.2 Model coefficients for the best Eh, log transformed H+ and log transformed specific conductivity models. 

 

Significance code: *** p<0.001; ** p< 0.01; * p< 0.05. 

 Eh Model 

(~Treatment + LogH+ + OW Eh + 

Log Sp. Conductivity + Log OW Sp. 

Conductivity) 

 

Conditional R2 = 78.87% 

Marginal R2 = 50.74% 

 H+ Model 

(~Treatment + Eh + Log Sp. 

Conductivity) 

 

 

Conditional R2 = 76.97% 

Marginal R2 = 64.84% 

Specific Conductivity Model 

(~Treatment + Log OW Sp. Conductivity 

+ Log OW H+ + LogH+ + Log Sulfate) 

 

Conditional R2 = 87.44% 

Marginal R2 = 39.81% 

Fixed Factors Estimate Std. Error p-

value 

Estimate Std. Error p-value Estimate Std. Error p-value 

Intercept  

(Unplanted) -27.174 200.893 0.892 -11.303 0.384 

< 0.001 

*** 3.693 0.491 < 0.001 *** 

C. lacustris 
-31.174 6.280 

< 0.001 

*** 0.397 0.051 

< 0.001 

*** 0.175 0.024 < 0.001 *** 

T. latifolia 
-51.064 6.543 

< 0.001 

*** 0.520 0.052 

< 0.001 

*** 0.194 0.024 < 0.001 *** 

J. canadensis 

18.476 10.040 0.066 0.783 0.074 

< 0.001 

*** 0.404 0.034 < 0.001 *** 

H+ 

54.995 5.487 

< 0.001 

*** - - - -0.073 0.023 0.001 ** 

OW H+ - - - - - - -0.042 0.008 < 0.001 *** 

Eh 

- - - 0.004 4.000e-04 

< 0.001 

*** 

- - - 

OW Eh 

0.383 0.089 

< 0.001 

*** - - - 

- - - 

Sp. Cond 

40.902 11.691 

< 0.001 

*** -0.565 0.053 

< 0.001 

*** 

- - - 

OW Sp. Cond 

75.965 21.183 

< 0.001 

*** - - - 0.148 0.049 0.003 ** 

Sulfate 

- - - - - - 0.073 0.007 < 0.001 *** 
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2.4.3 Effect of plants on porewater iron dynamics 

Depending on the redox state, iron transforms between Fe3+ (oxidized) and Fe2+ 

(reduced) forms. At circumneutral pH, biotic and abiotic ferrous iron (Fe2+) oxidation occurs 

at the same rate, whereas, the ferric iron (Fe3+) reduction rate is primarily microbially driven 

(Ionescu et al., 2015). Electron shuttles such as, humic substances and plant root exudates 

play an important role in Fe3+ reduction. 

At both sites, the unplanted controls, C. lacustris and T. latifolia treatments all started 

with relatively higher porewater [Fe2+], ranging from 1.98 ± 1.28 mg/L to 3.52 ± 1.21 mg/L 

(Figure 2.4a). At the unmanaged site, between weeks 46 – 68, Typha latifolia had higher 

porewater [Fe2+] than the unplanted control. Nevertheless, over the course of experiment, 

[Fe2+] steadily dropped. In fact, at the managed site, by week 68, [Fe2+] was at and/or close 

to the instrument detection limit of 0.02 mg/L. Decrease in [Fe2+] in these systems could be a 

result of precipitation as FeS minerals. On the other hand, J. canadensis had a contrasting 

effect on the [Fe2+]. In both sites, [Fe2+] initially remained below 1 mg/L, while between the 

weeks 46 – 68, it started to increase and peaked at 1.51 ± 1.96 mg/L (Figure 2.4a).  

At both sites, porewater [Fe3+] remained within a narrow range of 0.16 ± 0.15 mg/L 

to 1.85 ± 1.26 mg/L. Overall, the patterns were similar to the porewater [Fe2+], where C. 

lacustris and T. latifolia closely followed the unplanted control and J. canadensis had the 

lowest [Fe3+] (Figure 2.4b).  

According to the LME models, overall [Fe2+] in C. lacustris and T. latifolia did not 

differ significantly (p > 0.9) from the unplanted control, which suggest that neither of these 

two plants had any influence on Fe3+ reduction (Table 2.3). However, the model failed to 

pick up significant difference in [Fe2+] of T. latifolia between weeks 46 – 68 at the 
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unmanaged site. In regards to the porewater [Fe3+], only J. canadensis had small but 

significant (p < 0.05) effect, while C. lacustris and T. latifolia did not significantly differ 

from the unplanted control. Total iron concentration and temperature had a significant (p < 

0.01) effect on both [Fe2+] and [Fe3+] (Table 2.3). 

 

Table 2.3 Model coefficients for the best log-transformed ferrous and log-transformed ferric models. 

Significance code: *** p<0.001; ** p< 0.01; * p< 0.05. 

 

 Ferrous Model 
 

(~Treatment + Log Iron + 
Temperature + Treatment*Eh)  

 
Conditional R2 = 86.55% 

Marginal R2 = 85.55% 

Ferric Model 
 

(~Treatment + Log Iron + 
Temperature + Treatment*Eh) 

 
Conditional R2 = 60.11% 

Marginal R2 = 57.41% 

Fixed Factors Estimate Std. Error p-value Estimate Std. Error p-value 
Intercept  

(Unplanted) 0.263 0.056 
< 0.001 

*** 0.910 0.053 
< 0.001 

*** 

C. lacustris 3.000e-04 0.037 0.992 0.040 0.035 0.258 
T. latifolia 5.550e-05 0.036 0.998 0.041 0.034 0.222 

J. canadensis 0.163 0.055 0.003 ** -0.131 0.052 0.012 * 
Total Iron 

0.581 0.020 
< 0.001 

*** 0.358 0.019 
< 0.001 

*** 

Temperature 0.009 0.002 0.005 ** -0.010 0.002 0.001 ** 
Eh 3.000e-04 0.0003 0.273 -5.16e-06 3.000e-04 0.986 

C. lacustris x 
Eh -4.330e-06 0.0003 0.991 -2.000e-04 3.000e-04 0.490 

T. latifolia x 
Eh 4.000e-04 0.0004 0.277 -8.000e-04 3.000e-04 0.038 * 

J. canadensis 
x Eh -0.001 0.0004 0.002 ** 9.000e-04 3.000e-04 0.011 * 
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Figure 2.4 Porewater parameters measured using Hach colorimeter for (a) Fe2+and (b) Fe3+ in floating 

modules at managed and unmanaged sites from unplanted, C. lacustris, T. latifolia and J. canadensis over the 

68 weeks field study. Porewater temperature were measured using YSI multiprobe and all the plants are 

grouped together as planted (panel c). Open water samples in proximity to the floating modules were also 

collected and analyzed. Standard error around average values (n = 6 for unplanted, n = 18 for planted, and n = 3 

for open water) are shown on each bar. 

 



 

 

43 

2.4.4 Effect of plants on porewater sulfur dynamics 

2.4.4.1 Sulfide pattern 

H2S is the end product of sulfate reduction and requires a highly reducing 

environment (-100 mV to -200 mV). Sulfate reduction has multiple benefits when it comes 

to metal removal because the H2S produced can readily react with other metals and co-

precipitate as insoluble metal sulfides and the overall reaction is alkalinity generating 

(Lewis, 2010).  

In the managed site, [H2S] in the unplanted control fluctuated over the study period 

and ranged from 1.56 ± 0.83 mg/L to 7.64 ± 2.72 mg/L. Both, C. lacustris and T. latifolia 

had significantly higher porewater [H2S] than the unplanted control for the entire duration of 

our experiment (Figure 2.5a). Porewater [H2S] in C. lacustris ranged from 6.02 ± 9.48 mg/L 

to 9.53 ± 5.68 mg/L, while in T. latifolia it ranged from 8.80 ± 10.23 mg/L to 16.37 ± 5.41 

mg/L. On the other hand, J. canadensis had very low [H2S] between weeks 1 – 15, where it 

ranged from 0.17 ± 0.08 mg/L to 0.49 ± 0.57 mg/L (Figure 2.5a). Interestingly, [H2S] in J. 

canadensis cells only increased after the grazing event, after which it matched the unplanted 

control levels (Figure 2.5a). At the unmanaged site, the patterns were similar to the managed 

site, except that there was a smaller difference between the porewater [H2S] in C. lacustris 

and T. latifolia. And since no grazing event occurred at the unmanaged site, J. canadensis 

consistently had very low [H2S].  

The porewater [H2S] LME model had a total explanatory power of 84.11%, in which 

the fixed effects explain 73.86% of the variance. Overall, compared to unplanted control, C. 

lacustris had a large (std. beta = 5.55, std. SE = 2.04), significant effect (p < 0.01). T. 

latifolia also had a large (std. beta = 5.29, std. SE = 2.08), significant effect (p < 0.05) (Table 
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2.4). This suggests that both of these plants influenced the underlying geochemical 

conditions in a way that allowed for this highly reductive process to occur. On the other 

hand, J. canadensis did not have a significant (p = 0.51) influence on H2S concentration and 

hence did not promote sulfate reduction (Table 2.4). This observation agreed with a 

laboratory-scale study with sub-surface flow constructed wetland showed that 90% of the 

reduced sulfur was reoxidized when planted with Juncus effusus (Wiessner et al., 2010). 

Furthermore, there was a significant interaction effect between all plants and Eh on [H2S]. 

This finding is in congruent with the measured planted cell Eh values, where J. canadensis 

had the highest relative oxidative potential, while both C. lacustris and T. latifolia had the 

lowest relative oxidative potential. 

Another pattern that is evident is that porewater [H2S] was higher at the managed site 

versus the unmanaged site for the unplanted control, C. lacustris, and T. latifolia. This also 

correlates with lower Eh values in the respective porewater samples at the managed site. 

Other than the open water pH, both sites are similar to each other in terms of open water 

sulfate concentrations and dissolved oxygen. But, since the LME models were run with 

“site” as a random factor, we cannot specifically determine what might be causing this 

difference.   

 

2.4.4.2 Sulfate pattern 

Open water [SO42+] in both sites was around ~300 mg/L and did not vary 

substantially during the study period (Table 2.1).  In the week 1, [SO42+] in the unplanted 

control at the both sites were close to their respective open water [SO42+]. In the managed 

site, [SO42+] in the unplanted control steadily decreased over time, until it stabilized at ~ 70 
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mg/L, representing a reduction of ~82% (Figure 2.5b). C. lacustris and T. latifolia had a 

similar effect on porewater [SO42+] as the unplanted control. Specifically, between weeks 56 

– 68, porewater [SO42+] in C. lacustris decreased below the method detection limit of 11.71 

mg/L, thereby representing close to 100% reduction in measurable sulfate concentration 

(Figure 2.5b).  

In the unmanaged site, [SO42+] in the unplanted control decreased drastically at first 

and stabilized at ~ 30 mg/L, representing a reduction of ~92% (Figure 2.5b). Between weeks 

1 – 15, C. lacustris and T. latifolia did not seem to have any effect on the porewater [SO42+], 

as the concentration levels were similar to the open water [SO42+]. However, after week 46, 

there seem to be a transitional period and porewater [SO42+] started to decrease in both of 

these plant treatments. Average [SO42+] in C. lacustris between weeks 56 – 68 was ~90 

mg/L, which represented a reduction of ~75%, while in T. latifolia [SO42+] over the same 

period was ~120 mg/L and a reduction of ~70%. Interestingly, during the first year of the 

experiment, there was an increase in the porewater [SO42+], and it was only in the second 

year when there was a significant drop in the porewater [SO42+]. There seems to be a lag 

phase during which plants had little-to-no effect on sulfate removal, similar to what has been 

shown in numerous greenhouse-based studies (Allen et al., 2010; Chen et al., 2014; Y. Chen 

et al., 2016; Stein et al., 2007). 

J. canadensis had significantly higher porewater [SO42+] when compared to the 

unplanted control and the open water. In the managed site, between weeks 1 – 15, [SO42+] 

ranged from 901 ± 356 mg/L to 777 ± 117 mg/L, which was more than twice the open water 

[SO42+]. In the unmanaged site, six sampling time points out of seven, J. canadensis had 

higher porewater [SO42+] than in the open water (Figure 2.5b). Since C. lacustris and T. 
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latifolia had high porewater [H2S], it is not surprising that both of these plants had little to no 

porewater [SO42+]. However, initially T. latifolia did had higher [SO42+] at the unmanaged 

site vs. the managed site, but eventually reached the level of the unplanted control.  

As evident by high porewater [SO42+] in J. canadensis, it strongly promoted 

oxidative processes in the soil matrix. In fact, J. canadensis [SO42+] was 2 – 3 times higher 

than the background open water [SO42+]. H+ is one of the by-products of sulfide oxidation 

that causes acidic conditions, and J. canadensis porewater pH values clearly support this 

reaction dynamic by having significantly more acidic pH than either the unplanted control or 

the other two plant treatments. The only time J. canadensis [SO42+] was lower than the open 

water was in week 46, which was sampled shortly after the spring melt, when all of the 

plants were inactive.  

The porewater [SO42+] LME model had a total explanatory power of 73.38%, in 

which the fixed effects explain 50.22% of the variance. C. lacustris had a large (std. beta = 

3.43, std. SE = 2.33), but was not significantly different from the unplanted control (p > 0.1) 

(Table 2.4). Both, T. latifolia and J. canadensis had a significant (p < 0.05), large positive 

effect on the porewater [SO42+] (std. beta = 5.81, std. SE = 2.47 for T. latifolia and std. beta 

= 7.82, std. SE = 2.49 for J. canadensis) (Table 2.4). 
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Figure 2.5 Porewater parameters measured using Hach colorimeter for (a) H2S, (b) SO42- in floating modules 

at managed and unmanaged sites unplanted, C. lacustris, T. latifolia and J. canadensis over the 68 weeks field 

study. Porewater temperature were measured using YSI multiprobe and all the plants are grouped together as 

planted (panel c). Open water samples in proximity to the floating modules were also collected and analyzed. 

Standard error around average values (n = 6 for unplanted, n = 18 for planted, and n = 3 for open water) are 

shown on each bar.   
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Table 2.4 Model coefficients for the best log-transformed sulfide and log-transformed sulfate models. 

 

Significance code: *** p<0.001; ** p< 0.01; * p< 0.05. 

 Sulfide Model 
 

(~Treatment + OW Sulfate + 
Treatment*Eh + Treatment*LogH+) 

 
Conditional R2 = 84.11% 

Marginal R2 = 73.36% 

Sulfate Model 
 

(~Treatment + LogH+ + Treatment*Eh 
+ Treatment*LogSpCond) 

 
Conditional R2 = 73.38% 

Marginal R2 = 50.22% 
Fixed Factors Estimate Std. 

Error 
p-value Estimate Std. 

Error 
p-value 

Intercept  
(Unplanted) 

0.131 1.396 0.925 
-11.708 3.182 

<0.001 
*** 

C. lacustris 5.554 2.039 0.006 ** 3.428 2.328 0.141 

T. latifolia 5.296 2.080 0.011 * 5.812 2.474 0.019 * 

J. canadensis 1.266 1.939 0.514 7.828 2.489 0.001 ** 

OW Sulfate 0.003 0.001 0.003 ** - - - 

Eh -0.010 0.001 < 0.001 
*** 0.013 0.002 

< 0.001 
*** 

H+ -0.049 0.087 0.568 0.368 0.170 0.031 * 

Sp. 
Conductivity 

- - - 
2.988 0.334 

< 0.001 
*** 

C. lacustris x Eh -0.003 0.001 0.003 ** -0.001 0.002 0.718 

T. latifolia x Eh -0.005 0.001 < 0.001 
*** -0.011 0.003 

< 0.001 
*** 

J. canadensis x 
Eh 

0.004 0.001 < 0.001 
*** -0.011 0.002 

< 0.001 
*** 

C. lacustris x H+ 0.344 0.136 0.012 * - - - 

T.  latifolia x H+ 0.322 0.140 0.022 * - - - 

J. canadensis x 
H+ 

0.144 0.129 0.265 - - - 

C. lacustris x 
Sp. Cond 

- - - 
-0.487 0.336 0.147 

T. latifolia x Sp. 
Cond 

- - - 
-0.668 0.354 0.060 

J. canadensis x 
Sp. Cond 

- - - 
-0.952 0.350 0.006 ** 
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2.4.5 Plants influence on metal uptake and storage 

One of the goals of this study was to determine if the selected plants influenced metal 

concentrations in the sediments. Since I analyzed total metal concentrations in the sediments 

(soil cores), and above and below ground plant tissues (destructive sampling), I were able to 

assign plant influence in two categories, phytostabilization (as measured by comparing total 

metal concentration in sediments of the planted compartments compared to the unplanted 

control) or phytoextraction (as measured by BCF and TF).  

 

2.4.5.1 Phytostabilization: Accumulation of metals in the sediments  

C. lacustris was the best plant among the three to remove SO42+ and stimulate a high 

level of sulfate reduction, followed by T. latifolia. Since the H2S produced can readily react 

with other metals and co-precipitate as insoluble metal sulfides, it should lead to higher 

metal content in the soil matrix of both C. lacustris and T. latifolia. Results from the 

unmanaged site are shown and discussed here (Figure 2.6).  

On average, compared to the unplanted control, sediments planted with C. lacustris 

had higher concentrations of Co (20.38%) and Ni (42.54%) in October 2016, while in 

October 2017 had higher concentrations of Co (91.56%), Cu (122.97%), Ni (193.85%) and 

Zn (20.48%). Sediments planted with T. latifolia had higher concentrations of Co (25.15%), 

Cu (74.67%), Ni (57.11%) in October 2016. Interestingly in 2017, there was no significant 

increase in the concentration of these metals in the T. latifolia planted sediments. For both 

years, sediments planted with J. canadensis did not had any statistically significant 

accumulation of metals in the soil compared to the unplanted control (Figure 2.6).  
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It is possible that the higher concentration of Co, Cu, Ni and Zn in C. lacustris and T. 

latifolia planted sediments are due to co-precipitation as metal sulfide (Giacalone et al., 

2005). Additionally, both Co and Cu are known to bind strongly with organic carbon, which 

could also be influenced by the plants. In regard to the J. canadensis planted sediments, the 

oxidative environment appeared to limit metal accumulation in the sediments. Oxidative 

condition in the J. canadensis planted sediments is most likely due to ROL, which should 

have resulted in the formation of Fe-oxide root plaques on which metals such as Co, Al, Ni, 

Zn co-precipitate (Karathanasis and Johnson, 2003; Marchand et al., 2010). However, since 

our soil cores represented bulk soil, it is likely that our total metal concentration did not 

capture this pool of metal storage.  

 

2.4.5.2 Phytoextraction: Bioconcentration factor and translocation factor 

The BCF in plant tissues relative to the soil metal content was calculated for all 

plants at both sites (Table 2.5). Typically, BCF > 1 indicates that the plant could be an 

accumulator and BCF <1 indicates that the plant could be an excluder (Radulescu et al., 

2013). TF > 1 typically indicates that the plant is translocation metals to the above ground 

tissues (Otte and Jacob, 2006).  

It is quite evident that all the three plants were strong excluders for Al, Pb and Zn 

(Table 2.5). For the most part, Fe and Ni could also be considered as an excluder, however, 

in the managed site, Fe and Ni bioconcentrated in J. canadensis and C. lacustris. Cu had the 

highest the BCF values for all three plants. [Mn] was consistently lower in all vegetated soils 

in both years. This suggests that plants must be extracting Mn out of the soils, which could 

explain the high TF value for Mn in all the three plants. Karathanasis and Johnson (2003) 



 

 

51 

observed similar pattern of Mn bioaccumulation in above-ground plant tissues of T. latifolia, 

Scirpus validus and Bidens aristosa.  Ni also had a high TF in all three plants, however this 

was only observed at the managed site. In both years, T. latifolia at the managed site 

translocated Co, Cu, Fe, Mn, Ni and Pb to the above ground tissue.  

Typically, when phytoremediation is discussed as a remediation strategy, uptake of 

the pollutant (phytoextraction) is a preferred route. However, in the case of metal uptake in 

MIW impacted system, hyperaccumulator plants should be avoided. This is because if plants 

uptake excessive amount of metals, it could create secondary pollutant that could negatively 

impact wildlife (i.e. birds grazing), or cause metal toxicity within the plant that could 

influence long-term operation and functionality of the wetland. Lastly, by having lower 

metal concentration in the plant biomass will limit the issue of dieback and release of metals 

back into the environment (Marchand et al., 2010; Otte and Jacob, 2006). Overall, I found 

that the plant in our CFWs were geared more towards phytostabilization with the following 

relative effectiveness of promoting metal storage in the sediments, C. lacustris > T. latifolia 

>> J. canadensis.   
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Figure 2.6 Total metal concentration in soils of planted and unplanted cell at the unmanaged site. Standard 

deviation is plotted on each graph, n = 3. 
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Table 2.5 Heatmap of bioconcentration factor (BCF) and translocation factor (TF) in C. lacustris, T. latifolia, 

and J. canadensis. Blue color represent low BCF and TF, while red represent high BCF and TF. 

 

Note: BCF = [root + rhizome] / [soil] and TF = [shoot] / [root + rhizome] 

 

2.4.6 Plant influence on DOC and DOM 

Plant roots are known to excrete labile organic carbon into the soil matrix, which could be 

utilized by SRBs.  

At the unmanaged site, DOC concentrations in all three planted cells were considerably 

lower than the unplanted control (Figure 2.7.c). This would suggest that the plants are 

Site Year 

Plant 

Species Factor Al Co Cu Fe Mn Ni Pb Zn 

Managed 

2016 

C.lacustris BFC 0.03 0.75 0.98 0.39 0.46 0.62 0.22 0.6 

T. latifolia BFC 0.01 0.32 0.35 0.1 0.58 0.22 0.05 0.37 

J. canadensis BFC 0.11 2.27 3.35 1.61 0.65 2.16 0.97 0.57 

2017 
C.lacustris BFC 0.15 1.06 0.97 2.46 0.97 0.82 0.66 0.71 

T. latifolia BFC 0.05 0.28 0.2 0.19 0.54 0.19 0.11 0.49 

            

Unmanaged 

2016 

C.lacustris BFC 0.03 0.73 2.79 0.22 0.36 0.47 0.23 0.3 

T. latifolia BFC 0.03 0.47 0.15 0.18 0.7 0.15 0.06 0.42 

J. canadensis BFC 0.15 1.08 1.5 0.41 0.73 0.59 0.21 0.35 

2017 

C.lacustris BFC 0.06 0.57 1.01 0.33 0.35 0.41 0.24 0.39 

T. latifolia BFC 0.05 0.82 3.03 0.38 0.44 0.89 0.37 0.36 

J. canadensis BFC 0.13 0.9 1.57 0.92 0.59 0.56 0.47 0.47 

 

Managed 

2016 

C.lacustris TF 0.3 0.56 0.52 0.05 3.84 1.23 0.59 0.94 

T. latifolia TF 0.93 1.15 1.31 0.5 3.17 2.56 2.09 0.65 

J. canadensis TF 0.1 0.09 0.14 0.02 1.23 0.23 0.1 0.85 

2017 
C.lacustris TF 0.38 1.12 0.65 0.11 1.78 1.46 0.42 0.85 

T. latifolia TF 0.3 1.67 1.34 0.59 2.4 3.13 1.19 0.59 

            

Unmanaged 

2016 

C.lacustris TF 0.77 0.36 0.45 0.26 3.97 0.6 0.58 0.76 

T. latifolia TF 0.28 0.38 0.65 0.32 4.23 0.68 1.55 0.48 

J. canadensis TF 0.43 0.53 0.76 0.4 1.27 0.72 0.61 0.75 

2017 

C.lacustris TF 0.64 0.52 1.13 0.28 3.06 0.83 0.91 0.76 

T. latifolia TF 0.16 0.36 0.2 0.11 2.21 0.43 0.22 0.54 

J. canadensis TF 0.51 0.54 2.35 0.15 1.68 0.98 1.04 0.88 
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stimulating microbial communities thereby causing organic carbon to be rapidly utilized. 

Interestingly though, J. canadensis had the lowest DOC. The humification index (mHIX) is 

an indicator of humic substance. Higher the value, more humified substance exist, which are 

typically older and terrestrially derived (Hansen et al., 2016). On average, J. canadensis had 

higher mHIX value than C. lacustris and T. latifolia, which suggest that DOC in J. 

canadensis is more terrestrially derived (soil based) (Hansen et al., 2016) (Figure 2.7a). The 

freshness index (:) is an indicator of recently produced DOM, where higher values 

suggest that a higher proportion of DOM is freshly produced (Hansen et al., 2016). The 

unplanted control : remained relatively stable over time (0.41 – 0.45), whereas for all 

three plants between May 2017 – July 2017, I initially saw an increase in :, suggesting 

that fresh DOM has been produced (Figure 2.7d). However, as the season progressed, : 

started to decline, and in the case of T. latifolia and J. canadensis, : decreased to 0.38 and 

0.36, respectively, by October 2017. This suggests that microbial decomposition was more 

prevalent through the growing season. Taking mHIX and : into considering, I can 

hypothesize that J. canadensis was excreting less organic carbon into the sediment, however 

it did not negatively influence microbial activity.  
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Figure 2.7 DOM indices and DOC concentration for the unmanaged site. 

 

2.4.7 Is there a seasonal effect in porewater in relation to vegetation? 

There were two ways through which I could assess the influence of seasonality and 

plant senescence on porewater dynamics, namely sampling time (week) and temperature. 

Samples collected during the weeks 1, 6, 56, and 61 represent the summer growing season 

(in Sudbury climate) for the plants. Weeks 15 and 68 samples were collected in Fall and 

plants were in their early stages of senescence. Week 46 samples were collected shortly after 

the spring melt and there was no new plant growth at that stage. J. canadensis porewater 

[SO42+] was strongly influenced by plant senescence, as indicated by the sharp decline in 

week 46 sampling point at the unmanaged site. Sulfate reduction in the C. lacustris and T. 
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latifolia planted sediments was also influenced by plant senescence, however, during those 

sampling weeks, the porewater [H2S] reverted down to the level of the unplanted control. 

Overall, for Eh, DO, pH, and sp. conductivity there was no significant differences between 

the seasons. Temperature had a small, but significant (p <0.01) effect on iron dynamics, 

where it was positively correlated with [Fe2+] and negatively correlated with [Fe3+]. Having 

minimal seasonality (spring, summer and fall) effect on the plants ability to function as they 

normally would is encouraging since it allows for more predictable and consistent treatment 

of MIW impacted systems. 

 

2.6 Conclusions 

The 2 years field experiment demonstrated that the shallow CFWs are capable of 

sustaining anaerobic conditions, promoting reductive processes, and supporting plant 

regenerating after winter. Through the course of the CFW study, both C. lacustris and T. 

latifolia behaved very similarly to each and were responsible for driving reductive processes 

in the soil. Both of these plants caused Eh to decrease, which likely stimulated a facultative 

and anaerobic microbial community, and thereby facilitated Fe3+ reduction and SO42+ 

reduction. Both, C. lacustris and T. latifolia had significantly higher porewater [H2S] than 

the unplanted control for the entire duration our experiment. By end of the 68 weeks 

experiment, porewater [SO42+] in C. lacustris dropped by 75% - 100%, and in T. latifolia it 

dropped by 70% - 82%. Both, C. lacustris and T. latifolia allowed for phytostabilization of 

metals (Co, Cu, Pb, Ni, and Zn) in soil, and phytoextracted Cu and Mn. J. canadensis was 

responsible for oxidative processes in the soil, as supported by increased Eh and acidic 

porewater pH values. The net effect of this was 2-3 times higher porewater [SO42+] than the 
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background open water [SO42+]. J. canadensis also suppressed Fe3+ reduction and had small 

positive effect on porewater [Fe3+]. I did find that J. canadensis was effective at 

bioconcentrating Cu, Fe, and Ni. In conclusion, I clearly demonstrated that the plant species 

has significant effect on iron and sulfur dynamics in the porewater within a constructed 

wetland.  

Future research should focus on how the plant species affects the soil microbial 

community and whether a plant can help select for specific groups of microorganisms to 

promote favorable treatment processes. In this study, I only analyzed two sulfur species 

(sulfate and sulfide), but to fully appreciate the complexity of sulfur transformation, future 

studies should incorporate fate of intermediate sulfur compounds. Also, increased metal 

storage in soil is a one-dimensional measurement, and if the goal is to understand long-term 

stable storage of metal, sequential extraction methodology should be utilized. Lastly, future 

studies can use a similar design to bridge the gap between lab and field scale, and the 

experiments should be run for a sufficient length of time to fully gauge the plant effect over 

time and seasons.  
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Chapter 3 : Microbial community response to plant influence 

within constructed treatment wetlands impacted by mining 

influenced waters 

3.1 Abstract 

Microbial community response to C. lacustris, T. latifolia and J. canadensis plants was 

studied in a hybrid constructed floating wetlands (CFW)s in two acid mine drainage 

impacted water bodies. Bulk soil samples were collected from the planted sediments and the 

unplanted control over a two-year study period, along with plant roots at the year-end 

sampling. DNA from the bulk soil and the root associated samples were extracted and 

analyzed by 16s rRNA Illumina MiSeq sequencing and functional genes (SOX and dsrAB) 

by qPCR. Predictive metagenomic analysis was conducted using PICRUSt2 to examine 

presence of enzymes involved in sulfur and nitrogen metabolisms within our CFWs. I found 

that the year had the greatest influence on the microbial community, followed by the site and 

the plant species. Year-over-year, Haliangium sp. and Bacteroidetes_vadinHA17 had the 

largest increase in both sites and their abundances was stimulated by the presence of C. 

lacustris and T. latifolia and correlated with higher porewater sulfide concentration. 

Additionally, both C. lacustris and T. latifolia had a higher relative % microbes involved in 

sulfur cycling compared to J. canadensis. Compared to the unplanted control, all three plants 

stimulated iron oxidizing bacteria and iron reducing bacteria abundance in the sediments. 

Predictive metagenomic analysis showed high relative % abundance of enzymes utilized in 

assimilatory and dissimilatory sulfate reduction pathways for in both C. lacustris and T. 

latifolia planted sediments.  Root associated microbial community had higher diversity 
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overall, however the plant-specific patterns were consistent between the sample types. This 

study is first of its kind to demonstrate plant-microbial interaction in a field-based 

experiment within a constructed wetland. These relationships highlight the importance the 

plants play in controlling the underlying microbial community and functionality. 

3.2 Introduction 

Natural and constructed wetlands (CW)s have been used for decades to treat a variety 

of contaminants, such as iron (Fe), copper (Cu), zinc (Zn), lead (Pb), and sulfate (SO42+) 

originating from mine sites (Eger and Lapakko, 1987; Hedin et al., 2010; Kleinmann, 1990; 

Knox et al., 2010; Mays and Edwards, 2001; O’Sullivan et al., 2004; Perry and Kleinmann, 

1991; Stein et al., 2007). CWs are capable of removing these contaminants via independent 

or series of processes including, oxidation, adsorption, sedimentation, precipitation, 

microbially-mediated reductive processes, and plant uptake and immobilization (Pat-Espadas 

et al., 2018).   

AMD impacted systems have a diverse bacterial community, consisting of phylum 

Proteobacteria, Nitrospirae, Actinobacteria, Acidobacteria, Firmicutes and Bacteroidetes 

(Méndez-García et al., 2015). Acidithiobacillus spp. are acidophiles and possess 

chemolithotrophic metabolism through which they are capable of oxidizing ferrous iron and 

sulfur compounds (Méndez-García et al., 2015). Though AMD generation is primarily an 

abiotic process, the presence of these chemolithotrophic bacteria, such as Acidithiobacillus 

ferroxidans, accelerate the process (Faulwetter et al., 2009).  

The soil zone of CWs exposed to AMD impacted waters can also select for certain 

groups of microbes, and with recent advances in the culture-independent techniques, there 

has been an increasing understanding of microbial communities within CWs (Faulwetter et 
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al., 2009; Fortin et al., 2000; Hallberg and Johnson, 2005). Microbially-mediated anaerobic 

sulfate reduction, which transforms sulfate to hydrogen sulfide that subsequently reacts with 

trace metals and precipitate as metal sulfide, plays an important role in metal sequestration 

within the CW and removal from effluent waters (Wu et al., 2013). These processes involve 

metabolic pathways that occur in specific conditions, such as reducing conditions and 

availability of labile carbon (Wu et al., 2013). Therefore, CWs ability to remove metals and 

other pollutants are closely linked with carbon, iron, nitrogen and sulfur cycling.  

Plant-microbe interactions have the potential to play an important role in establishing 

and maintaining the treatment processes within a CW (Ma et al., 2016). pH has been shown 

to drive prokaryotic beta-diversity at AMD sites, while dissolved oxygen (DO) primarily 

shapes composition of the prokaryotic community (Méndez-García et al., 2015). Factors like 

these can be directly influenced by the plants, such as decrease in the soil pH by cation 

exchange, and an increase in DO levels by radial oxygen loss through the roots (Sarwar et 

al., 2017). Plants are also known to release a variety of root exudates which influences the 

rhizosphere associated microbial communities (Huang et al., 2014).  These plant-microbe 

modulated processes can act in congruence with the geochemical properties of the AMD 

which the CW is operating in. 

The majority of research that has studied plant-microbe interactions and their ability 

to remove chemical pollutants comes from domestic, agriculture, or municipal wastewater 

(Desta et al., 2014; Faulwetter et al., 2013; Oopkaup et al., 2016). However, there is a lack of 

understanding around plant species-specific abilities to enhance selection of different 

microbial consortia in an AMD impacted CWs (Pat-Espadas et al., 2018). 
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The overall objective of our research is to better understand specific plant-microbe 

interactions within a constructed wetland system impacted by AMD at active and abandoned 

mine sites. To achieve this, I developed hybrid constructed floating wetlands (CFW)s that 

were capable of sustaining anaerobic conditions and survive freeze-thaw cycles (Chapter 2). 

These CFWs were deployed at two AMD impacted waterbodies, with open water pH as the 

primarily differentiator. I selected three different wetland vegetation types, Carex lacustris 

(Lake Sedge), Typha latifolia (Broadleaf Cattail), and Juncus canadensis (Canada Rush) and 

monitored porewater dynamics within the associated soil profiles. I found that compared to 

the unplanted soil control, both C. lacustris and T. latifolia had moderately reductive 

condition and stimulated sulfate reduction, whereas, J. canadensis supported mildly reducing 

conditions and stimulated sulfur oxidation (Chapter 2). On the basis of these observations, I 

can hypothesize that compared to J. canadensis, soil associated with C. lacustris and T. 

latifolia will have greater abundance of microbial community members capable of reductive 

processes such as, sulfate reducing bacteria (SRB) and iron reducing bacteria (IRB). Also, 

since wetland plants are known to release labile organic carbon, I would expect that soil 

profiles with plants will have a more abundant and diverse heterotrophic microbial 

community compared to the unplanted soil control. 

The specific goals for this study were to evaluate (1) plant influence on the bulk soil 

microbial community composition and community shift in response to the site-specific AMD 

physio-chemistry, (2) the plant influence on microbial communities involved in sulfur, iron 

and nitrogen cycling, and (3) the differences in microbial community composition and 

functionality between the bulk soil and the rhizosphere associated microbes.  
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3.3 Materials and Methods 

3.3.1 Site selection constructed wetland design, and plant selection  

For this study, two AMD impacted ponds located in Sudbury, Ontario were selected. 

The first pond is located at an active mine site and will be referred as a “managed site”, and 

the second pond is located at a decommissioned smelter site and will be referred as an 

“unmanaged site”. Baseline water quality for each site is described in Chapter 2. 

Five constructed floating wetlands (CFW)s with 20 cm soil profile were deployed at 

each site, out of which three CFWs were monitored between July 2016 – October 2017. For 

our study, I selected Carex lacustris (Lake Sedge), Typha latifolia (Broadleaf Cattail), and 

Juncus canadensis (Canada Rush). Each CFW comprised of four equal-sized compartments, 

where individual compartment had one of the following: unplanted control, soil + C. 

lacustris, soil + T. latifolia, or soil + J. canadensis. Plant selection rationale, collection, 

transplantation procedure and soil mixture are described in detail in Chapters 1 and 2.  

 

 3.3.2 Sample collection and DNA extraction 

Bulk soil samples were collected from each of the four compartments from three 

CFWs using a sediment corer and were stored in sterile Whirl-Pak bags at -20 C until 

further processing. Bulk soil samples were collected from both sites during the following 

months: July 2016, August 2016, October 2016, May 2017, August 2017 and October 2017. 

I categorized sampling times as a proxy for the plant growth as follows: Early-season (July 

2016 and May 2017), Mid-season (August 2016 and August 2017), Late-season (October 

2016 and October 2017).  
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In October 2016 and October 2017, one of the CFW from each site was destructively 

sampled to harvest the plants include above and below ground biomass. Root associated 

bacterial communities were segregated in two extracts: i) the loosely-adhered soil microbial 

community and ii) the rhizosphere associated microbial community. Roots and rhizomes 

were carefully severed from the plant stems. For each plant, five sample replicates were 

selected for further processing. I did not differentiate between root and rhizome samples. For 

the 1st extract, roots samples were gently shaken to get rid of any excess soil and then 

submerged in 40 mL sterile phosphate buffered saline Tween 20 (PBST) solution and 

vortexed for 20 sec (White et al., 2015). For the 2nd extract, root samples from the 1st extract 

were then transferred into fresh PBST solution and placed in water bath sonicator (Thermo 

Fisher Scientific, model: FS20) for 15 min. Root samples were discarded after this step. Both 

extracts were then centrifuged at 4000 rpm for 15 min, and the resulting pellet was used for 

DNA extraction.  

DNA from the bulk soil cores and the root associated microbial communities were 

extracted using the Qiagen DNeasy PowerSoil Kit. The DNA concentration was quantified 

using a H1MG microplate reader (BioTek, USA), and samples with A260/280 ratio was 

between 1.6 – 2.0 were retained for further analysis. DNA extraction was repeated on 

samples when the A260/280 ratio was outside the range. It is important to note that in 2017 at 

the managed site, J. canadensis was heavily grazed by birds due to which I do not have 

sampling for August 2017 (bulk soil) and Late 2017 (root associated samples) as there was 

no J. canadensis plant to collect.  
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3.3.3 Illumina MiSeq Analysis 

Replicate DNA samples were pooled together before sending for sequencing using an 

Illumina MiSeq platform at MetagenomBio Inc (Toronto, ON). The V4 region of the 16S 

rRNA gene was targeted using the following primers, 515F (Parada et al., 2016) and 806R 

(Apprill et al., 2015). Primers were hard-trimmed from forward and reverse reads using the 

BBDuk tool (https://jgi.doe.gov/data-and-tools/bbtools/bb-tools-user-guide/bbduk-guide/). 

Trimmed reads were then processed using the DADA2 pipeline, version 1.8, using the 

default filtering and merging parameters, and sample inference was conducted using the 

pseudo-pooling method (Callahan et al., 2016). The Silva 132 database was used to assign 

taxonomy (Quast et al., 2013). Sequences were transformed (corrected for sample 

sequencing depth) to relative abundance. Any amplicon sequence variant (ASV)s that was 

cumulatively less than 1% and/or assigned to chloroplasts were removed from further data 

analyses. In total, I had 1384 unique ASVs in our samples, out of which 5 ASVs assigned to 

chloroplasts were removed from further analysis. Data and statistical analysis were 

conducted using R (R Core Team, 2018), dplyr (Wickham et al., 2018) and phyloseq 

(McMurdie and Holmes, 2013). All graphs were created using ggplot2 (Wickham, 2016a) 

and ggpubr packages (Kassambara, 2018). 

 

3.3.3.1 Microbial community variation  

To assess the overall microbial community composition and structure within our 

CFWs, bulk soil sample collected over the two year period (six sampling time points), and 

root associated samples (two sampling time points) categorized as either loosely-bound or 

rhizosphere-associated, were analyzed by 16s rRNA gene analyses.  

https://jgi.doe.gov/data-and-tools/bbtools/bb-tools-user-guide/bbduk-guide/
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Community variation was described by using non-metric multidimensional scaling 

(NMDS) ordination analysis. Permutational multivariate analysis of variance 

(PERMANOVA) was conducted which allows to test for significant difference between the 

centroids. If the null hypothesis was rejected, then beta diversity was measured by 

multivariate dispersion analysis, which tests for dispersion in community data (Anderson et 

al., 2006). If the difference between the centroids are not driven due to group dispersion, the 

beta diversity test should be not significant, and hence I can me more confident in our result.  

 

3.3.3.2 PICRUSt2 Analysis 

Rare ASVs (cumulatively less than 1% of a sample population) were removed and 

PICRUSt2 pipeline was run in a terminal using default parameters (Douglas et al., 2019; 

Langille et al., 2013). In brief, ASVs were aligned with reference 16S rRNA gene sequences 

(“www.hummer.org,”), then placed into the reference tree, which was based on 20000 16S 

rRNA gene sequences from genomes in the integrated microbial genomes database (Barbera 

et al., 2019). The output tree with the most likely placement for each ASV was created with 

GAPPA (Czech and Stamatakis, 2019). Hidden-state prediction of gene families was 

conducted using the castor R package (Louca and Doebeli, 2018). Enzyme classification 

(EC) numbers were assigned for each ASV. Several semi-quantitative results were compiled 

in PICRUSt2 and I chose to use the % relative enzyme abundance corrected for 16S rRNA 

gene copy numbers predicted for each ASV (“metagenome_contrib.tsv” file). Additional 

functional descriptions were added that correlated EC numbers with MetaCyc gene family 

descriptions (Caspi et al., 2018).  
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To analyze this output, I decided to conduct an extreme outlier analysis. The 

underlying rationale of this analysis is that over time, if a selection pressure exists, either due 

to site, plants, or a combination of both, only certain groups of microbes should be favored, 

and their abundance should increase over time. If microbial phylogeny and functionality are 

linked, which is an underlying assumption of PICRUSt, then I should be able to highlight 

exactly which microbe (identified as ASV) had the greatest influence on the enzyme 

abundance. Since, I were only interested in microbes that had a significantly greater effect on 

enzyme abundance than the background microbial community, I had to calculate a threshold. 

To calculate this threshold, I first made a boxplot using the relative % enzyme abundance 

data. Then from each group (n = 47 for bulk soil, and n = 22 for root associated samples), the 

highest outlier value was selected. From this list, the 25th percentile value was selected as the 

threshold value. ASVs present above this threshold thus represent an extreme outlier and are 

deemed to have an outsized effect on the enzyme abundance. By using this methodology, a 

unique threshold was calculated for each enzyme I were interested in.  

For sulfur metabolism, I focused on 9 enzymes in total. For dissimilatory sulfate 

reduction, I focused on 3 enzymes, namely, sulfate adenylyltransferase (SAT), adenylyl-

sulfate reductase (APS reductase), and dissimilatory sulfite reductase (DSR). For 

assimilatory sulfate reduction, I focused on 4 enzymes, namely, SAT, adenylyl-sulfate 

kinase (ASK), 3'-phosphoadenosine 5'-phosphosulfate synthase (PAPSS), and assimilatory 

sulfide reductase (ASR-NADPH). I also quantified sulfide dehydrogenase, thiosulfate 

transferase, and alkane sulfonate monooxygenase enzyme abundance. I searched for 

enzymes that take part in sulfur oxidation (the SOX system), however I did not find any 

enzyme related to this system using the PICRUST2 analysis. 
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For nitrogen metabolism, I focused on 6 enzymes in total that took part in the 

following processes: assimilatory and dissimilatory nitrate reduction, denitrification, and 

nitrogen fixation. I looked for enzymes that took part in iron oxidation (iron-rusticyanin 

reductase) and reduction (ferric chelate reductase), however I were unable to find them in 

our dataset. 

3.3.4 Quantitative PCR analysis 

Quantitative PCR (qPCR) was conducted on DNA samples collected from the bulk 

soil for a sulfur oxidization gene (soxB), and a dissimilatory sulfate reducing gene (dsrAB). 

A standard curve for each target gene was made by first running a standard PCR (Phire hot 

start II PCR master mix, Thermo Fisher Scientific) using the respective primers (Table 3.1), 

The product was run on a 1% agarose gel and a clean band was excised and purified using a 

commercial kit (Thermo Fisher Scientific). Subsequently, a ten-fold serial dilution was made 

(stabilized with glycogen), ranging from 10-1:10-6. For each target gene, the standard curve 

was then used to optimize the reaction efficiencies. To correct for inter-plate differences in 

reaction efficiencies, I made an internal reference DNA sample by pooling together 0.5l of 

sample DNA from 40 different samples. Internal reference DNA was run on every plate and 

was used to normalize the CT values. Each plate had a standard curve ranging from 10-1:10-6, 

internal reference DNA, no template control (NTC) and sample DNA, and all were run in 

triplicates. Each reaction volume was 20 L and consisted of 10L of iTaq Universal 

SYBR® Green Supermix (BioRad), 0.5L sample DNA and 400 pM (dsrAB and 16s rRNA) 

or 800 pM (soxB) of each primer set. For each target gene, the reaction efficiencies were as 

follows: soxB gene ranged from 90.0% - 92.8% with an r2 > 0.994 for all 6 plates; for dsrAB 

gene it ranged from 90.9% - 96.3% with an r2 > 0.999 for all 6 plates. A Welch t-test was 
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performed to test for significant differences in relative gene abundances of soxB and dsrAB 

between years among the same group (i.e. 2016 unplanted control vs. 2017 unplanted 

control). A One-way ANOVA was conducted to test for significant differences in relative 

gene abundances of soxB and dsrAB in the planted sediments compared to the unplanted 

control within each year. 

Table 3.1 qPCR primers and thermocycler settings 

 

3.3.5 Multivariate analyses 

I examined the relationship between the microbial community present in the bulk soil 

collected from the planted sediments and the unplanted control at both sites over the two 

years study period and explain the variation as a function of environment variables. Our 

concurrent research measured porewater parameters from these CFWs and open water (OW) 

site parameters (described in Chapter 2). From the CFWs, I measured the following analyte 

concentrations: sulfide, sulfate, ferrous, ferric iron, along with pH, Eh, temperature, and 

specific conductivity (Sp Cond). OW from both sites was also sampled and measured for the 

same parameters.  

A capscale model using distance-based redundancy analysis (dbDRA) and using 

Bray-Curtis distances (Oksanen et al., 2008), with all the parameters from the CFWs and 

OW, I found the following parameters to have significant effects on the microbial 

 Forward 

primer 

Reverse 

primer 

qPCR setting 

soxB gene 710 F 

(Tourna et 

al., 2014) 

1184 R 

(Tourna et 

al., 2014) 

95C – 5 min 

40 cycles of 

95C – 10 sec; 65C – 25 sec; 72C – 35 sec 

dsrAB 

gene 

DSR1 F+ 

(Kondo et 

al., 2004) 

DSR R 

(Kondo et 

al., 2004) 

50C – 2 min; 95C – 10 min 

40 cycles of 

95C – 15 sec; 60C – 50 sec; 72C – 12 sec 
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community composition: sulfide, sulfate, pH, Eh, ferrous, OW_SpCond, and OW_pH, and 

therefore retained these variables in the final model (SI Table 15). 

 

3.4 Results  

3.4.1 Overall microbial community structure 

NMDS ordination plots indicated that the root associated samples collected from the 

rhizosphere samples had the largest variation in the microbial community, followed by the 

loosely-bound sample (Figure 3.1a). Whereas, the bulk soil samples were least dissimilar to 

each other. PERMANOVA allowed us to reject the null hypothesis that the sublocation and 

the year clusters had the same centroid (F < 0.001), however the multivariate dispersion 

analysis was also significant for both the categories, hence I cannot reject that the differences 

in centroids are not due to the dispersion in the microbial community (SI Tables 9 and 10).  

When the NMDS ordination plots showing only the bulk soil samples were analyzed 

within site (Figure 3.1b) and between the planted sediments and the unplanted control (soil 

source) (Figure 3.1c), distinct clusters were observed, especially in 2017. PERMANOVA 

and multivariate dispersion analysis confirmed these clusters to be distinct, with site (F > 

0.001), and with soil source (F > 0.034), both of which had a significant effect on the 

microbial communities (SI Table 11 and 13). The sampling year had a significant effect (F> 

0.001) as well, however the multivariate dispersion analysis suggests that the differences 

could be driven by dispersion in the microbial community (SI Tables 12 and 14).  
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Figure 3.1 : NMDS ordination plot for (a) all the samples collected from both years, from bulk soil samples and root associated samples (loosely-bound and 

rhizosphere samples), (b) from bulk soil samples differentiated by year and site (group), (c) from bulk soil samples differentiated by year and soil source. Eclipse 
at drawn at 95% confidence interval. ADONIS was performed to test the null hypothesis that centroids are not unique. Following are the PERMANOVA results, 

and if significant, I can reject the null hypothesis. For (a), year and sublocation have F < 0.001, (b) year and group have F < 0.001, (c) year have F < 0.001 and 

soil source have F < 0.05. Stress test value is below 0.20 threshold for all graphs.
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3.4.2 Bulk soil analysis  

3.4.2.1 Microbial community composition 

In 2016 at the managed site, the bulk soil samples were dominated by the following 

phyla: Proteobacteria (50.9% - 52.2%), Acidobacteria (13.4% - 15.5%), Chloroflexi (10.5% 

- 12.5%), Actinobacteria (9.6% - 11.7%), and Gemmatimonadetes (4.9% - 6.2%) (Figure 

3.2). At the unmanaged site had a similar pattern in 2016 as well, with relative abundances 

ranging from Proteobacteria (53.2% - 58.9%), Acidobacteria (10.8% - 13.2%), Chloroflexi 

(8.9% - 11.9%), Actinobacteria (9.1% - 12.1%), and Gemmatimonadetes (4.9% - 7.3%) 

(Figure 3.2).   

In 2017, there was a shift in the microbial community composition, with 

Bacteroidetes emerging as the second most dominant phylum, with a relative abundance 

ranging from 11.3% - 22.3% at the managed site, and 4.9% - 16.0% at the unmanaged site. 

There was an increase in the relative abundances of phyla Patescibacteria and 

Verrucomicrobia in 2017. Whereas, the relative abundances of Proteobacteria, 

Acidobacteria, Actinobacteria, Chloroflexi, and Gemmatimonadetes all decreased compared 

to 2016 at both sites (Figure 3.2).  

3.4.2.2 Characterization of microbes involved in iron oxidation and reduction  

Microbes involved in iron oxidation and reduction were identified at the genus level, 

and their relative % abundance was compared between plants and sites. For iron oxidizing 

bacteria (IOB), a total of eight genera were present in our CFWs (Figure 3.3a). At both sites, 

the unplanted control had the lowest IOB % abundance (0.1% - 0.65%) throughout the 

duration of the field study.  
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At the managed site, Rhodomicrobium and Sideroxydans were the most dominant 

genera. C. lacustris bulk soil consistently had the highest % abundance of IOBs throughout 

the experiment, albeit the overall IOB abundance was low (< 1.4%) of the total community. 

J. canadensis bulk soil also had high IOB abundance on two sampling points, late 2016 

(0.81%) and early 2017 (0.58%) (Figure 3.3a).  

  At the unmanaged site, Sideroxydans and Rhodomicrobium were the two most 

dominant genera in 2016, with C. lacustris bulk soil having the highest relative % IOB 

abundance (0.92% - 1.87%). Compared to 2016, relative % abundances of Sideroxydans, 

Ferritrophicum and Gallionella (0.36% - 1.69%, 0.09% - 0.47% and 0.01% - 0.36%, 

respectively) increased in 2017 for all three planted bulk soil samples.  

For iron reducing bacteria (IRB), a total of six genera were present in our CFWs 

(Figure 3.3b). IRB relative % abundance at the managed site ranged from 1.32% - 2.56% in 

2016, and 1.08% - 2.12% in 2017. Whereas at the unmanaged site, it ranged from 1.65% - 

3.86% in 2016, and 1.27% - 5.60% in 2017. At the managed site, Geobacter was the 

dominant genus throughout the study period, followed by Anaeromyxobacter. At the 

unmanaged site, both Geobacter and Geothrix were the dominate genera. In terms of the 

planted and the unplanted sediments influence on IRB % abundance, there does not seem to 

be a clear pattern at the managed site. Whereas at the unmanaged site in 2017, C. lacustris 

(1.92% - 5.6%) and T. latifolia (1.85% - 4.38%) had higher IRB abundance than J. 

canadensis (1.85% - 2.59%).  
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Figure 3.2 Relative percent phylum abundance of bacterial community present in the bulk soil core samples 

collected from CFWs from managed and unmanaged site over a two years period. 
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Figure 3.3 Relative percent abundance of bacterial ASVs in bulk soil samples that are either (a) iron oxidizing 

bacteria (IOB), or (b) iron reducing bacteria (IRB). ASVs are identified at the genus level. 

 

 

3.4.2.3 Sulfur cycling microbial characterization at taxonomic level 

Microbes involved in sulfur cycling were compared at the genus level but plotted at 

the family level and their relative abundance was analysed. Sulfate reducing bacteria (SRB)s 

belonged to following families and genera. Desulfarculaceae (Desulfatiglans spp.); 

Desulfobacteraceae (Desulfatirhabdium, Desulfobacterium, Desulfobacterium, 
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Desulfobacula, Desulfonatronobacter spp.), Syntrophaceae (Desulfobacca, Desulfomonile, 

Syntrophus spp.), Desulfobulbaceae (Desulfocapsa and Desulfopila spp.); 

Desulfovibrionaceae (Desulfovibrio spp.); and Syntrophobacteraceae (Desulfovirga and 

Syntrophobacter spp.). Thermodesulfovibrionia was included at the class level. Sulfur 

oxidizing bacteria (SOB)s belonged to following families and genera. Beggiatoaceae 

(Beggaiatoa spp.); Thiovulaceae (Sulfuricurvum spp.); Sulfurovaceae (Sulfurovum spp.); and 

Hydrogenophilaceae (Thiobacillus spp.). Microbes involved in other sulfur metabolism were 

Haliangiaceae (Haliangium spp.) and Micrococcaceae (Pseudarthrobacter spp.).   

At the managed site, there was little difference between the unplanted control and all 

three planted sediments throughout 2016 (Figure 3.4a). Relative abundances of bacterial 

ASVs involved in sulfur cycling ranged between ~ 4% - 10% in 2016 (Figure 3.4c). 

Desulfobulbaceae had the highest relative abundance followed by Micrococcaceae in 2016 

(Figure 3.4a). In 2017, the relative abundances of bacterial ASVs involved in sulfur cycling 

increased by almost 2-fold and ranged between 9% - 23% (Figure 3.4c). Haliangiaceae had 

the largest increase, season-over-season, for the entire duration of the experiment (expect for 

C. lacustris in Late 2017), and this increase was evident in all our bulk soil samples at the 

managed site. Haliangiaceae had an averaged relative abundance of 1.00 % in 2016 (min: 

0.31 %, max: 2.68 %), and 6.61 % in 2017 (min: 3.33 %, max: 12.88 %); which was an 

increase of ~6-fold. Relative % abundances of Desulfobacteraceae, Syntrophaceae, and 

Syntrophobacteraceae also increased in 2017, irrespective of the soil source. In regard to the 

unique bacterial ASVs belonging to sulfur cycling microorganisms, the year and the plant 

species had an effect on relative abundance. Both, C. lacustris and T. latifolia had a higher 
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count of unique bacterial ASVs, followed by J. canadensis and the unplanted control (Figure 

3.4b)  

At the unmanaged site, similar patterns to the managed site existed in 2016. Relative 

abundances of bacterial ASVs involved in sulfur cycling ranged between ~ 3% - 9 % in 2016 

(Figure 3.5c). Desulfobulbaceae had the highest relative abundance followed by 

Micrococcaceae in 2016 (Figure 3.5a). In 2017, the relative abundances of bacterial ASVs 

involved in sulfur cycling increased by almost 3-fold, and ranged between ~ 8% - 24%, with 

T. latifolia having the highest % abundance by Late 2017 (Figure 3.5c). On the other hand, J. 

canadensis had the lowest relative % abundance of bacterial ASVs involved in sulfur cycling 

(~ 8% - 11%). Haliangiaceae (2016: 0.60 %; 2017: 4.26 %), Desulfobulbaceae (2016: 1.53 

%; 2017: 2.58 %) had the largest increase in relative abundance, season-over-season, for the 

entire duration of the experiment for the unplanted control, T. latifolia, and C. lacustris. 

Relative % abundances of Desulfobacteraceae, Desulfarculaceae, Syntrophaceae, and 

Syntrophobacteraceae also increased in 2017 for both, T. latifolia, and C. lacustris planted 

sediments. Interestingly, compared to the unplanted control, T. latifolia, and C. lacustris 

planted sediments, J. canadensis planted sediments had the lowest relative % abundance of 

bacterial ASVs involved in the sulfur cycling (Figure 3.5c), yet there was not a discernible 

difference in the unique bacterial ASV count (Figure 3.5b). At both sites, relative abundance 

of the Thermodesulfovibrionia class increased over time in the following order, T. latifolia, 

unplanted control, C. lacustris, and J. canadensis.  
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Figure 3.4 Microbes involved in sulfur cycling at the managed site. (a) Relative percent abundance of bacterial 

ASVs classified at the family level, except for Thermodesulfovibrionia which is classified at class level and 

shown here as NA. (b) Number of unique bacterial ASVs involved in sulfur cycling. (c) Relative percent 

abundance of bacterial ASVs involved in sulfur cycling. 
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Figure 3.5 Microbes involved in sulfur cycling at the unmanaged site. (a) Relative percent abundance of 

bacterial ASVs classified at the family level, except for Thermodesulfovibrionia which is classified at class 

level and shown here as NA. (b) Number of unique bacterial ASVs involved in sulfur cycling. (c) Relative 

percent abundance of bacterial ASVs involved in sulfur cycling. 
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3.4.2.4 Functional gene analyses for sulfur oxidizers and sulfate reducers 

Quantitative PCR (qPCR) was conducted on DNA samples collected from the bulk 

soil for two target genes: sulfur oxidizing soxB gene and dissimilatory sulfate reducing 

dsrAB gene. From both the NMDS plot and the 16s rRNA gene taxonomic analysis, it was 

evident that the site and the year had the strong influence on the microbial communities. Due 

to this, I decided to calculate a mean value for all three seasons and made boxplots 

highlighting influence of plants on functional genes in a given year at each of the two sites 

(Figure 3.6).  

At both sites in 2016, there was no significant difference in the soxB gene abundance 

between the unplanted control and the planted sediments (Figure 3.6a). In 2017, compared to 

the unplanted control, J. canadensis planted sediments had a higher soxB gene abundance in 

both, the managed site (p = 0.01) and the unmanaged site (p = 0.008). T. latifolia planted 

sediments had higher soxB gene abundance in the unmanaged site (p = 0.001). Between 

years 2016 and 2017, C. lacustris planted sediments had a higher relative soxB gene 

abundance in 2017 at the managed site (p = 0.03), whereas at the unmanaged site, both T. 

latifolia (p = 0.002) and J. canadensis (p = 0.002) planted sediments had higher relative 

soxB gene abundance in 2017 (Figure 3.6a). 

For the dsrAB gene, within year, for both sites, there was no significant difference 

between the unplanted control and the planted sediments (Figure. 6b). However, between 

years, for both sites, all three planted sediments, namely, C. lacustris (p = 0.04 for the 

managed site, p = 0.05 for the unmanaged site), T. latifolia (p = 0.03 for the managed site, p 

= 0.003 for the unmanaged site), and J. canadensis (p = 0.01 for the managed site, p = 0.03 
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for the unmanaged site) had a higher relative dsrAB gene abundance in 2017 compared to 

2016 (Figure 3.6b). 

 

 

Figure 3.6 qPCR boxplot of relative abundance of (a) soxB gene and (b) dsrAB gene at managed and 

unmanaged sites. At the unmanaged site, each point in the boxplot represent data collected from all three 

replicates at three sampling point (n = 9). At managed site, in 2016, each point represent data collected from all 

three replicates at three sampling point (n = 9), and in 2017, each point represent data collected from three 

replicates at two sampling point (n = 6). Welch t-test for unpaired samples was conducted to calculate 

significant difference between soil sources between years, indicated by uppercase alphabet. To test significance 

difference with year from the unplanted control, two-way ANOVA was conducted, indicated by lowercase 

alphabet. 
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3.4.2.5 Predictive metagenome analysis for sulfur cycling microbes 

PICRUSt2 is a tool that uses 16S rRNA gene sequencing data and computationally 

predicts the metabolic functionality of a given sample (Douglas et al., 2019). I used 

PICRUSt2 for predictive metagenomic analysis to quantify enzymes involved in sulfur 

cycling. I specifically looked for enzymes involved in the following pathways, assimilatory 

sulfate reduction, dissimilatory sulfate reduction, sulfide oxidation, alkane-sulfonate, and 

thiosulfate. (SI Figure 15).  

Since all CFWs started with the same soil mixture, it would be expected that the 

microbial community in the beginning of the experiment would be similar in all the planted 

and the unplanted sediments. Any influence by site and/or plants would require some time to 

allow for sufficient change in the microbial community composition, and by extension, in 

metabolic functionality, to be detected by the PICRUSt2 analysis. Due to this, I decided to 

conduct an extreme outlier analysis on PICRUSt2 output.  

SAT converts sulfate to adenylyl sulfate (APS), which is the first step in both 

assimilatory and dissimilatory sulfate reduction. At both sites, there were more outliers in 

2017 (managed: 31, unmanaged: 20) than in 2016 (managed: 5, unmanaged: 10) (Figure 

3.7a). ASVs considered among the most abundant outliers did not show any difference 

between the planted and the unplanted sediments in 2017 at the managed site. However, at 

the unmanaged site, T. latifolia had most the outliers (9), followed by the unplanted control 

(6), C. lacustris (3), and J. canadensis (2). The microbes driving this increase in SAT 

enzyme abundance belonged to Haliangium sp. at both sites and Bacterioidetes_vadinHA17 

at the managed site (Figure 3.7a). 
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Outlier analysis for APS reductase and DSR enzymes resulted in identical outlier 

profiles and count, so the results described below are applicable for both enzymes (Figure 

3.7b and 4.7c). Both of these enzymes are critical in complete dissimilatory sulfate 

reduction. At both sites, there were more outliers in 2017 (managed: 25, unmanaged: 34) 

than in 2016 (managed: 7, unmanaged: 9). At unmanaged site in year 2017, T. latifolia (11) 

and C. lacustris (10) had higher outlier counts compared to J. canadensis (6) and the 

unplanted control (7). At the managed site, T. latifolia (10) had the highest outlier count, 

followed by the unplanted control (7) and C. lacustris (6). J. canadensis (2) had the lowest 

count among the group, however that could be due to lack of the August 2017 data point. 

Microbes belonging to Desulfatirhabdium sp. (11), and class Thermodesulfovibrionia (9) 

were dominant outliers at the managed site, whereas, Desulfatirhabdium sp. (11), family 

Desulfarculaceae (11), and class Thermodesulfovibrionia (8) were dominant outliers at the 

unmanaged site. 

In the assimilatory sulfate reduction pathway, ASK converts adenosine 5’ 

phosphosulfate (APS) to 3'-Phosphoadenosine-5'-phosphosulfate (PAPS), and PAPSS 

converts PAPS to sulfite. At both sites, there were more ASK outliers in 2017 (managed: 39, 

unmanaged: 24) than in 2016 (managed: 5, unmanaged: 8) (Figure 3.8a). Specifically, in 

2017, the unplanted control (managed: 12, unmanaged: 8), C. lacustris (managed: 12, 

unmanaged: 6) and T. latifolia (managed: 10, unmanaged: 8) had higher ASK outlier counts 

compared to J. canadensis (managed: 5, unmanaged: 2). Microbes belonging to Haliangium 

sp. (22) and Bacterioidetes_vadinHA17 (22) were the dominant outliers at the managed site, 

whereas, Haliangium sp. (12) and GOUTA6 (4) were the dominant outliers at the unmanaged 
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site driving this increase in ASK enzyme abundance. PAPSS had a similar pattern to ASK, 

though fewer outliers were present (Figure 3.8b).  

ASR-NADPH converts sulfite to sulfide and is the last step in the assimilatory sulfate 

reduction pathway. I found that between years, sites, and planted and unplanted sediments, 

there was no pronounced count difference in the outliers (Figure 3.8c). At the managed site, 

both years had 10 outliers each, with family Xanthobacteraceae (8) and genus BSV13 (4) 

being the most dominant. At the unmanaged site, 2016 and 2017 had 11 and 13 outliers, 

respectively. Families Xanthobacteraceae (11) and A21b (6) were the dominant outliers.  

Thiosulfate sulfurtransferase which converts thiosulfate to sulfite, had majority of its 

outliers in 2016 at both sites (Figure 3.9a). Genus Pseudarthrobacter was the dominant 

microorganism, and no difference was noted among the planted and unplanted sediments, 

and the sites. Alkanesulfonate monooxygenase converts alkane-sulfonate to sulfite. There 

were more outliers in 2016 (11) than in 2017 (3) at the managed site, whereas at the 

unmanaged site the difference was less pronounced (2016: 12, 2017: 9) (Figure 3.9b). I did 

not notice any difference in outlier count in the planted and the unplanted sediments, 

however, all of the outliers belonged to the Xanthobacteraceae family. Sulfide 

dehydrogenase converts sulfite to sulfate. Sulfide dehydrogenase relative % enzyme 

abundance was the lowest among all the enzymes selected for sulfur cycling (Figure 3.9c). 

At the managed site, 2016 (15) had more outliers than in 2017 (2). J. canadensis (6) and T. 

latifolia (4) had more outliers than C. lacustris (3) and the unplanted control (2) in 2016. At 

the unmanaged site, 2017 (26) had more outliers than 2016 (18), however I found no 

difference in outlier counts in 2016 among the planted and the unplanted sediments. In 2017, 

T. latifolia (10) and J. canadensis (9) had more outliers than C. lacustris (5) and the 
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unplanted control (5). At both sites, Piscinibacter sp. (managed: 8, unmanaged 6), and 

Rhizobacter sp. (managed: 7, unmanaged 23) were the dominant outliers. 
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Figure 3.7 Extreme outlier analysis of enzymes involved in dissimilatory sulfate reduction, (a) sulfate 

adenylyltransferase, (b) adenylyl sulfate reductase, and (c) dissimilatory sulfite reductase as identified by 

PICRUSt2 analysis. ASVs are assigned to the lowest taxonomic group possible. 
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Figure 3.8 Extreme outlier analysis of enzymes involved in assimilatory sulfate reduction, (a) adenylyl sulfate 

kinase, (b) phosphoadenosine phosphosulfate synthase, and (c) assimilatory sulfite reductase, as identified by 

PICRUSt2 analysis. ASVs are assigned to the lowest taxonomic group possible.  

 

 

 

3.4.2.6 Predictive metagenome analysis for nitrogen cycling microbes 

Nitrogen cycling is an important part of wetland ecosystems. Using PICRUSt2, I 

were able to find enzymes that took part in all of the major pathways in nitrogen metabolism, 

including assimilatory and dissimilatory nitrate reduction, denitrification and nitrogen 

fixation (SI Figure 16). Nitrate reductase (NR) converts nitrate to nitrite and takes part in 

both assimilatory and dissimilatory nitrate reduction pathways. At the managed site, outliers 

were primarily found in 2016 (25) compared to 2017 (4), with no difference between the 

planted and the unplanted sediments (SI Figure 17a). Pseudarthrobacter sp. (12) and 

Pedomicrobium sp. (11) were dominant in 2016. At the unmanaged site, there were more 

outliers in 2016 (35) compared to 2017 (16), however the difference was less drastic than at 

the managed site. In 2016, Pseudarthrobacter sp. (12), Pedomicrobium sp. (10), and 

Pseudolabrys sp. (8) were dominant, whereas in 2017, there was more diversity and Geothix 

sp. (4), Candidatus_Nitrotoga sp. (2), and Candidatus_Omnitrophus sp. (2) were dominant 

(SI Figure 17c). Furthermore, at the unmanaged site, I did not find any differences between 

the planted and the unplanted sediments in 2016, but in year 2017, C. lacustris and T. 

latifolia had 11 out of 16 outliers.  

Nitrite reductase – NADH (nirBD) and nitrite reductase – cytochrome (nirAH), can 

both convert nitrite to ammonia. At the managed site, nirBD had 24 outliers in 2016, while 

only 2 outliers were present in 2017 (SI Figure 17b).  Interestingly, nirAH had 49 outliers in 
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2017, and only 7 outliers in 2016 (SI Figure 17c). Family A21b (12) and genus 

Pseudarthrobacter (12) dominated nirBD, whereas, family Bacteroidetes_vadinHA17 (21) 

and genus Roseimarinus (8) dominated nirAH. At the unmanaged site, nirBD had 29 outliers 

in year 2016 and 19 outliers in 2017, with Pseudarthrobacter, A21b and genus IS-44 been 

the dominant microbes. nirAH had 42 outliers in 2017, compared to 6 in 2016, and primarily 

belonged to Bacteroidetes_vadinHA17 and genus WCHB1-32.  

Nitrite reductase (nirS) converts nitrite to nitric oxide. I found that Rhodanobacter 

sp. was the dominant outlier at both sites in 2016 and 2017 (unmanaged site only) (SI Figure 

18a). Ferredoxin-nitrite reductase (nirA) also convert nitrite to ammonia but is a part of 

assimilatory nitrate reduction pathway (SI Figure 16). I found that family 

Xanthobacteraceae was dominant outlier at the managed site, with greater outlier count in 

2016 (SI Figure 18b). Whereas at the unmanaged site, Xanthobacteraceae and Pseudolabrys 

sp. were the dominant outliers during both years. Family Xanthobacteraceae was also the 

dominant outlier for nitrogenase at both sites for both 2016 and 2017 (SI Figure 18c).  
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Figure 3.9 Extreme outlier analysis of enzymes involved in sulfur metabolism, (a) thiosulfate sulfurtransferase, 

(b) alkane sulfonate monooxygenase, and (c) sulfite dehydrogenase, as identified by PICRUSt2 analysis. ASVs 

are assigned to the lowest taxonomic group possible. 
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3.4.3 Root associated samples  

3.4.3.1: 16s rRNA gene Illumina analyses at taxonomic levels 

At the managed site in 2016, for loosely bound and rhizosphere associated samples, 

Proteobacteria (56.1 % - 61.8 %, 65.8 % - 69.4 %, respectively), Acidobacteria (11.5 % - 

13.6 %, 7.6 % - 11.8 %, respectively), Bacteroidetes (5.3 % - 8.2 %, 4.1 % - 15.4 %, 

respectively), and Chloroflexi (6.2 % - 8.5 %, 3.2 % - 5.7 %, respectively) were the 

dominant phyla (Figure 3.10). In 2017, for loosely bound C. lacustris samples, 

Proteobacteria relative abundance decreased (50.2 %) and Bacteroidetes relative abundance 

increased (15.4 %), whereas for the rhizosphere associated sample, Proteobacteria increased 

significantly (74.5 %). For T. latifolia in 2017, I saw a significant increase in relative 

abundances of Firmicutes and Spirochaetes at both loosely bound (30.6 % and 24.12 %, 

respectively) and rhizosphere associated community (53.5 % and 33.2 %, respectively) 

(Figure 3.10).  

At the unmanaged site, Proteobacteria was the dominant phylum, followed by 

Acidobacteria, Actinobacteria, Bacteroidetes, and Firmicutes. This pattern was similar for 

loosely bound and rhizosphere associated community for both years (Figure 3.10). In the 

terms of community composition, I did observe the appearance of the Deinoccocus-Thermus 

phylum in C. lacustris root samples in 2017, and T. latifolia root samples for both years. 

Members from the Deinoccocus-Thermus phylum were not observed at the managed site.  

 

 

 

3.4.3.2 Predictive metagenome analysis for sulfur and nitrogen cycling microbes 
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PICRUSt2 was also used to calculate predictive metagenome from DNA collected 

from root associated samples. The enzymes that facilitates dissimilatory sulfate reduction 

had only 14 outliers spread over three enzymes (SAT, APS reductase and DSR) in 2016 for 

loosely bound samples from both sites (SI Figure 19 a, b, c). Whereas in the rhizosphere 

associated samples in 2016, there were 35 outliers, out of which C. lacustris and T. latifolia 

had 30 of them. In 2017, C. lacustris and T. latifolia had the majority of outliers among 

them. Specifically, 26 out of 32 outliers in the loosely bound samples, and 51 out of 55 

outliers in the rhizosphere associated samples, were shared among them (SI Figure 19 a, b, 

c). Overall, Desulfatirhabdium sp. and family Desulfarculaceae had the highest outlier 

count. 

The enzymes that facilitate assimilatory sulfate reduction (ASK, PAPSS and ASR-

NADPH) had more outliers in the rhizosphere associated samples than loosely-bound 

samples for both years and sites (SI Figure 20 a, b, c). However, no particular microbial 

group was dominant. Thiosulfate sulfurtransferase had the majority of its outliers at the 

unmanaged site. In 2016, there was less disparity in outlier counts between the plants. 

However, in 2017, 13 out of 16 outliers were associated with C. lacustris (SI Figure 21a). 

For alkanesulfonate monooxygenase and sulfite dehydrogenase, there were not enough 

outliers to deduce any specific pattern except that the unmanaged site had more outliers than 

the managed site (SI Figure 21 b, c). 

Enzymes that are part of dissimilatory nitrate reduction (NR, nirBD, and nirAH) had 

higher counts in outlier ASVs in the rhizosphere associated samples in 2016 and 2017 

compared to the loosely-bound samples (SI Figure 22 a, b, c). For NR and nirBD enzymes, 

C. lacustris had the most outliers, while T. latifolia had most outlier for nirAH. For nirS, C. 



 

 

91 

lacustris had the most outliers (SI Figure 23a), and for nitrogenase, T. latifolia had the most 

outlier (SI Figure 23c). J. canadensis had the least number of outliers for all six nitrogen 

metabolism enzymes.  
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Figure 3.10 Year-end relative phylum abundance of bacterial community from root associated samples, 

collected from both sites in 2016 and 2017, and classified as either loosely-bound or rhizosphere associated 

community. 
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3.4.4 Microbial community variation in bulk soil samples as explained by 

porewater and surface water characteristics 

I wanted to examine relationships between the microbial communities present in the 

bulk soil collected from the planted and the unplanted sediments at two sites over two years 

and explain the variation in the microbial community as a function of measured environment 

variables. I found that axis 1 (34.9%) and axis 2 (10.7%) explain in total of 45.6% of the 

variation in microbial community composition (Figure 3.11). With environmental 

parameters, I can see four distinct grouping, 2016 – managed site, 2016 – unmanaged site, 

2017 – managed site, and 2017 – unmanaged site. Microbial community composition in 

2016 was positively correlated with OW_pH, OW_SpCond, Eh, ferrous and sulfate, with 

OW_pH and OW_SpCond slightly more correlated with the managed site, and ferrous, 

sulfate and Eh slightly more correlated with the unmanaged site. Microbial community 

composition in 2017 was positively correlated with pH and sulfide concentration, with a 

stronger correlation with the managed site. The 2017 unmanaged site microbial community 

composition was correlated with lower OW_pH and OW_SpCond.  

The top six ASVs that were identified via PICRUSt2 analysis were plotted separately 

as well to determine if their distribution could be explained by these environmental 

parameters (Figure 3.11). Only ASV 1 (Bacteroidetes_vadinHA17) and ASV 3 (Haliangium) 

correlated with higher sulfide concentration and pH in the CFWs in year 2017. However, the 

distribution of ASV 4 (Pseudarthrobacter), ASV 7 (Xanthobacteraceae), ASV 14 

(Desulfatirhabdium), and ASV 62 (Thermodesulfovibrionia) could not be explained the 

measured environmental parameters.  
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Figure 3.11Distance based redundancy analysis (db-RDA) constrained ordination plot using Bray-Curtis 

distance. Porewater parameters from CFWs ([sulfide], [sulfate], [ferrous], pH, Eh) and open water parameters 

(pH, specific conductivity) from both sites are used as the environmental variables to explain variation within 

the bulk soil microbial community composition. Top graph shows distribution by year and site (group). Bottom 

graph shows distribution by year and bulk soil source, along with six dominant ASVs that participated in sulfur 

cycling. ASV1: Bacteroidetes_vadin_HA17; ASV3: Haliangium; ASV4: Pseudarthrobacter; ASV7: 

Xanthobacteraceae; ASV14: Desulfatirhabdium; ASV62: Thermodesulfovibrionia.    
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3.5 Discussion 

Plant-microbe interactions play an important role in overall functionality and 

treatment processes within a CW. I studied plant-specific influence of C. lacustris, T. 

latifolia and J. canadensis on microbial communities in a hybrid CFWs at two AMD 

impacted waterbodies. By collecting bulk soil sediments samples over a two years period 

and root associated samples (at year ends), I were successful in evaluating shift in microbial 

community composition and functionality (microbes involved in nitrogen, iron and sulfur 

cycling) in response to plants.  

 

3.5.1 Effect of plant species on the bulk soil microbial community composition 

and community shift in response to the site-specific AMD physio-chemistry 

In all samples that I processed I clearly observed large community dispersion within 

the root associated samples. This was expected given the dynamic conditions plant roots are 

capable of creating, such as ROL, labile carbon excretion, and nutrient uptake, resulting in 

micro-niches where functionally unique microbial communities can coexist (Huang et al., 

2014). As I were interested in plant effects on microbially mediated biogeochemical cycling 

of iron, nitrogen, and sulfur, if I had focused only on the root-associated samples, 

specifically the rhizosphere samples, this would have resulted in an overestimation of plant 

influence. If plants were to have a functionally significant influence on these biogeochemical 

cycles within a CW, I must be able to detect plants effects on microbial communities at a 

macro-level, which in our case was better reflected by the bulk soil samples. 

Bulk soil samples from the unplanted control, and the planted sediments had very 

minor differences in microbial community composition for the entirety of 2016 at both sites. 
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This lack of variation among soil sources was evident in the NMDS plot as well, where all 

the ellipses in 2016 were non-distinguishable from each other. It was interesting that I were 

not able to detect any changes in the microbial community composition between the planted 

sediments in 2016, especially since T. latifolia and C. lacustris previously indicated that they 

had a reducing effect on the soil profile and were stimulating hydrogen sulfide (H2S) 

production in soil porewater, whereas, J. canadensis had an oxidizing effect (Chapter 3). 

There are couple of possible explanation for this pattern, first since I collected bulk soil 

samples, it requires longer time period before differences in microbial community can be 

detected by 16s rRNA Illumina sequencing. Second, key Fe and S cycling ASVs that were 

present in low abundance compared to the bulk community were able to influence porewater 

dynamics (i.e. specific organisms are driving the porewater changes, even when in lower 

abundance).  

However, microbial community in 2017 were clearly different among sites. At the 

unmanaged site, compared to T. latifolia and C. lacustris, J. canadensis appeared to suppress 

both Bacteroidetes and Patescibacteria phyla. This pattern was not evident at the managed 

site since J. canadensis was grazed by the birds early on in 2017. Nevertheless, conditions 

within our CFWs seemed to stimulate both Bacteroidetes and Patescibacteria phyla. 

Bacteroidetes is a common phylum present in CW. Pilot-scale CWs treating marine 

aquaculture effluent (Ma et al., 2018), anaerobic-aerobic reactors with a CW treating tannery 

wastewater (Desta et al., 2014) and subsurface flow wetland mesocosm treating municipal 

wastewater (Oopkaup et al., 2016) all had high relative abundance of Bacteroidetes in the 

sediments. However, none of these studies specifically investigated plant-microbial 

interaction. Not much is known about Patescibacteria phylum in a CW and only recently, a 
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research investigating Patescibacteria phylum in groundwater found that they thrive under 

oligotrophic conditions and have potential associations with autotrophic organisms involved 

in nitrogen, iron and sulfur cycling (Herrmann et al., 2019). 

 

3.5.2 Effect of plant species on microbes specifically involved in iron and 

nitrogen cycling 

Microorganisms involved in iron redox cycling have a very diverse phylogenetic 

affiliation. In our CFWs, eight genera that were identified to be IOB, belonged to either 

Betaproteobacteria or Alphaproteobacteria. Chemolithoautotrophic IOBs are broadly 

classified as either acidophilic or neutrophilic microorganisms (Emerson, 2018). Acidophilic 

IOB prefers pH 4 or below, while neutrophilic IOB prefers pH between 5 – 8. At 

circumneutral pH, ferrous iron in presence of oxygen spontaneously oxidizes to ferric iron 

and leads to the formation of iron-oxyhydroxides (Lemanceau et al., 2009; Weber et al., 

2006).  As such, different chemolithotrophs have to compete for ferrous iron in oxygen rich 

environments or find a microaerobic environment. Of the detected organisms Gallionella, 

Sideroxydans, and Ferritrophicum spp. are all freshwater chemolithoautotrophic 

neutrophiles, whereas Leptothrix sp. is an obligate neutrophilic chemoheterotroph. Both, 

Rhodobacter, Rhodomicrobium are iron-oxidizing phototrophs (Kappler and Straub, 2005).  

At the managed site, Rhodomicrobium and Sideroxydans were the dominant IOBs, 

with C. lacustris stimulating highest IOB abundance in the bulk soil. Comparison of ASVs 

sequences related to Rhodomicrobium resulted in a sequence identity match of 98.1% 

(MK067242.1) to R. vanielii, which is an anaerobic, photoautotrophic iron oxidizer (Heising 

and Schink, 1998). Interestingly, there was no significant difference between 2016 and 2017 
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IOB communities, and neither did I notice a consistent difference in the relative abundance 

from the unplanted control. This perhaps could be due to stable circumneutral pH at the 

managed site.  

At the unmanaged site, the bulk soil collected from all the planted sediments clearly 

had higher IOB abundance than the unplanted control, which suggests that plants were 

stimulating IOB within our CFWs. Comparison of ASV sequences related to Sideroxydans 

resulted in a sequence identity match ranged from 100.0% to S. lithotrophicus strain ES-1 

(CP001965.1), to 99.6% to S. lithotrophicus strain LB-1 (DQ386859.1). Both of these 

species prefer to grow under microaerobic conditions (Lüdecke et al., 2010). In pure culture, 

S. lithotrophicus strain ES-1 have better growth potential when fen derived humic acids are 

provided. It is feasible that plant roots in our CFWs were able to provide humic acids and 

microaerophilic environments that were favorable for S. lithotrophicus growth.  

I did see an emergence of two recently discovered genera, Ferrovum and 

Ferritrophicum at the unmanaged site. Ferritrophicum is a neutrophilic, microaerophilic, 

obligate lithotrophic, iron oxidizer (Weiss et al., 2007). Ferritrophicum radicicola is the 

only species within this new genus, which was isolated from roots of Juncus effusus growing 

impacted by AMD (pH ~ 4) (Weiss et al., 2007). Comparison of Ferrovum sp. ASVs 

resulted in a match of 98.4% (LN866584.1) to Ferrovum myxofaciens, which is an extremely 

acidophilic, streamer-generating, psychrotolerant, obligate autotroph iron oxidizer isolated 

from abandoned copper (Cu) mine (Johnson et al., 2014). Interestingly, in 2017, the 

unmanaged site open water pH was 4.5 ± 0.2 and had a [Cu] of 3.3 ± 0.4 mg/L, which might 

explain why these two genera became emerged in this site compared to the managed site, 

which had a pH of 7.0 ± 0.3 and [Cu] of 0.06 ± 0.09.  
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Nitrate dependent iron oxidation have been shown to exist in freshwater systems, 

where ferrous iron oxidation is linked with nitric oxide reduction to nitrogen gas via the 

denitrification pathway. Dechloromonas sp., which was present at very low abundance in the 

unmanaged site and only in the planted bulk soil samples, have species that are linked with 

nitrate dependent iron oxidation (Hedrich et al., 2011). 

In the case of ferric-iron reduction, poorly crystalline iron oxide minerals are easily 

utilized by IRB as electron acceptors (Kappler and Straub, 2005).  Ferric iron oxides are 

insoluble at pH greater than 4, due to this, IRBs have various strategies they use to transfer 

electrons to extracellular ferric iron oxide minerals (Luef et al., 2013). Relative abundance of 

IRB at the managed site hovered between 1 – 2% for majority of the study period and C. 

lacustris and T. latifolia planted sediments had marginally higher IRB relative abundance 

compared to the unplanted control. Geobacter, one of the more dominant genera in our 

CFWs, especially at the managed site, utilizes pili to transfer electrons, and reduce ferric iron 

oxide (Lovley, 2000). Comparison of Geobacter ASVs resulted in a match of 100.0% 

(KF800712.1) to Geobacter bremensis is a strictly anaerobic, dissimilatory ferric-iron 

reducing bacteria (Straub and Buchholz-cleven, 2001). 

At the unmanaged site, C. lacustris and T. latifolia had significantly higher IRB 

relative abundance compared to the unplanted control. Along with Geobacter, Geothrix spp. 

had high relative abundance, especially in 2017. Geothrix spp. are known to produce 

chelating ligands that act as an electron shuttle, which aids in ferric iron reduction (Kappler 

and Straub, 2005). Comparison of Geothrix ASVs resulted in a match of 100.0% 

(MK571755.1) to Geothrix fermentans. G. fermentans is strictly anaerobic, acetate oxidizing 
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ferric iron reducing bacteria, but can also utilize nitrate and few other as an alternative 

electron acceptor (Coates et al., 1999).  

Genus Anaeromyxobacter and Acidibacter spp. were present at both sites, but at 

lower relative abundances, and are categorised as either a ferric-iron reducer linked with 

denitrification (Onley et al., 2018) or an acidophilic, obligately heterotrophic, 

microaerophilic, ferric iron reducer (Falagán and Johnson, 2014), respectively. Instead of 

direct contact with ferric iron oxide or endogenous production of electron shuttles, organic 

compounds, such as humic acids and plant exudates, have been shown to act like an electron 

shuttle to transfer electron between the microbe and the ferric iron oxide mineral (Weber et 

al., 2006). Overall, C. lacustris planted soils had highest relative abundance of IOB and IRB, 

followed by T. latifolia and J. canadensis. And compared to the unplanted control, planted 

bulk soils always had higher abundances and diversity of IOB and IRB.  

 

3.5.3 Effect of plant species on microorganisms involved in sulfur cycling and 

metabolism 

In total, there were 11 families and 1 class affiliated with sulfur cycling in our CFWs. 

Out of these, 6 families and 1 class were affiliated with sulfate reducing bacteria, 4 families 

were affiliated with sulfide oxidizing bacteria and 2 families had other sulfur metabolisms. 

In 2016, at both, managed and unmanaged sites, the relative abundance of sulfur cycling 

microorganisms gradually increased season-over-season, with T. latifolia planted sediments 

having the highest abundance, followed closely by C. lacustris and the unplanted control.  

However, in 2017, the pattern between the two sites started to diverge, possibly due 

to the site physiochemical conditions and the effect of bird grazing on J. canadensis at the 
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managed site. Therefore, to compare between the planted sediments, it is better to rely on the 

unmanaged site data, as there was no other confounding effect (i.e. bird grazing). At the 

unmanaged site, compared to T. latifolia and C. lacustris, J. canadensis had similar amounts 

of unique bacterial ASVs associated with sulfur cycling, however J. canadensis had 

significantly lower relative percent abundance of these bacterial ASVs. This suggests that J. 

canadensis suppressed sulfur cycling microorganisms, whereas T. latifolia seemed to 

stimulate their abundance.  

Family Haliangiaceae which consists of only one genus, named Haliangium, had the 

greatest increase in the relative abundance during the course of the experiment. Haliangium 

sp. relative abundance was higher at the managed site compared to the unmanaged site. 

Compared to the unplanted control and the T. latifolia and C. lacustris sediments, 

Haliangium sp. relative abundance was lower in the J. canadensis sediments (unmanaged 

site). Haliangium ochraceum stain SMP-2, is the only known member of this family to have 

its full genome sequenced (Ivanova et al., 2010). Though, Haliangium has yet to be 

definitely linked with either sulfate reduction or sulfide oxidation, it possesses a complete 

assimilatory sulfate reduction pathway (Ivanova et al., 2010). Using predictive metagenomic 

analysis, Haliangium had one of the highest outliers counts for SAT, ASK and PAPSS in 

2017, all of which are key enzymes in the assimilatory sulfate reduction pathway. 

Interestingly, all known isolates of Haliangium sp. were isolated from marine environments 

and are considered mesophilic, salt tolerant, aerobic, chemoorganotroph (Chaudhary et al., 

2009; Fudou et al., 2002; Ivanova et al., 2010). Assimilatory sulfate reduction is a metabolic 

process where reduced sulfur is used for the formation of amino acids, proteins and other 

sulfur-containing coenzymes (as opposed to formation of hydrogen sulfide as the end-
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product of dissimilatory sulfate reduction) is commonly found in aerobic microbes (Canfield 

and Des Marais, 1991). However, since Haliangium was strongly inhibited by J. canadensis, 

I can link previous observations of porewater characteristics compared to other two plants 

and the unplanted control: little-to-no sulfide concentrations (0.55 vs 3.89 mg/L), high 

sulfate concentrations (486.6 vs 110.2 mg/L), acidic pH (5.86 vs 6.14) and higher Eh 

(177.02 vs 87.32 mV). Chaudhary et al., (2009) studied microbial communities associated 

with sulfidic springs on the shorelines of Lake Erie and found clones that were similar to H. 

ochraceum stain SMP-2. This suggests that Haliangium might have a larger role in sulfur 

metabolism than just assimilating sulfate. 

Sulfide oxidizing bacteria (SOB) within our CFWs belonged to the following 

families Beggiatoaceae, Thiovulaceae, Sulfurovaceae, and Hydrogenophilaceae. 

Cumulatively, SOBs had low relative % abundance at the managed (less than 1%) and the 

unmanaged (less than 2%) sites. At managed site, T. latifolia had the highest SOB 

abundance in late 2016 and late 2017, however, qPCR of SoxB does not corroborate this 

observation. C. lacustris did have a very small, but statistically significant increase in 

relative SOB abundance between years at the managed site. At the unmanaged site, SOB 

relative abundance in both, T. latifolia and J. canadensis increased over the two-year period, 

and also compared to the unplanted control. These observations were supported by qPCR 

analyses. It is interesting that T. latifolia had highest SOB abundance at both sites, yet J. 

canadensis had the highest porewater sulfate concentration throughout the study. It is 

possible that high sulfate concentrations in the soil porewater of the J. canadensis cells are 

driven largely through abiotic, spontaneous sulfide oxidation due to radial oxygen loss in the 

roots.  
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In dissimilatory sulfate reduction, microorganisms that are involved are reducing 

sulfate to sulfide for their energy metabolism. In the dissimilatory sulfate reduction pathway, 

sulfate is first reduced to APS, a reaction catalyzed by SAT. APS is further reduced to sulfite 

by APS reductase. In the last step, sulfite is reduced to sulfide by the DSR enzyme. 

Dissimilatory sulfate reduction is considered an anaerobic process, and almost all the 

microorganisms capable of this process are deemed anaerobes (Widdel and Bak, 1992). In 

our CFWs, I had two main groups of SRBs that were present, mesophilic 

Deltaproteobacteria (Desulfarculaceae, Desulfobacteraceae, Syntrophaceae, 

Desulfobulbaceae, Desulfobulbaceae and Desulfovibrionaceae) and thermophilic bacteria 

from Nitrospirae phyla (Thermodesulfovibrionia).  

qPCR of the dsrAB gene showed that the bulk soil from all three plants from both 

sites had significantly higher relative dsrAB gene abundance in 2017 compared to 2016. 

However, within year comparisons the relative dsrAB gene abundance did not significantly 

differ from the unplanted control. Nevertheless, when SRB abundance was examined 

through16s rRNA gene sequencing or predicted metagenomic analysis, I did observe a plant 

specific effect on SRB abundance and metabolic capabilities, especially in 2017 at the 

unmanaged site. SRB relative abundance steadily increased over time in T. latifolia and C. 

lacustris. It is possible that the reason I did not detect a significant difference in qPCR 

results between the bulk soils could be due to primer specificity (Müller et al., 2015; Tourna 

et al., 2014).  

From the 16s rRNA gene analysis, I found that the Desulfobulbaceae family had the 

highest relative abundance. Desulfobulbaceae have seven genera, out of which I detected, 

Desulfocapsa and Desulfopila spp. The Desulfobulbaceae family is strictly anaerobic, and 
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the majority of species are mesophilic SRBs, but some are also psychrophilic (Rosenberg et 

al., 2014). The majority of species within this family can utilize either sulfate or thiosulfate 

as an electron acceptor, which is reduced to sulfide (Finster et al., 1998; Rosenberg et al., 

2014). Desulfocapsa spp. are capable of growth by disproportionation of reduced sulfur 

compounds (Finster et al., 1998). From the PICRUSt analyses, genus Desulfatirhabdium 

(which belong to Desulfobacteraceae family) had the highest outlier count for ASR and 

DSR enzymes. Desulfobacteraceae family have 21 genera, out of which I had five, 

Desulfatirhabdium, Desulfobacterium, Desulfobacterium, Desulfobacula, 

Desulfonatronobacter. Desulfatirhabdium spp. are capable of utilizing sulfate or thiosulfate 

as an electron acceptor but cannot grow by disproportionation of reduced sulfur compounds 

(Balk et al., 2008). The Thermodesulfovibrionia class, which consist of the genus 

Thermodesulfovibrio, is a thermophilic, neutrophilic, chemoorganotrophic or 

hydrogenotrophic sulfate reducers had higher abundance in 2017 at the both sites. From the 

16s rRNA Illumina analysis, it is not clear if its abundance is correlated with a particular 

plant species. Thermodesulfovibrio strains are commonly found in laboratory scale anaerobic 

bioreactors, however these experiments have high temperatures (53 – 55 °C) (Roest et al., 

2005; Sekiguchi et al., 2008). Additionally, they have also been isolated from hot springs, 

and have optimum temperature between 55 – 65 °C (Frank et al., 2016).  

Another group of intrigue was Bacteroidetes_vadinHA17, that had the largest 

increase, season-over-season, for the entire duration of the experiment at both sites. 

VadinHA17 had an averaged relative abundance of 0.27 % in 2016 (min: 0.09 %, max: 0.72 

%), and 9.54 % in 2017 (min: 4.47 %, max: 14.84%), which was an increase of ~35-fold. In 

terms of plant differentiation, it is better to analyse the unmanaged site. VadinHA17 was 
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present at higher abundance in T. latifolia, C. lacustris and the unplanted control. All of 

which had reducing conditions in it soil profiles and high porewater sulfide concentration. 

Even though, there has been no direct study looking at VadinHA17 role in sulfide oxidation 

or sulfate reduction, it is characterized as an anaerobic microbe, and has been found in 

sulfidogenic biochemical reactors (Baldwin et al., 2015). In multiple studies, it has been 

linked with organic carbon degradation in sediments (Bolhuis et al., 2014; Harrison et al., 

2016). However, predictive metagenomic analysis showed that VadinHA17 does have the 

enzymatic pathways to take part in sulfur metabolisms. VadinHA17 has SAT, ASK and 

PAPSS, all of which are part of assimilatory sulfate reduction pathway. Future studies 

should be conducted to investigate the role of VadinHA17 in sulfur metabolisms.  

 

3.5.4 Microbial community composition and functionality in the root associated 

microbial community 

Root associated microbial communities should highlight plant effects on the 

microbial community at a finer scale than from the bulk soil analyses. I partitioned root 

associated samples in two subgroups, loosely bound and rhizosphere samples. Rhizosphere 

samples in our study represent microbes that were attached to the roots/rhizomes directly or 

were part of a biofilm. Therefore, microbial communities from rhizosphere samples should 

face the highest selection pressure from the plant. From the predictive metagenomic 

analysis, I did observe that overall the root associated samples had higher microbial diversity 

in outlier groups compared to the bulk soil samples, but the dominant genera remained the 

same. Higher microbial diversity was expected since plant roots have a dynamic 

environment (ROL, labile carbon). In 2017, both, C. lacustris and T. latifolia had 
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significantly higher outlier counts for all the enzymes involved in assimilatory and 

dissimilatory sulfate reduction than J. canadensis. This observation was consistent with the 

bulk soil analysis; however, the patterns were much stronger in the root associated samples.  

 

3.6 Conclusions 

The hybrid CFWs with built-in soil sediment profile allowed us to investigate plant-

microbial interaction in a field-based experiment, where CFWs were directly deployed in 

two AMD impacted waterbodies, yet it allowed us to isolate plant-specific influences on 

microbial community composition and functionality. I found that microbial community 

composition was more diverse in the root associated samples than the bulk soil samples. 

Within the bulk soil samples, microbial communities clustered together by year, followed by 

site and plant species.  

Plants had a significant influence on microbial community composition. Specifically, 

I found that compared to the unplanted control all plants stimulated IOB and IRB abundance 

in the sediments. In regard to the sulfur cycling microbes, both T. latifolia and C. lacustris 

planted sediments had higher relative % abundance compared to J. canadensis planted 

sediment. Haliangium sp. had the greatest increase in the relative % abundance year-over-

year at both sites for the unplanted control, T. latifolia and C. lacustris planted sediments. 

Predictive metagenomic analysis supported the suppression on Haliangium sp. abundance by 

J. canadensis. Both T. latifolia and C. lacustris planted sediments also had higher extreme 

outlier count for enzymes associated with assimilatory and dissimilatory sulfate reduction. 

The higher relative abundance of sulfate reducing bacteria in T. latifolia and C. lacustris 
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planted sediments collaborates with higher porewater hydrogen sulfide concentration found 

in these sediments.  

Therefore, plants were able to either stimulate or suppress microbial communities 

and I were able to detect this plant-specific influence not only on the root associated 

microbial communities, but also in the bulk soil. This is important because if plants are to 

have a measurable influence on the functioning of a CW and removal of metals and sulfate 

from AMD impacted systems, they must be able to influence greater volume of area. Future 

studies should examine if this plant-microbe interaction allows for greater metal storage 

within the sediments of CWs.  
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Chapter 4 : Influence of Carex lacustris, Typha latifolia, Juncus 

canadensis on metal concentration and fractionation in 

constructed wetlands impacted by mining influenced waters  

 

4.1 Abstract 

Constructed wetlands are widely used in the treatment of acid mine drainage, 

however information on how the plants themselves influence metal storage and fractionation 

within these treatment systems is still lacking, especially when conducted as a time-series 

experiment.  I used sequential chemical extraction (SCE) protocol to access the long-term 

storage potential and partitioning of metals (Al, As, Co, Cu, Fe, Mn, Ni and Zn) in the 

sediments planted with Carex lacustris, Typha latifolia or Juncus canadensis. Constructed 

floating wetlands (CFW)s were deployed in two sites that were receiving mine drainage that 

was either continuously pre-treated (managed site), or sporadically treated (unmanaged site). 

Soil cores were collected from 3 CFWs from both sites over 65 weeks field study (4 

sampling points for the managed site, 5 sampling points for the unmanaged site). Soil 

samples were analyzed for total metal content and a 5-step SCE protocol. I found that both 

C. lacustris and T. latifolia planted sediments had a higher concentration Co, Cu and Ni 

compared to the unplanted control. The operationally defined fractions suggest that both of 

these plants influenced Co to preferentially associate with the acid, exchangeable and 

carbonate (AEC) fraction, Ni to associate with the AEC and amorphous iron-oxide fractions, 
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and Cu to associate with the crystalline iron-oxide. All three plants reduced [Mn] in the 

sediments, but all three plants were able to bioaccumulate Mn in their shoots. J. canadensis 

did not influence retention of metals in the sediments, except for As, which was negatively 

influenced. I also found clear temporal and site-specific influences on metal storage and 

partitioning for all the eight elements of interest. This study demonstrates plants ability to 

influence metal dynamics in the sediments and how that could be utilized to increase 

effectiveness of constructed wetlands to treat mining impacted water as a final polishing 

step.  

 

4.2 Introduction 

Mining related activities results in large quantities of tailings, waste rock, and slag 

piles that are capable of generating acid mine drainage (AMD), resulting in metal rich 

wastewater that can seriously impact receiving waters. Wetlands, natural or constructed, 

have been utilized to treat mining impacted waters. Typically, in a constructed wetland 

system, metal concentrations are measured only at the input and the output, from which 

treatment efficiencies are calculated. It has been consistently shown that wetland sediments 

account for the largest component of metal storage (Arroyo et al., 2013; Knox et al., 2010; 

Nyquist and Greger, 2009). However, measuring the total metal concentration in the 

sediments is not sufficient, since it does not inform us about the long-term fate of the metals 

in the sediments and its potential mobility if the environmental condition changes. To 

determine the long-term metal storage potential in sediments, sequential chemical 

extractions (SCE)s have been utilized (Bacon and Davidson, 2008; Filgueiras et al., 2002). 
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Currently, there are numerous SCE protocols that exists in the literature, with Tessier 

(Giacalone et al., 2005; Tessier et al., 1979; Yin et al., 2016) and Community Bureau of 

Reference (BCR) (Cappuyns et al., 2007; Kubová et al., 2004; Ptistišek et al., 2001; 

Tokalioǧlu et al., 2010) being the two most commonly used protocols. The Tessier method 

separates metals into 5 fractions, namely, (i) exchangeable, (ii) acid soluble, (iii) reducible, 

(iv) oxidizable, and (v) residual. BCR partition metals into 4 fractions, namely, (i) 

exchangeable, acid-and water-soluble, (ii) reducible, (iii) oxidizable, and (iv) residual. The 

fractions are operationally defined, but it is generally assumed that metals bound in the 

exchangeable and acid soluble fractions are potentially more mobile than metals bound in 

the reducible and oxidizable fractions. The residual fraction is considered the most stable 

fraction.  

Plants are able to influence metal concentration in soil via two primary mechanisms, 

namely through physical uptake into biomass (phytoextraction) or through stabilization of 

metals in the soil (phytostabilization) (Salt et al., 1995). It has been reported that metal 

uptake by plants only accounts for about 2 % of total metal removed (Marchand et al., 2010), 

thus in a mining impacted system, phytostabilization has the potential to have much greater 

influence on metal storage and fractionation. Wetland plants are capable of influencing pH 

and redox condition in the sediments through radial oxygen loss (ROL) from roots and 

release of organic acids (Jacob and Otte, 2003). Plants also release labile organic carbon, 

which can stimulate microbial communities, such as sulfate reducing bacteria (SRB) (Jacob 

and Otte, 2003).  

 Koretsky et al., (2008) showed that in a saltmarsh, Spartina alterniflora and Juncus 

roemarianus influenced Fe, Mn, Co, Ni, and Zn fractionation in the sediments. Almeida et 
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al., (2004) showed that in estuarine environment, sediments associated with Juncus 

maritimus had higher concentration of Cd, Cu and Zn, these metals were weakly bound to 

the sediments. Goulet and Pick (2001) studied the effects of Typha latifolia on concentration 

and partitioning of metals in four surface flow CWs in Ontario, Canada. They found that T. 

latifolia did not affect the total metal concentrations of Fe, Mn, Zn and Cu in the sediments 

and had a minimal influence on partitioning. However, comparable studies focused on the 

role of plants on metal storage and fractionation in wetland sediments impacted by mine 

drainage are still very limited. 

In 2016, I deployed 3 constructed floating wetlands (CFW)s at two different 

waterbodies impacted by mine drainage. Each CFWs was comprised of four distinct cells 

each planted with one of the following: Carex lacustris, Typha latifolia, Juncus canadensis, 

and one unplanted control containing only soil. Over the course of the 65 weeks deployment, 

I measured porewater chemistry (Chapter 2) and microbial communities (Chapter 3), as 

influenced by these three plants. In brief, I found that compared to the unplanted control, 

both C. lacustris and T. latifolia promoted reductive condition in the sediments, had high 

level of hydrogen sulfide in the porewater, and had higher relative abundance of SRB. On 

the other hand, J. canadensis promoted oxidative condition in the sediments, had a high level 

of sulfate in the porewater, and did not stimulate the growth of SRB populations.    

The goal of this chapter was to examine if the selected plants influenced metal 

storage and fractionation in CFWs and if there are temporal trends over the study period of 

65 weeks. Instead of using the Tessier or the BCR protocols, I utilized the modified 

Geologic Survey of Canada (GSC) protocol (Hall et al., 1996), which partitions metals into 

five fractions, namely, (a) acid soluble, exchangeable, and carbonates (AEC), (b) amorphous 
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iron oxide, (c) crystalline iron oxide, (d) organics and sulfides, and (e) residual (Hall et al., 

1996). I studied the following metals, aluminum (Al), arsenic (As), cobalt (Co), copper (Cu), 

iron (Fe), manganese (Mn), nickel (Ni) and zinc (Zn). Based on our porewater chemistry 

data and the microbial analyses presented in Chapters 2 and 3 respectively, I hypothesized 

that relative to the unplanted control, planted sediments will have higher metal 

concentration. Since C. lacustris and T. latifolia promoted reductive condition, increase in 

metal concentration, especially for Co, Cu, Ni and Zn will be reflected in the organic and 

sulfide fraction. On the other hand, J. canadensis that promoted oxidative conditions, and 

any associated metal increase will be reflected in the amorphous and/or crystalline iron-

oxide fractions. 

 

4.3 Methods 

4.3.1 Site characterization, CFWs deployment, soil and water collection 

Five CFWs were deployed in June 2016 in two AMD impacted waterbodies in 

Sudbury, ON, which will be referred to as the “managed” or the “unmanaged” site. The 

CFWs design, soil mixture, plant selection criteria, and study sites has been described 

previously in Chapters 1 and 2. Briefly, each CFW consisted of four equal sized 

compartments, and contained one of the following: soil-only (unplanted control), soil + 

Carex lacustris (lake sedge), soil + Typha latifolia (broadleaf cattail), soil + Juncus 

canadensis (Canada rush). Three CFWs out of five were selected for soil sampling for the 

duration of the experiment. CFWs were allowed to stabilize for one month prior to sampling 



 

 

113 

in July 2016 (week 5). Subsequent samples were collected in August 2016 (week 10), 

October 2016 (week 19), May 2017 (week 50) and August 2017 (week 65). Week 65 

sampling was only conducted at the unmanaged site. At each sampling point, soil cores were 

collected using a small sediment corer from all four compartments from three individual 

CFWs and stored in sterile WhirlPak® bags and were kept on ice while in the field. 

Additional soil cores were collected to measure pH using a YSI multiprobe. At each 

sampling point, three water samples were also collected from both AMD impacted water 

bodies and stabilized using 1% v/v concentrated nitric acid and were stored on ice. Water 

samples were transported to an ISO certified, XPS laboratory in Sudbury, ON for analysis on 

an ICP-MS (ISO/IEC 17025 Accredited) (Table 4.1).  

 

4.3.2 Baseline soil mixture chemical characterization 

A homogenized soil mixture consisting of top soil (50%), (sources from Hollandia 

Land and Environmental Services), black earth (25%) and peat moss (25%) was prepared. 

Prior to the deployment, three homogenized subsamples from our soil mixture were sent for 

total metal, carbon, and sulfur analysis to the Geoscience Laboratories in Sudbury, ON 

(Ontario Geological Survey, ISO 9001:2008 certified). For total metal analyses, aqua regia 

digests were performed on the soil samples and the digests were analyzed on two 

instruments, ICP-MS (Perkin Elmer Elan 9000) and ICP-AES. Carbon and sulfur (ISO/IEC 

17025 Accredited) determination was conducted using IRC-100 method (Geoscience 

laboratory, Sudbury, ON) by combusting the sample in an oxygen-rich environment, and 

oxidation of carbon and sulfur, which were the measured by infrared absorption (Table 4.2).  
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Table 4.1 Site open water characterization as measured by ICP-MS, expect for pH, which was measured in-field. 

 

 

 

 
Site Week 5 Week 10 Week 19 Week 50 Week 65 

 

pH 

Managed 6.87 ± 0.06 7.2 ± 0.57 7 ± 0 7.23 ± 0.4 - 

Unmanaged 7.1 ± 0.3 7.35 ± 0.07 7.2 ± 0.1 4.73 ± 0.06 4.2 ± 0 

 

SO42-  

(ppm) 

Managed 379.67 ± 11.55 305 ± 73.54 329 ± 0 305.67 ± 2.08 - 

Unmanaged 351 ± 8.66 344.5 ± 3.54 327 ± 1.73 325 ± 2.65 317.67 ± 0.58 

 

 Elemental concentration (ppm) 

 

Al  

Managed 0.08 ± 0.02 0.32 ± 0.05 0.2 ± 0.1 0.2 ± 0.2 - 

Unmanaged 0.05 ± 0.01 0.22 ± 0.01 0.23 ± 0.03 1.38 ± 0.01 1.94 ± 0.03 

 

As 

Managed 0.008 ± 0.003 0.018 ± 0.008 0.01 ± 0.001 0.026 ± 0.026 - 

Unmanaged < 0.0009 < 0.0009 < 0.0009 < 0.0009 < 0.0009 

 

Co 

Managed 0.006 ± 0.001 0.008 ± 0.004 0.003 ± 0 0.006 ± 0.002 - 

Unmanaged 0.06 ± 0 0.02 ± 0 0.04 ± 0 0.15 ± 0 0.2 ± 0 

 

Cu 

Managed 0.02 ± 0.01 0.12 ± 0.01 0.02 ± 0 0.11 ± 0.12 - 

Unmanaged 0.35 ± 0.02 0.19 ± 0 0.31 ± 0.01 2.7 ± 0.01 3.55 ± 0.12 

 

Fe 

Managed 21.42 ± 31.25 137.74 ± 188.47 3.09 ± 0.62 3.79 ± 3.23 - 

Unmanaged 0.2 ± 0.06 0.29 ± 0.03 1.42 ± 0.16 0.32 ± 0.01 0.57 ± 0.02 

 

Mn 

Managed 0.07 ± 0.02 0.2 ± 0.22 0.04 ± 0 0.04 ± 0.01 - 

Unmanaged 0.09 ± 0 0.03 ± 0 0.07 ± 0 0.19 ± 0 0.25 ± 0 

 

Ni 

Managed 0.25 ± 0.33 0.1 ± 0 0.09 ± 0 0.13 ± 0.06 - 

Unmanaged 2.03 ± 0.13 0.6 ± 0 1.14 ± 0.06 4.42 ± 0.03 5.75 ± 0.03 

 

Zn 

Managed 0.005 ± 0.002 0.015 ± 0.008 0.006 ± 0.002 0.007 ± 0.004 - 

Unmanaged 0.03 ± 0 0.01 ± 0 0.02 ± 0.01 0.08 ± 0 0.11 ± 0 
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Table 4.2 Baseline elemental concentration in soils prior to deployment in the AMD impacted water body. 

 

 
Metal concentration 

(mg/Kg)  

 % weight 

Al 3129.67 ± 283.81 - 

As 1.67 ± 0.15 - 

Co 3.15 ± 0.46 - 

Cu 22.33 ± 1.51 - 

Fe 4556.67 ± 416.28 - 

Mn 93.33 ± 8.14 - 

Ni 26 ± 3.61 - 

Zn 49.37 ± 7.32 - 

Total S - 0.09 ± 0.01 

Carbon 

(as CO2) 

- 59.37 ± 0.79 

 

4.3.3 Soil sample processing 

Immediately after reaching the laboratory at the Vale Living with Lake Centre 

(VLWLC), Laurentian University, soil samples were transferred to a -20 C freezer. Once 

the samples were frozen, they were freeze-dried using a LABCONCO FreeZone Bulk Tray 

Dryer. Soil samples were homogenized and pulverized using a marble mortar and pestle and 

sieved through 250 microns mesh.  

For the sequential chemical extraction (SCE) protocol, 1.00 g of finely ground soil 

sample was transferred into a 50 mL conical tube. In total, there were 108 samples (48 from 

the managed site, 60 from the unmanaged site). Certified reference materials (CRM)s, 

STSD-3 (n= 5) and TILL-2 (n = 5) acquired from Natural Resources of Canada were used 

concurrently in the SCE protocol. Sample duplicates (n = 5) were also processed in the same 

way. Reagent blanks (n = 5) were also run concurrently to correct for background metal 

contamination.  
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For total metals analyses, 0.5 g of finely ground soil samples (n = 108) were 

transferred into a 50 mL conical tube for aqua regia digestion. CRMs STSD-3 (n = 5) and 

TILL-2 (n = 5), sample duplicates (n = 5), and reagents blanks (n = 5) were also processed 

concurrently.  

 

4.3.4 Extraction protocol 

4.3.4.1 Total metal extraction protocol 

To 0.50 g of soil, 9 mL of nitric acid and 3 mL of hydrochloric acid was added and 

briefly vortexed. Conical tubes were placed in a programmable digestion block (Questron 

Technologies Corp) under the following parameters: 110 C (ramp time 30 min) for 300 

min. Once cooled, the digest was diluted up to 50 mL with deionized water. Only trace grade 

chemicals were used.  

4.3.4.2 Sequential chemical extraction protocol 

For SCE, I choose a modified GSC protocol which have 5 operationally defined 

fractions, (i) AEC, (ii) amorphous iron oxide, (iii) crystalline iron oxide, (iv) organics and 

sulfides, and (v) residuals (Hall et al. 1996). I chose the GSC protocol because it groups 

together the most mobile phases (acid soluble, exchangeable, and carbonates) into one 

fraction (AEC fraction). Second, it separates out reducible fractions into two phases, poorly-

crystallized iron oxide (amorphous fraction) and a well-crystallized iron-oxide (crystalline 

fraction). The ability to differentiate between two phases of reducible iron-oxides allowed us 

to better gauge the metal stability, since the well-crystallized iron oxides are much more 

stable than the poorly-crystallized iron-oxide (Hall et al., 1996; Ure and Davidson, 2002). In 
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fact, some workers have stated that well-crystallized iron-oxide might be more stable 

fraction than the organic and sulfide fraction (Filgueiras et al., 2002). However, for the 

purposes of this paper, I are going to assume that the organic and sulfide fraction is more 

stable fraction. Organic and sulfide fraction is also called oxidisable fraction and in this 

fraction trace metals binds with organic matter or precipitate as metal sulfides (Ure and 

Davidson, 2002). 

To extract the AEC fraction, 1 M ammonium acetate at pH 5 was used. 20 mL of 

reagent was added and briefly vortexed, followed by 6 h of mixing in a horizontal shaker at 

the room temperature. Conical tubes were then centrifuged for 10 min at 2600g with slow 

deceleration and the supernatant was retrieved by filtering through Whatman 1 filter in a 

fresh 50 mL conical tube. 10 mL of deionized water was added, vortexed, and centrifuge. 

Supernatant was retrieved using filtration. The extractant was diluted up to 30 mL mark with 

deionized water. The soil samples were washed with 10 mL of deionized water.  

To extract the amorphous iron-oxide fraction, 0.25 M hydroxylamine hydrochloride 

in 0.05 M HCl was used. To the previous soil samples, 20 mL of the reagent was added and 

vortexed briefly. The conical tubes were placed in a water bath at 60 °C for 2 h and were 

vortexed every 30 min. The conical tubes were then centrifuged for 10 min at 2600 x g with 

slow deceleration and the supernatant was retrieved by filtering through a Whatman 1 filter 

in a fresh 50 ml conical tube. 5 mL of deionized water was added, vortexed, centrifuged and 

the supernatant was retrieved again. The previous step was repeated once and the extractant 

was diluted up to the 30 mL mark with deionized water. To minimize carry over to next 

extraction step. a second leach was conducted with 20 mL reagent at 60 °C for 30 min, 

however the supernatant was discarded.  
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To extract the crystalline iron-oxide fraction, two reagents were used. Reagent 1 was 

1.00 M hydroxylamine hydrochloride in 25% acetic acid and reagent 2 was 25% v/v acetic 

acid. To the previous soil samples, 30 mL of reagent 1 was added and briefly vortexed. 

Conical tubes were placed in a water bath at 90 °C for 3 h (lids loosely tightened), and 

vortexed every 20 min. After the water bath, the conical tubes were then centrifuged for 10 

min at 2600g with slow deceleration and the supernatant was retrieved by filtering through 

Whatman 1 filter in a fresh 50 mL conical tube. 10 mL of reagent 2 was added, vortexed and 

centrifuged for 10 min. The supernatant was retrieved through filtration. The previous step 

was repeated once and the extractant was diluted up to 50 mL mark with deionized water. A 

second leach was conducted with 30 mL of reagent 1 at 90 °C for 1.5 h, however the 

supernatant was discarded.  

To extract the organic and sulfide fraction, I deviated from the GSC protocol and 

intead used the BCR method (Tokalioǧlu et al., 2010). This changed was made because the 

orginal GSC protocol uses perchlorate as one of the reagents, which is a powerful oxidizing 

agent and requires specialized equipments. Instead I used the following two reagents. 

Reagent 1 was 30% hydrogen peroxide (H2O2), and reagent 2 was 1M ammonium acetate at 

pH 2 (using 70% nitric acid). H2O2 reacts strongly with organic carbon, which results bubble 

over events. Due to this, this extraction was broken down into multiple steps with smaller 

reagents volumes and temperature was gradually raised. To the previous soil samples, 5 mL 

of 30% H2O2 was added and shaken for 1 hr at the room temperature. The tubes were then 

placed in a water bath at 65°C and temperature was slowly ramped to 85 °C and shaken for 

additional 1 hr. H2O2 was then evaporated in a heating block (temperature was slowly 

ramped from 90 °C to 110 °C). The previous three steps were repeated twice. Then, 50 mL 
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of reagent 2 was added at shaken for 1 hr at 85 °C water bath, followed by 16 hours in a 

horizontal shaker at the room temperature. Reagent 2 minimizing the problem of 

readsorption of metals into the residual phase (Filgueiras et al., 2002). The conical tubes 

were then centrifuged for 10 min at 2600g with slow deceleration and the supernatant was 

retrieved by filtering through Whatman 1 filter in a fresh 50 mL conical tube. The extractant 

was diluted up to 50 mL mark with deionized water.  

To extract the residual fraction, 9 mL of nitric acid and 3 mL of hydrochloric acid 

were added to the previous soils and briefly vortexed. Conical tube were placed in 

programable digestion block (Questron Technologies Corp) under following parameters: 110 

C (ramp time 30 min) for 5 h. Once cooled, the digest was diluted up to 50 mL mark with 

deionized water.  

4.3.5 Analytical technique and QA/QC 

Due to a large number of soil samples, sequential chemical extractions and total 

extraction protocols were conducted over five different batches (n = 24). For inter-batch 

precision, CRMs were run concurrently in each batch and coefficient of variation (CV) was 

calculated for each element of interest (SI Table 16). For intra-batch precision, one sample 

duplicate in each batch was processed and relative percent difference (RPD) was calculated 

for each element of interest (SI Table 7). Method blanks (n = 5) were also ran concurrently 

and all results were blank-corrected.  

Digests were analyzed on a quadrupole ICP-MS (Varian 810) at the Elliot Lake 

Research Field Station located at Laurentian University. An internal standard solution 

containing blend of Be, Re and Ru was run to correct for mass bias and calibration drift. To 

measure instrument precision, one extract in each batch was run twice and RPD was 
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calculated (SI Table 18). When the values were below the instrument detection limit, they 

were removed from further analyses.  

The SCE percent recovery relative to the total extraction protocol for all eight 

elements was calculated by first summing values from fraction 1 through 5, and then 

dividing it by the total extraction value (SI Table 19). Soil core samples SCE percent 

recovery ranged from 53.07 ± 9.52 % for Cu to 105.43 ± 21.08 % for As.  

Total digest percent recovery was calculated by dividing averaged CRMs digest 

values by the certified values (SI Table 20). Total digest percent recovery ranged 100.26 % 

to 120.25 % for STSD-3 CRM and 107.08 % to 129.73 % for TILL-2 CRM. 

 

4.3.6 Data and statistical analysis 

I were interested in eight metals (Al, As, Co, Cu, Fe, Mn, Ni, and Zn) within the soil 

cores collected from three CFWs deployed at the two sites. All of these elements are 

commonly found in a mining impacted system and were present at a detectable level in our 

study sites. For each element of interest, values from the SCE protocol and total digest 

protocol (n = 3) were averaged and standard errors were calculated. For the SCE, averaged 

values from all five fractions were plotted as a function of sampling week and the site and 

represented as stacked bar plots (Figures 5.1 – 5.4). For total digests, averaged values were 

plotted as a function of sampling week and the site and represented as bar plots (Figures 5 – 

6). Data to create these sets of figures are compiled in SI tables 21 – 26.  

The aim of statistical analyses was to identify if plants influenced metal 

concentrations in the soil within each SCE fraction compared to the unplanted control and 

over a 65-week long continuous study design. To conduct this, I used linear mixed effect 
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(LME) models that were individually run for each metal of interest as a dependent variable. 

For SCE fractions 1, 2, 3, and 4, treatment and sampling week were categorical variables, 

soil pH was continuous variable, and site was categorized as a random variable (Schober et 

al. 2018). The “treatment” consisted of either the unplanted control, C. lacustris, T. latifolia, 

or J. canadensis. Sampling week was defined as either week 5, 10, 19, 50 and 65. For total 

digests, model parameters were identical to the SCE fractions, except for inclusion of open 

water pH as a continuous variable. Metal concentrations were checked for normality using 

Shapiro-Wilk, Skewness and Kurtosis test. For each model, an ANOVA test was performed 

using the Satterthwaite’s method (Arnau et al 2012). For each dependent variable, along with 

model coefficients, conditional R2 and marginal R2 were calculated and the significant 

differences were considered when p < 0.05 (Tables 5.3 – 5.7). All data, statistical analyses 

and graphs were conducted in R using the following packages: dplyr (Wickham et al., 2018), 

psycho (Makowski, 2018), lmerTest (Kuznetsova et al., 2017), ggplot2 (Wickham, 2016b), 

and ggpubr (Kassambara, 2018). 

 

4.4 Results and Discussion  

For metal fractionation, I used a modified GSC protocol that results in five 

operationally defined fractions, AEC, amorphous iron-oxide (poorly crystalline), crystalline 

iron-oxide, organics and sulfide and residual. Note that since I created our own soil mix and 

used in it all CFWs at both sites, I will not discuss the residual fraction in detail because this 

fraction is primarily driven by parent rock material composition  (Zimmerman and 

Weindorf, 2010).  
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The first objective was to determine if C. lacustris, T. latifolia and J. canadensis had 

any influence on metal content and fractionation compared to the unplanted control, over 

time. Plants can influence metal concentrations in two ways; (i) phytoextraction, which will 

result in lower metal concentration in soils, or (ii) phytostabilization whereby plants modify 

conditions in soil that will either promote metal stability (resulting in higher metal 

concentrations in the soils) or mobilization (resulting in lower metal concentration in soils). 

However, given the study design, I can designate the plant influence as being net negative 

(less metals in the soil) or as net positive (more metals in soils) compared to the control.  If 

plants have no net influence, then the concentrations should not significantly differ from the 

unplanted control.  

The second objective was to determine if there was a temporal influence. This was a 

continuous study that lasted for a period of 65 weeks. Given the field-based nature of this 

study, seasonal influences were imbedded within the temporal pattern. I should expect that 

over time metals will adsorb to the sediments, thereby increasing the total metal 

concentration. Also, since the soil within the CFWs were fully submerged, anoxic conditions 

should dominate and influence metal fractionation. The initial sampling week (week 5), was 

used as a baseline and all the other weeks were compared against it. 

 

4.4.1 Aluminum 

Total [Al] in the planted sediments did not significantly differ from the unplanted 

control (Figure 4.5a). Instead, the LME models showed a strong negative correlation with 

sampling week, especially weeks 19, 50 and 65, all of which had lower [Al] in soils 

compared to week 5 (Table 4.7).  Though plants had no significant influence on [Al] in the 
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sediments, the pool of Al decreased in the sediments. Since the open water [Al] remained 

low (i.e. little resupply), it would suggest that Al was leaching from the soil. Base cations 

(K+, Na+, Ca+, Mg+) provide buffering capacity against soil acidification and are first to be 

displaced by H+ (Jiang et al., 2018). At pH less than 4.5, dissolution of aluminum-bearing 

minerals becomes primarily source of buffering. pH in our CFWs porewater never reaches 

that level, but it is still in the acidic range (~5.8 – 6.6), which is potentially causing the 

decrease in [Al] in the sediments.  

Throughout all the sediments cores, Al was primarily associated with the amorphous 

iron-oxide, crystalline iron-oxide, and organic and sulfide fraction (Figure 4.1a). The AEC 

fraction was the least dominant form with which Al was associated. Compared to the 

unplanted control, all three plants only had a significant negative influence on the 

amorphous iron-oxide fraction (Table 4.4). Time had a negative influence on Al 

fractionation, with organic and sulfide (week 10), AEC (week 19) and amorphous iron oxide 

(week 19 and 50) fractions decreasing (Tables 5.3, 5.4, 5.6). Only the Al associated with the 

crystalline iron oxide fraction increased with time (week 19 and 50) (Table 4.5). Overall, 

there were no site-specific and plant-specific differences in Al fractionation in the sediments. 

It is also possible that the sequential extraction protocol used here was not able to fractionate 

Al properly (Dai et al., 2011).  
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Figure 4.1 Metal speciation for (a) aluminum, and (b) arsenic in the sediments collected from CFWs over the 

course of 50 weeks at the managed site and 65 weeks at the unmanaged site as determined by the sequential 

chemical extraction protocol. The sum of each stack bar plot is an averaged value from 3 replicates and 

represents pseudo-total.  
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4.4.2 Arsenic 

Arsenic is a trace toxic metalloid that is commonly found in the mining impacted 

waters (Serrano and Leiva, 2017). At the unmanaged site, there was no difference in the [As] 

between the unplanted and the planted sediments (Figure 4.5b). Open water [As] at the 

unmanaged site was below the instrument detection limit, which could explain why total 

[As] and fractionation remained relatively stable throughout the study. Whereas, at the 

managed site, total [As] in the unplanted control increased over the duration of the 

experiment, while no corresponding increase was evident in all the planted sediments 

(Figure 4.5b). Overall, the LME model, showed that both T. latifolia and J. canadensis had a 

small, but statistically significant negative effect on total [As] in soil compared to the 

unplanted control.  

Compared to week 5, weeks 50 and 65 had a positive effect on the total [As] and 

open water pH a strong positive influence on [As] (Table 4.7). Though this pattern is largely 

driven by the unplanted control at the managed site.  

Arsenic reactivity differs from other metals, such as Cu, Zn, Fe and Mn, due to which 

the condition under which arsenic is removed are unique (Lizama A. et al., 2011). CWs are 

capable of removing arsenic, with precipitation, coprecipitation and sorption been the 

primarily mechanisms (Lizama A. et al., 2011). In oxidizing conditions, dissolved arsenic 

species can be precipitated with ferric iron, however it requires high concentration of 

arsenic, which was not the case in our sites (Lizama A. et al., 2011). Microbially mediated 

sulfate reduction has also been shown to be an effective strategy to remove arsenic as an 

arsenosulfide minerals from AMD impacted water in a batch reactor (Lizama A. et al., 2011; 

Serrano and Leiva, 2017). Interestingly, both the T. latifolia (promoted reducing conditions 
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and high relative SRB abundance) or J. canadensis (promoted oxidizing conditions) had a 

net negative influence on total [As], even when other studies have shown a net positive 

influence of plants on As removal and storage in the sediments due to higher availability of 

organic carbon and greater adsorption capacity (Redman et al., 2002; Singhakant et al., 

2009).  

Throughout all the sediments cores, As was primarily associated with the AEC 

fraction, followed by the crystalline iron-oxide fraction (Figure 4.1b). In regard to the plant 

specific influence on As, within the AEC fraction, generally all the plants had a negative 

influence on [As], arranged in decreasing order of effect: J. Canadensis > T. latifolia > C. 

lacustris (Table 4.3). Within the crystalline iron-oxide fraction, the plant specific effect 

differed among the sites. Overall the LME model for the crystalline iron-oxide fraction 

showed that only T. latifolia had a small, but significant negative influence on As 

fractionation (Table 4.5).  

Time overall had a positive influence on arsenic fractionation. As associated with 

amorphous iron oxide (week 19, 50, 65), crystalline iron oxide (week 50, 65) and organic 

and sulfide (week 19, 50, 65) fractions increased with time, which was expected since 

arsenic has a strong affinity to sorb to Fe and/or Mn oxide or with organic matter (Redman et 

al., 2002; Serrano and Leiva, 2017). Overall, plants had a net negative influence on [As] 

with majority of the As associated with the AEC fraction, which is the most mobile fraction.  

4.4.3 Cobalt 

Co in the soil cores analyzed by the total digest, showed that at the managed site, 

[Co] remained relatively stable among all the treatments and hovered around 6.5 mg/kg 

dried soil. At the unmanaged site, [Co] increased in soil increased over the course of the 
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experiment in all the treatments. In the T. latifolia sediments, [Co] increased from 12.81 ± 

2.66 mg/kg dried soil (week 5) to 28.3 ± 4.73 mg/kg dried soil (week 65), while in the C. 

lacustris sediments, [Co] increased from 10.9 ± 1.82 mg/kg dried soil (week 5) to 25.93 ± 

0.18 mg/kg dried soil (week 65), From the LME model, both T. latifolia and C. lacustris had 

a statistically significant positive influence on the [Co] compared to the unplanted control. 

Open water pH had a significant negative relationship with [Co] though.  

At the managed site, Co fractionation did not differ between the treatments 

throughout the study period. Co showed similar association ratios with the AEC, amorphous 

iron-oxide, and crystalline iron-oxide fractions throughout the study period. However, Co 

association with the organic and sulfide fraction appeared to have an increase over the course 

of 50 weeks in all the sediments.  

At the unmanaged site, Co fractionation showed both treatment and temporal 

influences. In the planted sediments, Co was primarily associated with the AEC and 

amorphous iron-oxide fractions. By week 65, [Co] associated with the AEC fraction in all 

the planted cells (5.42 ± 1.63 to 8.83 ± 2.31 mg/kg dried soil) was significantly higher than 

the unplanted control (1.84 ± 0.39 mg/kg dried soil). Overall, the LME model showed that 

both C. lacustris and T. latifolia had significant positive influence on [Co] in soils in the 

AEC fraction. In regard to the temporal influence on Co fractionation, week 10 did not 

statistically differ from week 5. Week 19 had a significant negative influence on [Co] in the 

amorphous iron-oxide, while positive influence in the crystalline iron-oxide and organic and 

sulfide fractions. Week 50 had a positive influence in the AEC, crystalline iron-oxide, and 

organic and sulfide fractions, while week 65 had a positive influence in the AEC, amorphous 

iron-oxide, and organic and sulfide fractions.  
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Site specific differences in Co behavior could be due to very low open water [Co] at 

the managed site (0.003 ± 0.00 - 0.008 ± 0.004) compared to the unmanaged site (0.02 ± 

0.00 - 0.2 ± 0.00) and open water pH which was negatively correlated with the total [Co] in 

the sediments (Table 4.7). It is surprisingly that Co, which is a siderophile and is commonly 

associated with iron-manganese oxide, did not had higher concentration in the oxidative 

sediments of J. canadensis (Koretsky et al., 2008). Increase in [Co] in the sediments of C. 

lacustris and T. latifolia was reflected in the AEC which is most mobile fraction and 

therefore does not represent a stable long-term storage option.  

4.4.4 Copper 

Cu in the soil cores analyzed by the total digest, showed that at the managed site, 

[Cu] remained relatively stable among all the treatments and hovered around 40 mg/kg dried 

soil. Whereas, at the unmanaged site, for sampling weeks 50 and 65, [Cu] was positively 

influenced by both, C. lacustris and T. latifolia. Specifically, at week 65, [Cu] in the 

unplanted control was 321.33 ± 69.2 mg/kg dried soil, while in the sediments of C. lacustris 

and T. latifolia [Cu] was 1289.67 ± 182.07 mg/kg dried soil and 713.67 ± 255.63 mg/kg 

dried soil, respectively (Figure 4.5d). Overall, the LME model supports this observation 

(Table 4.7). This sudden increase [Cu] in the sediments of C. lacustris and T. latifolia 

corresponds with elevated open water [Cu] at the unmanaged site for weeks 50 (2.7 ± 0.01 

mg/L) and 65 (3.55 ± 0.12 mg/L). Noticeably, [Cu] in the sediments of the unmanaged site 

(72.23 ± 2.85 mg/kg dried soil – 1289.67 ± 182.07 mg/kg dried soil) was a significantly 

higher than that of the managed site (33.87 ± 1.39 mg/kg dried soil – 58.50 ± 14.18 mg/kg 

dried soil), which could also be the result of differences in the open water [Cu] (Table 4.1).  
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At the managed site, the plant specific influences on Cu fractionation were not 

evident. Instead, over the duration of 50 weeks, Cu associated with the crystalline iron-oxide 

fraction decreased, while Cu associated with the organic and sulfide fraction increased. The 

pattern was evident in all of the planted and unplanted sediments. Cu which is a chalcophile 

element is primarily associated with organic matter and sulfide (under anoxic conditions) in 

the soil. Other studies have shown that majority of Cu in planted and unplanted sediments 

was associated with the organic and sulfide fraction (Chagué-Goff, 2005; Koretsky et al., 

2008). If the anoxic condition persists, Cu associated with the organic and sulfide fraction 

will continue to increase, which will represent a stable, long-term storage pool.  

At the unmanaged site, both C. lacustris and T. latifolia had a significant influence 

on Cu fractionation. At week 65, Cu associated with AEC fraction was significantly higher 

in the sediments of C. lacustris (102.53 ± 31.77 mg/kg dried soil) and T. latifolia (54.75 ± 

33.75 mg/kg dried soil) compared to the unplanted control (7.67 ± 3.71 mg/kg dried soil). At 

weeks 50 and 65, Cu associated with the crystalline iron-oxide fraction was significantly 

higher in the sediments these two plants compared to the unplanted control. Plant influence 

was clearly evident at week 65, when [Cu] in the unplanted control was 114.40 ± 33.17 

mg/kg dried soil, while in the C. lacustris and T. latifolia planted sediments were 436.00 ± 

68.89 mg/kg dried soil and 300.00 ± 110.04 mg/kg dried soil, respectively. This observation 

was supported by the LME model which showed that overall, both C. lacustris and T. 

latifolia (p < 0.01) and week 65 (p < 0.001) had positive influence on [Cu] in the soil 

compared to the unplanted control and week 5, respectively. Cu associated with the organic 

and sulfide fraction was also influenced by these two plants. By week 65, [Cu] in the 

unplanted control was 63.27 ± 11.28 mg/kg dried soil, while in C. lacustris and T. latifolia 
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sediments [Cu] were as follows, 152.33 ± 25.75 mg/kg dried soil and 116.7 ± 36.17 mg/kg 

dried soil, respectively. In regard to the temporal effect, Cu associated with the organic and 

sulfide fraction, weeks 19 (p < 0.05), 50 (p < 0.001) and 65 (p < 0.001), all had a positive 

influence.   

At the unmanaged site, Cu associated with the crystalline iron oxide had the greatest 

increase. Sequential extraction with hydroxylamine HCl, which was used in the extraction of 

the crystalline iron oxide fraction, has been shown to attack metals bound to the organic 

fraction. This leads to dissolution of metals (i.e. underestimation of the organic and sulfide 

fraction), and readsorption to the crystalline iron-oxide fraction (i.e. leading to 

overestimation) (Filgueiras et al., 2002). However, I do not think the strong association of 

Cu with crystalline iron oxide fraction at the unmanaged site is due to dissolution and 

readsorption. At the managed site, Cu associated with the organic and sulfide fraction 

increased over time, and since all the samples were processed and extracted using the same 

protocol, reagent interference could not be the cause of this. Additionally, both C. lacustris 

and T. latifolia planted sediments had high concentrations of sulfide in the porewater 

(Chapter 3), with which it could have formed copper-sulfide precipitate. I performed a 

separate extraction protocol using sodium pyrophosphate which specifically targets organic 

matter without disturbing the iron-oxide or sulfide bound metals to better access metal 

complexation with organic matter (Hall and MacLaurin, 1996; Miller et al., 1986). However, 

the extraction efficiencies were very poor (data not shown). Overall, when the [Cu] 

increased in the water, both C. lacustris and T. latifolia are effective at removing Cu and 

partitioning it in the crystalline iron-oxide fraction and represents a stable long-term storage 

potential. 
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Figure 4.2 Metal speciation for (a) cobalt, and (b) copper in the sediments collected from CFWs over the course 

of 50 weeks at the managed site and 65 weeks at the unmanaged site as determined by the sequential chemical 

extraction protocol. The sum of each stack bar plot is an averaged value from 3 replicates and represents 

pseudo-total.
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4.4.5 Manganese 

Mn analyzed by total digestion showed a decrease in concentration over the course of 

the experiment at both the sites and the plant species (Figure 4.6a). This decrease in [Mn] in 

the planted sediment correlates well with the high translocation factor all three plants 

(Chapter 3), suggesting that plants are extracting and accumulating Mn in their above ground 

biomass (shoots).   

Throughout all the sediments cores, Mn was primarily associated with the AEC 

fraction, followed by the organic and sulfide fraction (Figure 4.3a). In contrast, Koretsky et 

al., (2008) found that Mn was primary associated with the organic and sulfide fraction and 

had a strong correlation with reductive conditions in the sediments driven by the plants 

(Juncus and Short Spartina) and very little Mn was extracted with the AEC fraction. I 

however found no significant influence of plants on Mn association with either crystalline 

iron-oxide or organic and sulfide fractions. Furthermore, within the amorphous iron-oxide 

fraction, only J. canadensis had a significant (p < 0.05) positive influence on [Mn] in the soil 

compared to the unplanted control, which correlates well with oxidative environment in its 

sediment.  

In regard to the temporal influence on Mn fractionation, week 19 had a significant 

negative influence on [Mn] in the AEC and amorphous iron-oxide fraction, while a positive 

influence in the organic and sulfide fractions. Week 50 had a negative influence in the 

crystalline iron-oxide, while a positive influence in the organic and sulfide fractions. Overall, 

Mn association with AEC fraction as acidification can cause dissolution of carbonates and 

release of Mn back into the system (Filgueiras et al., 2002). In our case, sediments do not 
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present a stable long-term storage of Mn, however all the three plants are able to 

phytoextract Mn.  

4.4.6 Iron 

Plant did not influence total [Fe] in the sediments, however there was a temporal 

influence, as total [Fe] in all the sediment cores decreased compared to week 5 (Figure 4.6.b 

and Table 4.7). Throughout all the sediments cores, Fe was primarily associated with the 

crystalline iron-oxide fraction. At the managed site, the amorphous iron-oxide fraction was 

the second most abundant, whereas, at the unmanaged site, organic and sulfide fraction was 

the second most abundant (Figure 4.3b). Interesting plants had no influence on Fe 

fractionation in the sediments either. I were expecting J. canadensis planted sediments to 

have a higher total [Fe] with a strong selective association with iron-oxide fractions.  On the 

other hand, Fe fractionation was influenced temporally. At week 19, the amorphous iron-

oxide fraction was negatively impacted, while both the crystalline iron-oxide and the organic 

and sulfide fraction were positively impacted. At week 65, both the AEC and the amorphous 

iron-oxide fraction were positively impacted, while the crystalline iron-oxide fraction was 

negatively impacted. It is possible that the lack of plant influence on [Fe] and fractionation 

was due to low concentration of Fe in the open water. 
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Figure 4.3 Metal speciation for (a) manganese, and (b) iron in the sediments collected from CFWs over the 

course of 50 weeks at the managed site and 65 weeks at the unmanaged site as determined by the sequential 

chemical extraction protocol. The sum of each stack bar plot is an averaged value from 3 replicates and 

represents pseudo-total. 
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4.4.7 Nickel 

Ni analyzed by total digestion showed that at the managed site, there was no 

significant difference between the planted sediments and the unplanted control (except for 

week 10).  

At the unmanaged site, [Ni] was consistently higher in the sediments planted with C. 

lacustris and T. latifolia over the entire duration of the experiment. By week 65, [Ni] in C. 

lacustris and T. latifolia was 824.67 ± 36.22 mg/kg dried soil and 836 ± 209.58 mg/kg dried 

soil, respectively, which was two times higher than the unplanted control (386.67 ± 50.53 

mg/kg dried soil) (Figure 4.6c). The LME model supported this observation and both C. 

lacustris (p < 0.01) and T. latifolia (p < 0.001) had a statistically significant positive 

influence on the [Ni] compared to the unplanted control. 

At the managed site, Ni fractionation was primarily driven by temporal influence 

(Figure 4.4a). Early on in the experiment, Ni was associated with the amorphous iron- oxide 

and the AEC fraction. However, as the weeks progressed, Ni associated with these two 

fractions steadily decreased, while Ni associated with the organic and sulfide fraction 

increased over the same period. This pattern was evident in all the sediments cores collected 

from the planted sediments and the unplanted control.  This suggest that due to anoxic 

conditions in the CFWs, Ni was getting increasingly associated with sulfide (Koretsky et al., 

2008), however, it does not explain why similar pattern were seen in the sediments of J. 

canadensis.  

In contrast, at the unmanaged site, Ni fractionation was heavily influenced by the 

plants. Within the AEC fraction, [Ni] increased over the course of the experiment. Both, 

week 50 and 65 had higher concentrations of Ni associated with the AEC fraction in the 
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planted cells compared to the unplanted control. Specifically, at week 65, T. latifolia had 274 

± 105.22 mg Ni/kg dried soil, C. lacustris had 203 ± 37.98 mg Ni/kg dried soil, and J. 

canadensis had 113.5 ± 45.77 mg Ni/kg dried soil, whereas, the unplanted control only had 

44 ± 11.4 mg Ni/kg dried soil (Figure 4.4a). However, the LME model showed that only C. 

lacustris (p < 0.05) and T. latifolia (p < 0.01) had a significant positive influence on Ni 

accumulation in the AEC fraction.  

Ni associated with carbonates (AEC fraction) can be an effective phase for storing Ni in the 

wetlands and typically occurs under the reducing conditions (Di Luca et al., 2011; Vymazal 

et al., 2010). 

Ni associated with the amorphous iron-oxide fraction also increased over the course 

of the experiment, and planted cells had more Ni than the unplanted control. At week 5, the 

unplanted control had [Ni] of 20.2 ± 1.39 mg/kg dried soil which increased to 61.83 ± 6.96 

mg/kg dried soil by week 65. T. latifolia had highest increase in [Ni] by week 65 (224.33 ± 

68.86 mg/kg dried soil), followed by C. lacustris (166 ± 18.08 mg/kg dried soil) and J. 

canadensis (101.97 ± 25.71 mg/kg dried soil). Due to variability among the two sites, the 

LME model showed that only the T. latifolia had significantly (p < 0.01) positive influence 

on Ni compared to the unplanted control. Ni associated with the crystalline iron-oxide 

fraction was also positively influenced by both, C. lacustris (p < 0.05) and T. latifolia (p < 

0.01). However, none of the plants had any significant influence on Ni associated with the 

organic and sulfide fraction.  

In regard to the temporal effect, time had a positive influence on the form Ni was 

association with. LME models showed that week 19 had positive influence on the crystalline 

iron-oxide and organic and sulfide fractions. Both, week 50 and 65 has a positive influence 
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on Ni associated with all four fractions. [Ni] in the sediments of the unmanaged site was a 

magnitude higher than that of the managed site, which could have resulted in the different Ni 

fractionation pattern observed at these two sites. This overall increase in [Ni] in the 

sediments of the unmanaged site could have been result of significantly higher open water 

[Ni] present at this site (Table 4.1).  

 

4.4.8 Zinc 

Zn analyzed by total digest also showed no significant difference in [Zn] between the 

planted and the unplanted control (Figure 4.6d). However, total [Zn] increased during weeks 

10 and 19 in majority of the sediments, an observation which was supported by the LME 

model. However, by week 50, [Zn] reverted back to the same concentration measured in 

week 5. 

Throughout all the sediment cores, Zn was primarily associated with the AEC and 

amorphous iron-oxide fractions (Figure 4.4b). At both sites, plants had no influence on Zn 

fractionation and this observation was supported by the LME models. However, there was a 

strong negative temporal influence on Zn fractionation. Zn associated with amorphous iron-

oxide fraction (weeks 19, 50, 65), crystalline iron-oxide fraction (weeks 10, 19, 50, 65), and 

organic and sulfide fraction (weeks 50 and 65) were all negatively impacted.  

Zn is a chalcophile element and readily form Zn sulfide under anoxic conditions 

(Lewis, 2010) and with iron-oxides in oxic conditions (Vymazal et al., 2010). Bostick et al., 

(2001) showed that under flooded conditions found in wetlands, Zn can associate with 

carbonate and precipitate as Zn carbonate, which would explain strong association of Zn 

with AEC fraction in our system. Zn carbonate remain stable as long as conditions remain 
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anoxic (Bostick et al., 2001; Di Luca et al., 2011). Given the anoxic and reducing conditions 

in our CFWs, I expected Zn to associate with sulfide and both T. latifolia and C. lacustris to 

have significant influence. The only possible reason could be that due to low [Zn] in the 

open water, plants were not able to have any meaningful influence on Zn.  
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Figure 4.4 Metal speciation for (a) nickel, and (b) zinc in the sediments collected from CFWs over the course 

of 50 weeks at the managed site and 65 weeks at the unmanaged site as determined by the sequential chemical 

extraction protocol. The sum of each stack bar plot is an averaged value from 3 replicates and represents 

pseudo-total.
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Figure 4.5 Total metal concentration for (a) aluminum, (b) arsenic, (c) cobalt, and (d) copper in the sediments collected from CFWs over the course of 50 weeks 

at the managed site and 65 weeks at the unmanaged site as determined by aqua regia digest (n = 3 ± standard error). 
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Figure 4.6 Total metal concentration for (a) manganese, (b) iron, (c) nickel, and (d) zinc in the sediments collected from CFWs over the course of 50 weeks at the 

managed site and 65 weeks at the unmanaged site as determined by aqua regia digest (n = 3 ± standard error).
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4.5 Conclusions 

The CFWs were deployed two contrasting systems: the first site (managed), where 

the water was pretreated and had neutral pH, and the second site (unmanaged) which 

received sporadic treatment and experienced a pH drop from neutral to 4.2. In neutral 

conditions with low levels of contamination, the CFWs did bind a consistent amount of 

metals, but does not perform particularly well as an additional polishing system. However, 

the CFWs did respond to elevated concentrations and lower pH (as observed at the 

unmanaged site), by binding more Co, Cu Ni, proving that these CFWs have the capacity to 

remove metals in more contaminated MD. Though, I did not directly study the treatment life 

expectancy of these CFWs, but there was enough capacity in the CFWs I designed to remove 

metals by the end of the experiment as seen by very high increases in Cu, Ni concentrations. 

Additionally, these systems provide a capacity to treat spikes in contaminants that 

can result from spring melts, reduction in management activities. During these events, select 

plants (C. lacustris and T. latifolia) would have the ability to increase that storage capacity. 

The model CW studied here may not be providing extensive polishing to the pre-treated 

mine drainage but do provide an important safety net to capture total metal effluents in the 

event of spills and lapses in active management. Though these wetlands were not capturing 

larger amounts of metals over time, C. lacustris and T. latifolia did allow for high Cu, Ni 

retention in the sediments and were primarily stored in biologically unavailable fractions, 

while Co and Zn were stored in the AEC fractions. J. canadensis did not promote any 

additional storage of any of the 8 metals studied, and in fact had a negative influence on [As] 

in the sediments. All three plants negatively influenced [Mn] in the sediments, but I believe 

the Mn was phytoextracted and stored in the above ground biomass. From the best practices 
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and management point of view, due to their ability to upregulate metal retention and storage 

in the sediments, I would recommend that subsurface flow CWs should be planted with plant 

species like T. latifolia and C. lacustris, instead of J. canadensis. 
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Table 4.3 Model coefficients for the AEC fraction 

 

  Treatment Sampling weeks  

Element Model 

significance 

Carex 

lacustris 

Typha 

latifolia 

Juncus 

canadensis 

Week 10 Week 19 Week 50 Week 65 Soil pH 

Al R2Cond: 0.60 

R2Marg: 0.15 

5.70 ± 

6.23 

- 2.25 ± 

6.02 

- 5.31 ± 

6.62 

1.94 ± 

5.94 

- 11.96 ± 

5.95 * 

- 10.71 ± 

5.92 

29.03 ± 

8.22 *** 

3.63 ± 

12.48 

As R2Cond: 0.81 

R2Marg: 0.05 

- 0.29 ± 

0.13 * 

- 0.44 ± 

0.13 ** 

- 0.49 ± 

0.14 *** 

0.12 ± 

0.13 

- 0.08 ± 

0.12 

0.11 ± 

0.12 

- 0.13 ± 

0.177 

0.12 ± 

0.27 

Co R2Cond: 0.57 

R2Marg: 0.25 

1.19 ± 

0.46 * 

1.47 ± 0.45 

** 

0.82 ± .49 0.15 ± 

0.44 

- 0.12 ± 

0.44 

1.02 ± 

0.44 * 

2.94 ± 

0.61 *** 

- 0.34 ± 

0.93 

Cu R2Cond: 0.44 

R2Marg: 0.38 

16.82 ± 

5.33 ** 

10.95 ± 

5.24 * 

7.23 ± 5.75 0.21 ± 

5.00 

0.96 ± 

5.01 

3.65 ± 

5.44 

47.15 ± 

6.98 *** 

18.56 ± 

10.21 

Fe R2Cond: 0.73 

R2Marg: 0.04 

2.91 ± 

13.19 

- 10.01 ± 

12.75 

10.31 ± 

14.04 

12.79 ± 

12.57 

- 9.66 ± 

12.59 

2.61 ± 

12.54 

50.19 ± 

17.40 ** 

32.50 ± 

26.51 

Mn R2Cond: 0.59 

R2Marg: 0.10 

- 5.97 ± 

4.65 

- 8.59 ± 

4.50 * 

- 2.84 ± 

4.95 

- 0.24 ± 

4.44 

- 14.71 ± 

4.44 ** 

- 5.44 ± 

4.42 

5.23 ± 

6.15 

12.50 ± 

9.33 

Ni R2Cond: 0.55 

R2Marg: 0.35 

35.99 ± 

14.29 * 

45.62 ± 

13.83 ** 

17.07 ± 

15.19 

6.56 ± 

13.66 

5.28 ± 

13.68 

33.28 ± 

13.62 * 

125.42 ± 

18.91*** 

4.80 ± 

28.42 

Zn R2Cond: 0.35 

R2Marg: 0.22 

0.93 ± 

1.64 

1.43 ± 1.59 0.37 ± 1.74 2.91 ± 

1.58 

2.26 ± 

1.58 

- 5.28 ± 

1.57 ** 

-1.70 ± 

2.18 

- 0.30 ± 

3.22 
 

Model parameter: (Element ~ Treatment + Sampling week + pH + (1|Site)) 

Significance code: *** p<0.001; ** p< 0.01; * p< 0.05 
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Table 4.4 Model coefficients for the Amorphous iron oxide fraction. 

 

  Treatment Sampling weeks  

Element Model 

significance 

Carex 

lacustris 

Typha 

latifolia 

Juncus 

canadensis 

Week 10 Week 19 Week 50 Week 65 Soil pH 

Al R2Cond: 0.75 

R2Marg: 0.21 

- 102.14 ± 

44.44 * 

- 88.80 ± 

42.99 * 

- 172.23 ± 

47.30 *** 

- 5.59 ± 

42.38 

- 204.39 ± 

42.44 *** 

-286.20 ± 

42.27 *** 

- 32.49 ± 

58.66 

- 61.03 ± 

89.30 

As R2Cond: 0.24 

R2Marg: 0.24 

- 0.03 ± 

0.09 

- 0.07 ± 

0.09 

0.02 ± 0.09 0.06 ± 

0.09 

0.34 ± 0.09 

*** 

0.39 ± 

0.09 *** 

0.27 ± 

0.13 * 

- 0.13 ± 

0.15 

Co R2Cond: 0.54 

R2Marg: 0.54 

- 0.09 ± 

0.26 

0.27 ± 0.25 - 0.07 ± 

0.27 

- 0.11 ± 

0.25 

- 0.82 ± 

0.26 ** 

0.09 ± 

0.25 

1.98 ± 

0.35 *** 

- 1.00 ± 

0.42 * 

Cu R2Cond: 0.41 

R2Marg: 0.37 

5.43 ± 

2.06 * 

3.64 ± 2.01 1.73 ± 2.22 0.22 ± 

1.89 

- 0.40 ± 

2.33 

1.26 ± 

2.02 

15.75 ± 

2.64 *** 

6.04 ± 

4.08 

Fe R2Cond: 0.73 

R2Marg: 0.25 

- 133.26 ± 

123.83 

- 130.32 ± 

119.77 

- 216.21 ± 

131.79 

- 94.51 ± 

118.10 

- 685.37 ± 

118.25 *** 

- 66.81 ± 

117.78 

620.82 ± 

163.46*** 

- 238.38 

± 248.67 

Mn R2Cond: 0.39 

R2Marg: 0.19 

- 1.06 ± 

0.85 

- 0.78 ± 

0.83 

1.88 ± 0.91 

* 

- 0.70 ± 

0.82 

- 1.61 ± 

0.82 * 

- 0.36 ± 

0.81 

1.34 ± 

1.13 

- 1.37 ± 

1.69 

Ni R2Cond: 0.62 

R2Marg: 0.32 

19.95 ± 

11.62 

31.71 ± 

11.78 ** 

5.17 ± 

12.62 

6.00 ± 

10.78 

4.79 ± 

13.41 

21.48 ± 

10.98 * 

91.63 ± 

14.95 *** 

- 4.40 ± 

24.54 

Zn R2Cond: 0.66 

R2Marg: 0.17 

- 0.55 ± 

0.78 

0.43 ± 0.75 - 1.47 ± 

0.83 

0.26 ± 

0.74 

- 2.79 ± 

0.75 *** 

- 2.22 ± 

0.74 ** 

2.12 ± 

1.02 * 

0.05 ± 

1.56 
 

Model parameter: (Element ~ Treatment + Sampling week + pH + (1|Site)) 

Significance code: *** p<0.001; ** p< 0.01; * p< 0.05 
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Table 4.5 Model coefficients for the Crystalline iron oxide fraction. 

 

  Treatment Sampling weeks  

Element Model 

significance 

Carex 

lacustris 

Typha 

latifolia 

Juncus 

canadensis 

Week 10 Week 19 Week 50 Week 65 Soil pH 

Al R2Cond: 0.15 

R2Marg: 0.15 

57.28 ± 

55.88 

35.43 ± 

54.72 

5.82 ± 

58.18 

- 36.92 ± 

55.56 

134.06 ± 

55.60 * 

142.19 ± 

55.47 * 

7.61 ± 

76.86 

74.66 ± 

89.35 

As R2Cond: 0.54 

R2Marg: 0.24 

- 0.18 ± 

0.13 

- 0.28 ± 12 

* 

- 0.14 ± 

0.14 

0.05 ± 

0.12 

0.07 ± 0.12 0.72 ± 

0.12 *** 

0.36 ± 

0.17 * 

- 0.13 ± 

0.26 

Co R2Cond: 0.51 

R2Marg: 0.14 

0.24 ± 

0.16 

0.26 ± 0.16 0.16 ± 0.17 0.13 ± 

0.16 

0.70 ± 0.16 

*** 

0.48 ± 

0.16 ** 

0.11 ± 

0.22 

0.22 ± 

0.33 

Cu R2Cond: 0.61 

R2Marg: 0.44 

57.87 ± 

18.22 ** 

46.68 ± 

17.64 ** 

17.06 ± 

19.37 

4.92 ± 

17.42 

3.03 ± 

17.45 

26.51 ± 

17.38 

211.14 ± 

24.11 *** 

47.58 ± 

36.23 

Fe R2Cond: 0.33 

R2Marg: 0.29 

- 22.92 ± 

104.24 

- 64.00 ± 

101.28  

- 22.66 ± 

110.10 

-148.60 

± 100.94 

231.03 ± 

101.05 * 

23.32 ± 

100.70 

- 548.50 ± 

139.68*** 

55.38 ± 

195.32 

Mn R2Cond: 0.53 

R2Marg: 0.10 

- 0.38 ± 

0.77 

- 0.47 ± 

0.75 

- 0.69 ± 

0.82 

- 2.55 ± 

0.74 *** 

- 0.93 ± 

0.74 

- 2.49 ± 

0.73 ** 

- 2.98 ± 

1.01 ** 

0.32 ± 

1.55 

Ni R2Cond: 0.71 

R2Marg: 0.12 

11.30 ± 

4.64 * 

13.12 ± 

4.49 ** 

4.61 ± 4.94 6.07 ± 

4.43 

16.13 ± 

4.43 *** 

15.92 ± 

4.41 *** 

27.01 ± 

6.13 *** 

3.48 ± 

9.32 

Zn R2Cond: 0.50 

R2Marg: 0.42 

0.44 ± 

0.52 

0.65 ± 0.50 0.14 ± 0.55 - 2.31 ± 

0.50 *** 

- 1.76 ± 

0.50 *** 

- 4.04 ± 

0.50 *** 

- 2.55 ± 

0.69 *** 

2.43 ± 

1.01 * 
 

Model parameter: (Element ~ Treatment + Sampling week + pH + (1|Site)) 

Significance code: *** p<0.001; ** p< 0.01; * p< 0.05 
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Table 4.6 Model coefficients for the Organics and sulfide fraction. 

 

  Treatment Sampling weeks  

Element Model 
significance 

Carex 
lacustris 

Typha 
latifolia 

Juncus 
canadensis 

Week 10 Week 19 Week 50 Week 65 Soil pH 

Al R2
Cond: 0.50 

R2
Marg: 0.11 

18.80 ± 
41.54 

- 26.76 ± 
40.19 

- 10.24 ± 
44.19 

-94.90 ± 
39.66 * 

53.50 ± 
39.55 

62.08 ± 
39.55 

- 60.13 ± 
54.89 

- 29.83 ± 
83.05 

As R2
Cond: 0.47 

R2
Marg: 0.39 

0.00 ± 
0.02 

0.00 ± 0.02 0.01 ± 0.02 - 0.00 ± 
0.02 

0.07 ± 0.02 
** 

0.18 ± 
0.02 *** 

0.10 ± 
0.03 ** 

0.04 ± 
0.04 

Co R2
Cond: 0.59 

R2
Marg: 0.42 

- 0.01 ± 
0.36 

0.40 ± 0.35 - 0.43 ± 
0.38 

0.03 ± 
0.35 

1.11 ± 0.35 
** 

1.40 ± 
0.34 *** 

4.05 ± 
0.48 *** 

0.54 ± 
0.72 

Cu R2
Cond: 0.71 

R2
Marg: 0.28 

20.89 ± 
6.33 ** 

18.90 ± 
6.12 ** 

10.97 ± 
6.73 

9.35 ± 
6.04 

12.82 ± 6.04 
* 

24.61 ± 
6.02 *** 

75.40 ± 
8.35 *** 

25.87 ± 
12.70 * 

Fe R2
Cond: 0.55 

R2
Marg: 0.21 

- 44.05 ± 
83.41 

- 67.36 ± 
80.70 

-1.58 ± 
88.73 

-128.76 ± 
79.64 

310.45 ± 
79.74 *** 

255.69 ± 
79.42 ** 

-123.14 ± 
110.22 

-76.29 ± 
166.78 

Mn R2
Cond: 0.63 

R2
Marg: 0.28 

- 1.42 ± 
2.07 

- 1.67 ± 
2.00 

0.40 ± 2.20 0.61 ± 
1.98 

10.79 ± 1.98 
*** 

10.66 ± 
1.97 *** 

- 5.17 ± 
2.74 

- 2.80 ± 
4.15 

Ni R2
Cond: 0.53 

R2
Marg: 0.27 

0.52 ± 
12.30 

7.54 ± 
11.90 

- 5.12 ± 
13.08 

3.74 ± 
11.75 

46.06 ± 
11.76 *** 

51.90 ± 
11.72 *** 

95.85 ± 
16.26 *** 

12.27 ± 
24.53 

Zn R2
Cond: 0.46 

R2
Marg: 0.12 

- 0.28 ± 
0.50 

- 0.39 ± 
0.47 

- 0.87 ± 
0.52 

0.49 ± 
0.46 

- 0.05 ± 
0.47 

- 1.03 ± 
0.46 * 

- 1.70 ± 
0.67 * 

- 2.65 ± 
0.98 ** 

 
Model parameter: (Element ~ Treatment + Sampling week + pH + (1|Site)) 

Significance code: *** p<0.001; ** p< 0.01; * p< 0.05 
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Chapter 5 : Thesis conclusions 

 

5.1 Summary of the thesis 

Mining in Canada generates approximately $45.0 billion annually for the Canadian 

economy, but it also creates vast quantities of solid waste in the form of tailings and waste 

rock that needs to be safely managed. The sulfidic-rich waste has the potential of generating 

and releasing enormous volumes of highly toxic AMD which requires treatment before 

effluent is released into receiving waters. Constructed wetlands (CW)s are one of the 

strategies to remediate AMD. A variety of CWs currently exist that specialize in removing 

contaminants from mining impacted waters. That said, CWs are typically not used alone but 

are a potential strategy used as part of a suite of physical and chemical treatment approaches 

where CWs are generally used as a final polishing step before the effluents leave the 

treatment area/mine site. Even though CWs have been utilized for decades, the specific role 

of wetland plants in these treatment cells and how they influence the treatment potential is 

still poorly understood.   

The overarching objective of my thesis was to investigate plant influence on the 

underlying geochemical conditions and microbial communities in Constructed Floating 

Wetlands (CFW) soils and the combined effect on metal removal and storage potential from 

mining impacted waters. Specifically, my thesis had four main goals. 
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Goal 1: Design, construct and field-test CFWs that mimicked small-scale subsurface 

flow CW 

CFWs designed here were the first of their kind that utilized a sediment profile 

directly attached to the floating structure. Traditionally, floating wetlands have little to no 

organic substrate layer and roots are typically hanging into the waterbodies. The CFWs built 

for this study performed well and mimicked a small-scale subsurface flow CW by allowing 

for sustained reductive processes in the sediments. Additionally, these CFWs survived and 

remained functioning after 2 years of freeze-thaw cycles. The wetland vegetation was also 

able to regenerate after winter. More importantly, it allowed me to study plant-soil-metal 

interaction effects in a field-based environment.  

 

Goal 2: Do C. lacustris, T. latifolia and J. canadensis influence porewater dynamics? 

This study clearly showed that compared to the unplanted control, plants had a 

significant influence on the porewater dynamics. Both, C. lacustris, T. latifolia planted 

sediments had reducing conditions (as measured by Eh) and had a significantly higher 

porewater [H2S] than the unplanted control for the entire duration of our experiment. By the 

end of 68 weeks, porewater [SO42+] in C. lacustris dropped by 75% - 100%, and in T. 

latifolia it dropped by 70% - 82%.  On the other hand, J. canadensis was responsible for 

oxidative processes in the soil, as supported by increased Eh and acidic porewater pH values. 

The net effect of this was 2-3 times higher porewater [SO42+] than the background open 

water [SO42+].   
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Goal 3: Do C. lacustris, T. latifolia and J. canadensis influence microbial communities in 

the bulk soil and root-associated soil? 

This study showed that plants influence microbial communities in the sediments, 

whereby the temporal, spatial (i.e. within profiles, between study sites), and between-species 

factors had a large influence on microbial community composition. For example, the root-

associated microbial community was much more diverse than the bulk soil. Specifically, 

compared to the unplanted control, all the plants stimulated iron oxidizing bacteria and iron 

reducing bacteria abundances in the sediments. With regards to sulfur cycling microbes, both 

T. latifolia and C. lacustris planted sediments had a higher relative % abundance compared 

to the J. canadensis planted sediment. Interestingly, predictive metagenomics analysis 

(PICRUST2) highlighted Haliangium sp. and Bacteroidetes_vadinHA17 to have an outsized 

effect on the relative abundances of enzymes that take part in the sulfate reduction pathways, 

but their exact role in sulfur metabolism is not known.  

 

Goal 4: Do C. lacustris, T. latifolia and J. canadensis influence metal storage and 

fractionation in the bulk soil? 

In this study, I focused on 8 metals, namely Al, As, Co, Cu, Fe, Mn, Ni and Zn. I 

found that both T. latifolia and C. lacustris planted sediments had higher concentrations of 

Co, Cu, and Ni, while J. canadensis planted sediment had no change (compared to the 

unplanted control and adjusted for temporal influences). T. latifolia and J. canadensis had a 

slightly negative influence on [As], while all three plants negatively influenced [Mn] in the 

sediments. Total concentrations of Al, Fe, and Zn were not influenced by these three plants 

during our study period. In terms of long-term storage potential, I found both T. latifolia and 
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C. lacustris influenced partitioning of Cu and Ni such that they are less biologically 

available, while Co was stored in more mobile fractions.  

One of the main strengths of my research is that instead of studying these complex 

systems and interactions in isolation, I have attempted to investigate the ability of CWs to 

treat mining influenced waters in a more systematic manner (Figure 5.1). With this 

approach, I was able to see how plants interact with microbial communities and affect the 

underlying geochemical conditions and processes, to influence metal retention and storage 

capabilities. For example, from my research, I can state that if the metals such as Co, Cu, Ni 

and high sulfate concentration are the main contaminants to treat, then planting a subsurface 

flow CWs with C. lacustris and T. latifolia will improve the treatment potential by 

stimulating appropriate microbial communities, which will allow for sulfate removal and 

storage of these metals in the sediments, favoring forms that will retain the metals in the soil 

for an extended period of time.  

 

 

 

 

 

 

 

 

 

 

Figure 5.1 Systematic approach to study interaction effects between plant-soil-microbes-porewater and their 

combined influence on metal retention. 
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5.2 Future Directions 

There are several important opportunities to build on this novel study that looked at 

the ability of CWs to remove metals in a systematic way and highlighted the importance of 

plants as the key modulator of the wetland sediment environment. For example, I need more 

research into the roles of plant density, plant-plant interactions, organic substrate type, 

effects of a greater range of ambient chemical conditions, residence time, and the potential 

effect of routine biomass harvesting on the effectiveness of CWS systems. 

Plant density does have the potential to significantly affect plant influences on 

processes and treatment capabilities. Studies specifically looking at the effect of plant 

density in CW treating either domestic wastewater (Panrare et al., 2016) and marine 

aquaculture (Webb et al., 2013) has shown that higher treatment efficiencies can be 

achieved. Plant density has also been shown to significantly influence microbial community 

density in a CW and improve quality by facilitating decomposition of chemical pollutants 

(Ibekwe et al., 2007). 

In natural wetlands or CWs, multiple plant species may coexist and interact with 

each other, and potentially have a synergistic effect on the desired treatment processes, 

thereby influencing the overall treatment potential of a CW (Rodriguez and Brisson, 2016). 

Future studies could design experiments where combinations of plant species are used and 

their combined effects on metal removal potential are determined.  

The organic-rich substrate I used in my studies was a soil mixture (top soil, black 

earth and peat moss), and the final ratios depended on how the soil mixture was physically 

retained in my CFWs (i.e. did not float away due to the submerged nature of my CFWs). 

However, the actually quality and quantity of the organic substrate does indeed play an 
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important role in CW as it significantly influences microbial communities, such as sulfate 

reducing bacteria (Chen et al., 2014) and influence sulfate removal and transformation (Y. 

Chen et al., 2016). Developing a testing more standard substrate mixture would therefore be 

a useful method to optimize the design. 

Both of my study sites had a relatively low metal concentrations compared to an 

untreated AMD impacted system. During my experiment, when one of the sites suddenly 

experienced higher concentrations of Cu and Ni in the open water, the CFWs responded 

quickly and were able to retain additional metals within the sediments. It would be quite 

interesting to see plant-specific response if these CFWs were deployed in an untreated AMD 

impacted system or subject to repeated fluctuations. Direct manipulations of these ambient 

conditions might also allow us to calculate the maximum metal removal capacity of these 

CFWs.  

For an optimized operation, the rate at which CW is able to remove contaminants 

need to be closely aligned with the retention time. If CFWs are to be used as a potential 

treatment strategy, it is important that future studies should address this gap and calculate 

hydraulic retention time of these systems (Gandy et al., 2016; Zhang et al., 2012). 

Lastly, even though I did not set out to directly study the effect of plant harvesting on 

the geochemical conditions in the sediment and its subsequent influence on the treatment; 

the incident where the birds grazed J. canadensis in one of my study sites presented an 

analog. The birds grazed both shoots and roots to such a degree that the plant regeneration 

did not occur. This resembled the “cleared” group in a study by Yang et al., (2016), where 

they specifically studied the effect of plant harvesting on performance of CW to remove 

ammonia nitrogen in a laboratory-scale mesocosm experiment. In their “cleared” group, they 
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observed a shift in the microbial community composition and saw a reduction in removal 

efficiency of ammonia nitrogen (Yang et al., 2016). Interestedly, I also saw a shift in the 

microbial community, and microbially driven processes in the sediments of J. canadensis 

that were grazed. Additionally, they also found that their CWs had highest treatment 

efficiency when the biomass was harvested (shoots removal), even when compared to the 

unharvested CWs. Therefore, future studies should also take plant harvesting in 

consideration when optimizing treatment efficiency of CWs treating mining impacted 

waters.  

 

5.3 Potential Applications 

There were a couple of serendipitous events that happened during my field 

experiment that highlight some potential applications and/or case studies.  

I designed and constructed these CFWs as a field-scale mesocosm units through 

which I could study interaction effects between plants, soils, and microbes. In the process of 

achieving that, I end up designing novel CFWs that were capable of removing sulfate 

directly from the mining impacted waters. Prior to this, no commercially available floating 

treatment wetland (FTW)s could remove sulfate. Due to the size and the modular nature of 

these CFWs, they represent a new way of treating sulfate contaminated waters, especially at 

a remote location where large commercial treatment plant or a full-scale CW are not 

feasible. In my opinion, larger field tests should therefore be conducted to evaluate if these 

CFWs are feasible to treat larger waterbodies effectively to meet increasingly stringent 

sulfate effluent limits.  
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Lastly, during the 1st year of the experiment (weeks 1 – 15), both sites received pre-

treated mine drainage and had a relatively similar open water pH (~7.0). However, in the 2nd 

year (weeks 46 – 68), the unmanaged site did not receive any treatment and the open water 

pH plunged down to pH ~4.5 (Figure 5.2). This lack of treatment presented an analog of 

where treatment is provided sporadically or there is a failure in the primarily treatment 

system. If a large-scale CW is used a final polishing step, and if appropriate organic 

substrates are available, there appeared to be enough buffering capacity within the CW to 

withstand the sudden drop in the pH. Surprisingly, all three plants performed well and the 

porewater pH within the planted sediments remained stable more or less during the entire 

study period (Figure 5.2, Unmanaged). Additionally, no significant influence of drop in open 

water pH was evident in the plants’ ability to influence microbial processes and metal 

storage potential was evident. This suggests that CWs provides an important safety net in an 

event of treatment lapse.  

 

Finally, proper mine waste management is one of the greatest challenges that mining 

companies face. A long-term, safe and effective walk-away strategy is the gold standard that 

every modern mining company seeks to put in place. My thesis reinforces how challenging it 

is to meet this goal, but demonstrates that the addition of natural treatments systems, such as 

polishing wetlands can be effectively added to engineered systems or treatment trains to 

achieve greater performance standards. 
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Figure 5.2 pH value from porewater collected from CFWs and open water (OW) from both sites. Modified 

version of Figure 2.3. 
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Supplementary Information for Chapter 2 

 

Effect of wetland vegetation on porewater dynamic in a 

constructed wetland in acid mine drainage impacted waters 

 

 

 

 

SI Figure 1: Wood pellets were flipped and modified to create four equal cells and EVA foam noodles were 

attached using thick cable ties. 
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SI Figure 2: Snow fencing is on the bottom, followed by a layer of burlap and sides are covered by coconut coir 

to minimize soil loss. 

 

 

SI Figure 3: Side view of CFW with 20 cm soil profile. 
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SI Figure 4: A homogenized soil mixture created using top soil, black earth and peat moss in the following 

ratio, 2:1:1 

 

  

SI Figure 5: CFW with a 20 cm soil profile deployed in the seepage pond in June 2016. 
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SI Figure 6: Seepage pond at a historic smelter in Sudbury, ON. The limed area can be seen in the distance. 

May 2016. 

 

 

 

SI Figure 7: In-house porewater peeper construction. 
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SI Figure 8: Correction curve for sulfide, sulfate and ferrous iron. For sulfide curve, 0.5 g of Na2S was 

dissolved in milliQ water (bubbled with nitrogen gas) to make 66.75 mg/L solution. Subsequently, a series of 

standards were made under nitrogen headspace with the following dilution factor, 100, 200, 400, 800, 1600, 

and 3200. For sulfate curve, a seven-point standard series was made using Hach sulfate standard solution, 1000 

mg/L. For ferrous iron curve, a four-point standard series was made using Hach iron standard solution, 100 

mg/L.  
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SI Figure 9: Floating treatment wetlands after spring melt in April 2017. 

 

 

 

SI Figure 10: Floating treatment wetlands in July 2017. 
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SI Figure 11: Floating wetland module. 
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Figure 12: DOM indices and DOC concentration for managed and unmanaged site 
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SI Figure 13: Total metal concentration for aluminum, copper, iron and nickel, categorized as abundant metals 

in this study. 
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SI Figure 14: Total metal concentration for cobalt, lead, manganese and zinc, categorized as trace metals and 

macro-nutrient in this study. 
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SI Table 1: QA/QC analysis for method accuracy and analytical precision 

 Method Accuracy Analytical Precision 

 STSD – 3 CRM 

% recovery compared 

to certified values 

TILL – 2 CRM 

% recovery compared 

to certified values 

Relative percent 

difference 

 

Al - - 1.32 % 

Co 92.34 % 94.83 % 2.11 % 

Cu 102.63 % 105.83 % 0.76 % 

Fe 77.84 % 92.32 % 1.52 % 

Mn 92.31 % 87.76 % 0.93 % 

Ni 102.83 % 104.30 % 0.58 % 

Pb 102.06 % 81.61 % 1.17 % 

Zn 104.34 % 99.81 % 1.07 % 
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SI Table 2: The Akaike information criterion (AICc) ranked top model for sulfide, where delta AICc is less 

than 2. The final model selected for further analysis is bolded. 

Sulfide Model AIC Δ 

AIC 

BIC 

LogSulfide ~ Treatment + OW_Sulfate + Treatment:Eh + 

Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

326.58 0 386.47 

LogSulfide ~ Treatment + LogH + OW_Sulfate + Treatment:Eh + 

Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

326.58 0 386.47 

LogSulfide ~ Treatment + Eh + OW_Sulfate + Treatment: Eh + 

Treatment: LogH + (1 | Site:Raft) + (1 | Week) 

326.58 0 386.47 

LogSulfide ~ Treatment + Eh + LogH + OW_Sulfate + Treatment:Eh + 

Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

326.58 0 386.47 

LogSulfide ~ Treatment + OW_Sulfate + LogSpCond + Treatment: Eh + 

Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

327.1 0.52 390.73 

LogSulfide ~ Treatment + Eh + LogH + OW_Sulfate + LogSpCond + 

Treatment:Eh + Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

327.1 0.52 390.73 

LogSulfide ~ Treatment + LogH + OW_Sulfate + LogSpCond + 

Treatment: Eh + Treatment: LogH + (1 | Site: Raft) + (1 | Week) 

327.1 0.52 390.73 

LogSulfide ~ Treatment + Eh + OW_Sulfate + LogSpCond + Treatment: 

Eh + Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

327.1 0.52 390.73 

LogSulfide ~ Treatment + LogH + OW_Sulfate + LogSpCond + 

LogOW_H + Treatment:Eh + Treatment:LogH + (1 | Site:Raft) + (1 | 

Week) 

327.19 0.61 394.57 

LogSulfide ~ Treatment + Eh + OW_Sulfate + LogSpCond + 

LogOW_H + Treatment:Eh + Treatment:LogH + (1 | Site:Raft) + (1 | 

Week) 

327.19 0.61 394.57 

LogSulfide ~ Treatment + Eh + LogH + OW_Sulfate + LogSpCond + 

LogOW_H + Treatment:Eh + Treatment:LogH + (1 | Site:Raft) + (1 | 

Week) 

327.19 0.61 394.57 

LogSulfide ~ Treatment + OW_Sulfate + LogSpCond + LogOW_H + 

Treatment:Eh + Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

327.19 0.61 394.57 

LogSulfide ~ Treatment + OW_Sulfate + LogOW_H + Treatment:Eh + 

Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

328.29 1.71 391.92 

LogSulfide ~ Treatment + Eh + LogH + OW_Sulfate + LogOW_H + 

Treatment:Eh + Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

328.29 1.71 391.92 

LogSulfide ~ Treatment + Eh + OW_Sulfate + LogOW_H + 

Treatment:Eh + Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

328.29 1.71 391.92 

LogSulfide ~ Treatment + LogH + OW_Sulfate + LogOW_H + 

Treatment:Eh + Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

328.29 1.71 391.92 

LogSulfide ~ Treatment + LogH + Temperature + OW_Sulfate + 

Treatment:Eh + Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

328.54 1.96 392.17 

LogSulfide ~ Treatment + Eh + Temperature + OW_Sulfate + 

Treatment:Eh + Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

328.54 1.96 392.17 

LogSulfide ~ Treatment + Temperature + OW_Sulfate + Treatment:Eh + 

Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

328.54 1.96 392.17 
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SI Table 3: The Akaike information criterion (AICc) ranked top model for sulfate, where delta AICc is less 

than 2. The final model selected for further analysis is bolded. 

 

Sulfate Model AIC Δ 

AIC 

BIC 

LogSulfate ~ Treatment + Eh + LogH + OW_Sulfate + Treatment:Eh + 

Treatment:LogSpCond + (1 | Site:Raft) + (1 | Week) 

920.49 0 984.12 

LogSulfate ~ Treatment + LogH + OW_Sulfate + LogSpCond + 

Treatment:Eh + Treatment:LogSpCond + (1 | Site:Raft) + (1 | Week) 

920.49 0 984.12 

LogSulfate ~ Treatment + Eh + LogH + OW_Sulfate + LogSpCond + 

Treatment:Eh + Treatment:LogSpCond + (1 | Site:Raft) + (1 | Week) 

920.49 0 984.12 

LogSulfate ~ Treatment + LogH + OW_Sulfate + Treatment:Eh + 

Treatment:LogSpCond + (1 | Site:Raft) + (1 | Week) 

920.49 0 984.12 

LogSulfate ~ Treatment + Eh + LogH + Treatment:Eh + 

Treatment:LogSpCond + (1 | Site:Raft) + (1 | Week) 

920.96 0.48 980.85 

LogSulfate ~ Treatment + LogH + Treatment:Eh + 

Treatment:LogSpCond + (1 | Site:Raft) + (1 | Week) 

920.96 0.48 980.85 

LogSulfate ~ Treatment + LogH + LogSpCond + Treatment:Eh + 

Treatment:LogSpCond + (1 | Site:Raft) + (1 | Week) 

920.96 0.48 980.85 

LogSulfate ~ Treatment + Eh + LogH + LogSpCond + Treatment:Eh + 

Treatment:LogSpCond + (1 | Site:Raft) + (1 | Week) 

920.96 0.48 980.85 

LogSulfate ~ Treatment + Eh + LogH + OW_Sulfate + Temperature + 

Treatment:Eh + Treatment:LogSpCond + (1 | Site:Raft) + (1 | Week) 

921.76 1.28 989.14 

LogSulfate ~ Treatment + LogH + OW_Sulfate + Temperature + 

LogSpCond + Treatment:Eh + Treatment:LogSpCond + (1 | Site:Raft) + 

(1 | Week) 

921.76 1.28 989.14 

LogSulfate ~ Treatment + Eh + LogH + OW_Sulfate + Temperature + 

LogSpCond + Treatment:Eh + Treatment:LogSpCond + (1 | Site:Raft) + 

(1 | Week) 

921.76 1.28 989.14 

LogSulfate ~ Treatment + LogH + OW_Sulfate + Temperature + 

Treatment:Eh + Treatment:LogSpCond + (1 | Site:Raft) + (1 | Week) 

921.76 1.28 989.14 
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SI Table 4: The Akaike information criterion (AICc) ranked top model for ferrous iron, where delta AICc is 

less than 2. The final model selected for further analysis is bolded. 

 

Ferrous Model AIC Δ 

AIC 

BIC 

LogFerrous ~ Treatment + Eh + LogIron + Temperature + 

Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-

353.54 

0 -

304.88 

LogFerrous ~ Treatment + LogIron + Temperature + 

Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-

353.54 

0 -

304.88 

LogFerrous ~ LogIron + Temperature + Treatment:Eh + 

Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

-

352.05 

1.49 -

299.64 

LogFerrous ~ LogH + LogIron + Temperature + Treatment:Eh + 

Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

-

352.05 

1.49 -

299.64 

LogFerrous ~ Eh + LogIron + Temperature + Treatment:Eh + 

Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

-

352.05 

1.49 -

299.64 

LogFerrous ~ Eh + LogH + LogIron + Temperature + Treatment:Eh 

+ Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

-

352.05 

1.49 -

299.64 

LogFerrous ~ Treatment + Eh + LogIron + OW_Iron + Temperature 

+ Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-

351.73 

1.8 -

299.33 

LogFerrous ~ Treatment + LogIron + OW_Iron + Temperature + 

Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-

351.73 

1.8 -

299.33 

LogFerrous ~ Treatment + Eh + LogH + LogIron + Temperature + 

Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-

351.72 

1.82 -

299.31 

LogFerrous ~ Treatment + LogH + LogIron + Temperature + 

Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-

351.72 

1.82 -

299.31 
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SI Table 5: The Akaike information criterion (AICc) ranked top model for ferric iron, where delta AICc is less 

than 2. The final model selected for further analysis is bolded. 

 

 

SI Table 6: The Akaike information criterion (AICc) ranked top model for Eh, where delta AICc is less than 2. 

The final model selected for further analysis is bolded. 

Eh Model AIC Δ 

AIC 

BIC 

Eh ~ Treatment + LogH + OW_Eh + Temperature + LogSpCond 

+ LogOWCond + (1 | Site:Raft) + (1 | Week) 

3175.88 0 3220.8 

Eh ~ Treatment + LogH + OW_Eh + LogSpCond + 

LogOWCond + (1 | Site:Raft) + (1 | Week) 

3177.14 1.26 3218.31 

Eh ~ Treatment + LogH + OW_Eh + LogOW_H + Temperature + 

LogSpCond + LogOWCond + (1 | Site:Raft) + (1 | Week) 

3177.57 1.69 3226.23 

 

 

Ferric Model AIC Δ 

AIC 

BIC 

LogFerric ~ Treatment + LogIron + Temperature + 

Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-386.28 0 -337.62 

LogFerric ~ Treatment + Eh + LogIron + Temperature + 

Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-386.28 0 -337.62 

LogFerric ~ Eh + LogIron + Temperature + Treatment:Eh + 

Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

-384.9 1.38 -332.5 

LogFerric ~ LogIron + Temperature + Treatment:Eh + 

Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

-384.9 1.38 -332.5 

LogFerric ~ Eh + LogH + LogIron + Temperature + Treatment:Eh + 

Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

-384.9 1.38 -332.5 

LogFerric ~ LogH + LogIron + Temperature + Treatment:Eh + 

Treatment:LogH + (1 | Site:Raft) + (1 | Week) 

-384.9 1.38 -332.5 

LogFerric ~ Treatment + Eh + LogIron + OW_Cond + Temperature 

+ Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-384.75 1.53 -332.35 

LogFerric ~ Treatment + LogIron + OW_Cond + Temperature + 

Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-384.75 1.53 -332.35 

LogFerric ~ Treatment + Eh + LogIron + OW_Iron + Temperature + 

Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-384.49 1.79 -332.09 

LogFerric ~ Treatment + LogIron + OW_Iron + Temperature + 

Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-384.49 1.79 -332.09 

LogFerric ~ Treatment + LogH + LogIron + Temperature + 

Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-384.3 1.98 -331.9 

LogFerric ~ Treatment + Eh + LogH + LogIron + Temperature + 

Treatment:Eh + (1 | Site:Raft) + (1 | Week) 

-384.3 1.98 -331.9 



 

 

194 

SI Table 7: The Akaike information criterion (AICc) ranked top model for H+, where delta AICc is less than 2. 

The final model selected for further analysis is bolded. 

H+ Model AIC Δ 

AIC 

BIC 

LogH ~ Treatment + Eh + OW_Eh + LogSpCond + LogOWCond 

+ (1 | Site:Raft) + (1 | Week) 

229.39 0 270.56 

LogH ~ Treatment + Eh + Temperature + LogSpCond + 

LogOWCond + (1 | Site:Raft) + (1 | Week) 

229.65 0.27 270.83 

LogH ~ Treatment + Eh + OW_Eh + Temperature + LogSpCond 

+ LogOWCond + (1 | Site:Raft) + (1 | Week) 

229.72 0.33 274.64 

LogH ~ Treatment + Eh + LogSpCond + LogOWCond + (1 | 

Site:Raft) + (1 | Week) 

229.91 0.53 267.34 

LogH ~ Treatment + Eh + OW_Eh + LogOW_H + LogSpCond + 

LogOWCond + (1 | Site:Raft) + (1 | Week) 

230.18 0.79 275.09 

LogH ~ Treatment + Eh + OW_Eh + LogOW_H + Temperature 

+ LogSpCond + LogOWCond + (1 | Site:Raft) + (1 | Week) 

230.44 1.05 279.1 

LogH ~ Treatment + Eh + LogSpCond + (1 | Site:Raft) + (1 | 

Week) 

230.79 1.4 264.47 

LogH ~ Treatment + Eh + Temperature + LogSpCond + (1 | 

Site:Raft) + (1 | Week) 

231.05 1.67 268.48 

 

 

SI Table 8: The Akaike information criterion (AICc) ranked top model for specific conductivity, where delta 

AICc is less than 2. The final model selected for further analysis is bolded. 

Specific Conductivity model AIC Δ 

AIC 

BIC 

LogSpCond ~ Treatment + Eh + LogOWCond + LogOW_H + 

LogH + LogSulfate + (1 | Site:Raft) + (1 | Week) 

-

237.88 

0 -192.97 

LogSpCond ~ Treatment + Eh + LogOWCond + LogOW_H + 

LogH + OW_Sulfate + LogSulfate + (1 | Site:Raft) + (1 | Week) 

-

236.89 

0.99 -188.23 

LogSpCond ~ Treatment + Eh + LogOWCond + LogOW_H + 

Temperature + LogH + LogSulfate + (1 | Site:Raft) + (1 | Week) 

-

236.77 

1.11 -188.11 

LogSpCond ~ Treatment + LogOWCond + LogOW_H + 

LogH + LogSulfate + (1 | Site:Raft) + (1 | Week) 

-

235.93 

1.96 -194.75 
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Supplementary Information for Chapter 3 

 

Microbial community response to plant influence within constructed 

treatment wetlands impacted by acid mine drainage  
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SI Figure 15: Sulfur metabolic pathways that is present in our CFWs, based on predictive PICRUSt 

metagenomics. 
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SI Figure 16: Nitrogen metabolic pathways that is present in our CFWs, based on predictive PICRUSt 

metagenomics. 
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SI Figure 17: Extreme outlier analysis of enzymes involved in dissimilatory nitrate reduction, (a) nitrate 

reductase (NR), (b) nitrite reductase – NADH (nirBD), and (c) nitrite reductase – cytochrome (nirAH), as 

identified by PICRUSt2 analysis. Samples were collected from the bulk soil sources from both sites over the 

two years study period. ASVs are assigned to the lowest taxonomic group possible. 
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SI Figure 18: Extreme outlier analysis of enzymes involved in nitrogen metabolism, (a) nitrite reductase (nirS), 

(b) ferredoxin- nitrite reductase, and (c) nitrogenase, as identified by PICRUSt2 analysis. Samples were 

collected from the bulk soil sources from both sites over the two years study period. ASVs are assigned to the 

lowest taxonomic group possible. 
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SI Figure 19: Extreme outlier analysis of enzymes involved in dissimilatory sulfate reduction, (a) sulfate 

adenylyltransferase, (b) adenylyl sulfate reductase, and (c) dissimilatory sulfite reductase, as identified by 

PICRUSt2 analysis. Samples were collected from roots during the year-end sampling in 2016 and 2017. Root 

associated samples are classified as either loosely-bound or rhizosphere associated community. ASVs are 

assigned to the lowest taxonomic group possible. 
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SI Figure 20: Extreme outlier analysis of enzymes involved in assimilatory sulfate reduction, (a) adenylyl 

sulfate kinase, (b) phosphoadenosine phosphosulfate synthase, and (c) assimilatory sulfite reductase, as 

identified by PICRUSt2 analysis. Samples were collected from roots during the year-end sampling in 2016 and 

2017. Root associated samples are classified as either loosely-bound or rhizosphere associated community. 

ASVs are assigned to the lowest taxonomic group possible. 
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SI Figure 21: Extreme outlier analysis of enzymes involved in sulfur metabolism, (a) thiosulfate 

sulfurtransferase, (b) alkane sulfonate monooxygenase, and (c) sulfite dehydrogenase, as identified by 

PICRUSt2 analysis. Samples were collected from roots during the year-end sampling in 2016 and 2017. Root 

associated samples are classified as either loosely-bound or rhizosphere associated community. ASVs are 

assigned to the lowest taxonomic group possible.  
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SI Figure 22: Extreme outlier analysis of enzymes involved in dissimilatory nitrate reduction, (a) nitrate 

reductase (NR), (b) nitrite reductase – NADH (nirBD), and (c) nitrite reductase – cytochrome (nirAH), as 

identified by PICRUSt2 analysis. Samples were collected from roots during the year-end sampling in 2016 and 

2017. Root associated samples are classified as either loosely-bound or rhizosphere associated community. 

ASVs are assigned to the lowest taxonomic group possible.  
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SI Figure 23: Extreme outlier analysis of enzymes involved in nitrogen metabolism, (a) nitrite reductase (nirS), 

(b) ferredoxin- nitrite reductase, and (c) nitrogenase, as identified by PICRUSt2 analysis. Samples were 

collected from roots during the year-end sampling in 2016 and 2017. Root associated samples are classified as 

either loosely-bound or rhizosphere associated community. ASVs are assigned to the lowest taxonomic group 

possible. 
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SI Table 9: Permutational multivariate analysis of variance (PERMANOVA) between the different 

sublocations and year. 

Source Df Sums Sq Mean Sq F Model R2 F 

Sublocation 2 1.8563 0.92814 8.8909 0.18281 0.001 *** 

Year 1 1.5124 1.51236 14.4872 0.14894 0.001 *** 

Residuals 65 6.7855 0.10439  0.66825  

Total 68 10.1542   1.00000  

 

SI Table 10: Multivariate homogeneity of group dispersions analysis between the different sublocations and 

year. 

 

SI Table 11: PERMANOVA for bulk soil samples between the different site and year. 

Source Df Sums Sq Mean Sq F Model R2 F 

Site 1 0.3608 0.36077 8.768 0.10083 0.001 *** 

Year 1 1.4069 1.40689 34.192 0.39319 0.001 *** 

Residuals 44 1.8105 0.04115  0.50598  

Total 46 3.5781   1.00000  

 

SI Table 12: Multivariate homogeneity of group dispersions analysis for bulk soil samples between the 

different site and year. 

 

 

 

 

 

 

Source Df Sums Sq Mean Sq F F 

Sublocation 2 0.54201 0.271007 21.088 0.001 *** 

Residuals 66 0.84817 0.012851   

      

Year 1 0.15019 0.15019 4.5047 0.03 * 

Residuals 67 2.23380 0.03334   

Source Df Sums Sq Mean Sq F F 

Site 1 0.00007 .0000708 0.0085 0.92 

Residuals 45 0.3741 0.0083203   

      

Year 1 0.162073 0.162073 110.83 0.001 *** 

Residuals 45 0.065807 0.001462   
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SI Table 13: PERMANOVA for bulk soil samples between the different soil source and year. 

Source Df Sums Sq Mean Sq F Model R2 F 

Soil 

Source 

3 0.2661 0.08871 1.9375 0.07437 0.034 * 

Year 1 1.3890 1.38905 30.3387 0.38821 0.001 *** 

Residuals 42 1.9230 0.04578  0.53742  

Total 46 3.5781   1.00000  

 

SI Table 14: Multivariate homogeneity of group dispersions analysis for bulk soil samples between the 

different soil source and year. 

 

 

SI Table 15: dbRDA based capscale model. 

 Df  SumOfSqs F  Pr(>F)     

Sulfide     1  0.34204  7.7879  0.001 *** 

Sulfate     1  0.46158  10.5095  0.001 *** 

pH          1  0.22712  5.1713   0.002 **  

Eh          1  0.13273  3.0220  0.024 *   

Ferrous     1   0.33782   7.6917   0.001 *** 

OW_SpCond   1  0.21423   4.8778   0.005 **  

OW_pH       1   0.14974   3.4095   0.005 **  

Residual   39   1.71287                      

Signif. codes:   ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05  

 

 

 

 

 

Source Df Sums Sq Mean Sq F F 

Soil Source 3 0.01014 0.0033799 0.3826 0.761 

Residuals 43 0.37984 0.0088335   

      

Year 1 0.162073 0.162073 110.83 0.001 *** 

Residuals 45 0.065807 0.001462   
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Supplementary Information for Chapter 4 

 

 

Influence of Carex lacustris, Typha latifolia and Juncus canadensis on metal concentration and 

fractionation in constructed wetlands impacted by mine drainage 
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SI Table 16: Coefficient of variation (CV) was calculated to measure inter-batch precision using STSD-3 and TILL-2 CRMs that were run concurrently in each 

batch (n = 5). 

 

 Sequential chemical extraction Total digest 
 

Fraction 1 Fraction 2 Fraction 3 Fraction 4 Fraction 5 
 

Element STSD – 3 CV (%) 

Al 19.43 23.67 13.02 16.47 9.45 19.08 

As 20.12 12.85 9.84 17.5 19.1 7.22 

Co 29.83 9.9 19.19 25.22 14.9 10.56 

Cu 78.86 72.17 19.59 33.07 24.07 13.19 

Fe 24.8 9.29 10.02 16.52 8.95 22.19 

Mn 20.85 26.45 17.46 25.71 8.4 16.73 

Ni 3.7 19.86 11.76 62.8 25.36 14.23 

Zn 19.84 9.24 33.3 36.75 11.59 11.82 

 TILL -2 CV (%) 

Al - - - - - - 

As 40.77 11.85 10.68 45.25 28.92 3.32 

Co 45.2 8.78 11.9 34.47 35.01 5.24 

Cu 29.8 31.89 12.43 35.25 25.73 4.52 

Fe 49.37 12.62 11.07 15.03 35.22 20.98 

Mn 32.5 9.31 18.28 35.54 32.28 8.45 

Ni 53.11 41.84 17.29 115.95 28.61 5.98 

Zn 49.12 18.58 42.6 37.6 36.23 4.33 
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SI Table 17: Relative percent difference was calculated to measure intra-batch precision using sample duplicates that were concurrently run each batch (n = 5). 

 

 Sequential chemical extraction Total digest 

Element Fraction 1 Fraction 2 Fraction 3 Fraction 4 Fraction 5 
 

Al 9.03 21.83 13.08 10.21 24.60 14.08 

As 3.54 44.22 8.37 12.63 2.10 8.11 

Co 8.00 12.28 11.11 18.41 15.43 10.69 

Cu 15.25 21.77 15.14 24.40 37.97 13.04 

Fe 8.97 13.53 10.87 11.85 21.45 13.04 

Mn 6.70 14.17 10.90 25.48 14.35 11.37 

Ni 6.33 12.71 14.32 46.83 30.48 14.84 

Zn 13.18 21.03 26.67 51.74 52.45 17.04 

 

SI Table 18: Relative percent difference was calculated to measure instrument precision using lab duplicates that were run on the instrument (n = 5). 

 

 Sequential chemical extraction Total digest 

Element Fraction 1 Fraction 2 Fraction 3 Fraction 4 Fraction 5 
 

Al 34.93 3.74 5.66 1.07 1.34 12.41 

As 30.42 19.68 17.69 5.16 25.91 15.97 

Co 27.7 3.73 4.83 1.45 0.6 12.38 

Cu 33.63 4.93 20.85 1.00 0.42 11.57 

Fe 26.97 3.59 5.4 1.58 1.25 10.52 

Mn 30.61 3.61 4.94 1.44 0.69 12.38 

Ni 28.23 4.1 4.85 1.87 1.3 12.31 

Zn 29.45 2.22 7.9 2.54 0.77 11.84 
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SI Table 19: Average elemental percent recovery for soil core samples (n = 108) and CRMs (n = 5) from sequential chemical extraction protocol relative to the 

total metal extraction protocol. Standard deviation is shown. 

 

 

 

 

 

 

 

 

SI Table 20: Percent metal recovery in total digest compared to the certified reference material values. 

Element STSD – 3 TILL – 2  

Al - - 

As 102.45 % 107.08 % 

Co 106.7 % 108.27 % 

Cu 117.88 % 129.73 % 

Fe 100.26 % 123.91 % 

Mn 120.25 % 112.77 % 

Ni 117.71 % 127.25 % 

Zn 118.21 % 118.46 % 

 

 

Element Soil core samples 

(n = 108) 

STSD – 3 

(n = 5) 

TILL – 2  

(n = 5) 

Al 65.78 ± 13.18 65.97 ± 12.75 - 

As 105.43 ± 21.08 123.37 ± 9.92 125.38 ± 6.82 

Co 73.15 ± 13.06 69.77 ± 7.81 69.73 ± 4.65 

Cu 53.07 ± 9.52 47.27 ± 6.9 63.98 ± 4.0 

Fe 78.23 ± 16.17 72.02 ± 16.09 65.94 ± 14.11 

Mn 85.63 ± 17.13 74.39 ± 13.41 67.3 ± 6.32 

Ni 75.31 ± 24.11 73.55 ± 11.41 74.39 ± 11.49 

Zn 71.08 ± 23.05 60.56 ± 7.92 53.07 ± 5.85 
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SI Table 21: AEC fraction metal concentration (mg/kg dried sediment) of soil samples collected from the both sites (n = 3 ± SE). 

Site Week Treatment Al As Co Cu Fe Mn Ni Zn 

Managed 5 Unplanted 90.13 ± 15.43 2.35 ± 0.23 1.24 ± 0.23 0.91 ± 0.16 216.33 ± 27.76 89.7 ± 9.54 4.96 ± 1.19 13.47 ± 2.67 

Managed 5 C.lacustris 103.33 ± 1.45 2.62 ± 0.4 1.1 ± 0.02 0.84 ± 0.09 262 ± 15.28 89.9 ± 3.04 4.35 ± 0.35 11.77 ± 0.85 

Managed 5 T.latifolia 78.1 ± 12.53 1.87 ± 0.32 0.93 ± 0.12 0.73 ± 0.13 206.67 ± 31.8 73.6 ± 15 3.19 ± 0.37 12.64 ± 1.57 

Managed 5 J.canadensis 97.87 ± 7.64 2.42 ± 0.16 1.29 ± 0.11 0.96 ± 0.09 285.67 ± 11.2 110 ± 3.61 4.4 ± 0.45 13.19 ± 2.3 

Managed 10 Unplanted 134.13 ± 30.39 3.15 ± 0.31 1.59 ± 0.06 0.9 ± 0.16 327 ± 55.81 95.5 ± 8.33 8.03 ± 0.25 18.4 ± 0.59 

Managed 10 C.lacustris 105.13 ± 6.43 2.98 ± 0.33 1.12 ± 0.15 0.8 ± 0.08 298.33 ± 13.96 107.4 ± 9.75 4.16 ± 0.56 17.8 ± 3.35 

Managed 10 T.latifolia 79.1 ± 7.77 2.37 ± 0.21 0.92 ± 0.07 0.63 ± 0.09 265.67 ± 17.89 101.63 ± 10.5 3.29 ± 0.26 15.1 ± 2.63 

Managed 10 J.canadensis 70.47 ± 2.32 2.22 ± 0.28 1.02 ± 0.04 0.81 ± 0.11 282.33 ± 32.83 97.47 ± 12.29 3.43 ± 0.16 16.1 ± 1.21 

Managed 19 Unplanted 69.87 ± 11.48 2.81 ± 0.06 0.75 ± 0.09 0.55 ± 0.03 255.67 ± 30.94 90.07 ± 14.83 3.8 ± 0.97 19.7 ± 3.46 

Managed 19 C.lacustris 76.97 ± 0.3 2.52 ± 0.09 0.65 ± 0.05 0.58 ± 0.03 255 ± 12.1 82.43 ± 5.15 2.9 ± 0.17 12.55 ± 3.05 

Managed 19 T.latifolia 66.6 ± 17.77 2 ± 0.22 0.59 ± 0.17 0.47 ± 0.11 222 ± 20.5 72.6 ± 5.35 2.53 ± 0.68 14.97 ± 2.65 

Managed 19 J.canadensis 69.6 ± 4.14 1.9 ± 0.21 0.89 ± 0.02 0.66 ± 0.03 252.67 ± 13.92 73.13 ± 6.09 3.18 ± 0.05 15.17 ± 1.63 

Managed 50 Unplanted 79.3 ± 11.98 3.64 ± 0.6 0.75 ± 0.15 0.6 ± 0.18 238.33 ± 11.89 86.03 ± 3.72 3.92 ± 1.17 5.64 ± 1.21 

Managed 50 C.lacustris 64.8 ± 3.32 2.31 ± 0.27 0.55 ± 0.02 0.31 ± 0.03 221.33 ± 16.9 77.3 ± 9.53 1.54 ± 0.09 5.52 ± 1.01 

Managed 50 T.latifolia 63.73 ± 5.52 2.19 ± 0.42 0.46 ± 0.03 0.28 ± NA 219 ± 17.39 79.77 ± 5.18 1.58 ± 0.41 6.53 ± 0.28 

Managed 50 J.canadensis 67.57 ± 6.53 2.68 ± 0.3 0.71 ± 0.16 0.22 ± NA 224.67 ± 11.46 82.67 ± 3.3 2.17 ± 0.68 4.41 ± 0.6 

Unmanaged 5 Unplanted 49.7 ± 7.39 1.43 ± 0.22 1.27 ± 0.19 1.61 ± 0.38 163.93 ± 44.56 74.03 ± 13.42 9.97 ± 2.09 11.33 ± 0.74 

Unmanaged 5 C.lacustris 55.17 ± 8.69 1.36 ± 0.38 2.47 ± 0.97 2.32 ± 1.05 153.03 ± 45.88 64.9 ± 9.51 27.23 ± 14.23 22.07 ± 8.02 

Unmanaged 5 T.latifolia 50.3 ± 9.81 1.41 ± 0.34 2.55 ± 1.2 2.62 ± 1.14 142.67 ± 49.17 70.03 ± 16.49 32.81 ± 20.21 18.06 ± 8.73 

Unmanaged 5 J.canadensis 47.7 ± 4.87 1.1 ± 0.09 2.14 ± 0.47 3.11 ± 0.94 145.63 ± 30.33 65.47 ± 6.25 24.33 ± 6.78 13.13 ± 1.42 

Unmanaged 10 Unplanted 53.5 ± 3.3 1.38 ± 0.05 1.85 ± 0.06 2.71 ± 0.66 135.33 ± 14.08 66.97 ± 3.38 22.43 ± 1.33 19.9 ± 3.12 

Unmanaged 10 C.lacustris 47.4 ± 5.96 1.01 ± 0.23 3.49 ± 1.1 9.27 ± 5.89 119 ± 9.61 50.9 ± 12.48 70.47 ± 30.8 15.5 ± 2.29 

Unmanaged 10 T.latifolia 48.97 ± 11.51 1.31 ± 0.19 2.09 ± 0.58 3.42 ± 1.5 128.33 ± 20.88 57.03 ± 5.34 29.69 ± 13.22 19.7 ± 5.13 

Unmanaged 10 J.canadensis 50.37 ± 6.38 1.18 ± 0.19 2.02 ± 0.38 2.54 ± 1.21 133.33 ± 17.94 63.07 ± 11.18 23.86 ± 8.66 16.33 ± 1.84 

Unmanaged 19 Unplanted 41.67 ± 1.35 1.25 ± 0.07 1.27 ± 0.2 1.61 ± 0.35 119.67 ± 4.7 51.9 ± 1.07 18.01 ± 5.64 14.79 ± 4.5 

Unmanaged 19 C.lacustris 41.67 ± 3.07 1.1 ± 0.13 2.17 ± 0.44 1.78 ± 0.48 111.67 ± 4.81 41 ± 2.55 32.4 ± 9.03 17.57 ± 5.32 

Unmanaged 19 T.latifolia 61.97 ± 4.61 1.33 ± 0.07 3.53 ± 0.6 5.72 ± 2.26 142 ± 14.57 53.47 ± 1.54 59.67 ± 16.06 17.33 ± 2.54 

Unmanaged 19 J.canadensis 46.87 ± 4.28 0.93 ± 0.07 2.35 ± 0.22 2.2 ± 0.4 127.33 ± 17.84 50.47 ± 10.12 29.1 ± 5.5 22.6 ± 3.81 

Unmanaged 50 Unplanted 41.6 ± 4.4 1.35 ± 0.07 1.82 ± 0.35 1.77 ± 0.37 150 ± 15.7 72.7 ± 7.43 30.1 ± 8 9.39 ± 1.1 

Unmanaged 50 C.lacustris 59.03 ± 6.46 1.16 ± 0.05 5.81 ± 1.04 8.62 ± 2.57 182.33 ± 18.67 67.83 ± 8.89 113.53 ± 29.22 14.8 ± 1.27 

Unmanaged 50 T.latifolia 52.2 ± 8.37 1.08 ± 0.06 6.35 ± 0.84 11.18 ± 2.89 159.33 ± 17.85 58.53 ± 2.78 141.17 ± 27.98 13.7 ± 0.42 

Unmanaged 50 J.canadensis 57.73 ± 2.51 1.08 ± 0.09 4.79 ± 0.18 7.33 ± 1.24 195.67 ± 8.57 66.93 ± 3.11 82.53 ± 1.03 13.5 ± 1.22 

Unmanaged 65 Unplanted 64.5 ± 12.55 1.43 ± 0.09 1.83 ± 0.39 7.67 ± 3.71 207.67 ± 17.46 96.1 ± 4.81 44 ± 11.4 10.87 ± 1.22 

Unmanaged 65 C.lacustris 114.93 ± 21.19 0.91 ± 0.18 6.4 ± 1.03 102.53 ± 31.77 172.67 ± 18.34 62.63 ± 12.18 203 ± 37.98 14.9 ± 1.56 

Unmanaged 65 T.latifolia 97.23 ± 14.79 1.12 ± 0.14 8.83 ± 2.31 54.75 ± 33.75 185 ± 12.74 58.53 ± 0.43 274 ± 105.22 18.83 ± 4.34 

Unmanaged 65 J.canadensis 59.07 ± 2.6 0.59 ± 0.07 5.42 ± 1.63 14.35 ± 6.42 175.67 ± 4.48 56.03 ± 5.61 113.5 ± 45.77 13.15 ± 3.16 
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SI Table 22: Amorphous iron-oxide fraction metal concentration of soil samples collected from the both sites (n = 3 ± SE). 

Site Week Treatment Al As Co Cu Fe Mn Ni Zn 

Managed 5 Unplanted 1039.33 ± 103.64 0.36 ± 0.1 1.26 ± 0.12 1 ± 0.22 1686.67 ± 181.87 10.48 ± 1.68 14.37 ± 1.66 11.11 ± 2.28 

Managed 5 C.lacustris 951.67 ± 16.86 0.3 ± 0.09 1.17 ± 0.04 0.59 ± 0.07 1636.67 ± 46.67 9.64 ± 0.41 10.77 ± 0.34 9.48 ± 0.72 

Managed 5 T.latifolia 921.67 ± 7.54 0.5 ± 0.14 1.11 ± 0.04 0.55 ± 0.02 1643.33 ± 53.64 9.48 ± 0.46 9.38 ± 0.06 11.3 ± 0.42 

Managed 5 J.canadensis 937 ± 42.02 0.22 ± 0.1 1.16 ± 0.04 0.58 ± 0.04 1570 ± 69.28 10.29 ± 0.58 9.74 ± 0.48 9.77 ± 0.77 

Managed 10 Unplanted 1333.33 ± 86.47 0.66 ± 0.11 1.44 ± 0.34 0.67 ± 0.25 2030 ± 325.32 9.34 ± 2.41 16.77 ± 4.96 10.3 ± 1.44 

Managed 10 C.lacustris 1014.33 ± 135.04 0.28 ± 0.05 1.09 ± 0.14 0.47 ± 0.18 1706.67 ± 147.23 9.75 ± 0.66 8.91 ± 1.94 12.6 ± 0.61 

Managed 10 T.latifolia 984.67 ± 149.49 0.24 ± 0.11 1.01 ± 0.13 0.43 ± 0.18 1626.67 ± 128.11 9.92 ± 0.89 8.09 ± 1.84 13 ± 0.61 

Managed 10 J.canadensis 732.33 ± 50.42 0.39 ± 0.2 0.94 ± 0.03 0.23 ± 0.1 1396.67 ± 29.06 10.39 ± 0.73 6.08 ± 0.34 11.13 ± 0.79 

Managed 19 Unplanted 791.67 ± 55.91 0.41 ± 0.16 1.05 ± 0.2 0.12 ± 0.03 1620 ± 121.66 9.31 ± 0.51 7.71 ± 2.6 12.38 ± 1.62 

Managed 19 C.lacustris 778.67 ± 61.1 0.36 ± 0.06 0.81 ± 0.03 0.13 ± 0.02 1453.33 ± 37.56 8.24 ± 0.32 5.22 ± 0.22 9.45 ± 0.69 

Managed 19 T.latifolia 776 ± 36.69 0.29 ± 0 0.84 ± 0.08 0.12 ± 0.02 1430 ± 101.49 9.16 ± 0.78 5.11 ± 0.79 11.79 ± 2.35 

Managed 19 J.canadensis 813.67 ± 102.53 0.45 ± 0.17 0.93 ± 0.05 0.11 ± 0.01 1513.33 ± 92.8 10.97 ± 1.39 5.7 ± 0.74 9.19 ± 0.53 

Managed 50 Unplanted 733.67 ± 3.84 1.13 ± 0.36 1.23 ± 0.13 0.16 ± 0.05 1993.33 ± 92.62 8.21 ± 0.95 11.37 ± 1.87 8.11 ± 0.59 

Managed 50 C.lacustris 508.67 ± 35.66 0.55 ± 0.03 0.81 ± 0.05 0.1 ± 0.02 1596.67 ± 63.6 7.83 ± 0.25 5.98 ± 0.36 7.99 ± 0.4 

Managed 50 T.latifolia 590.33 ± 40.34 0.47 ± 0.05 0.88 ± 0.03 0.07 ± 0.01 1546.67 ± 63.6 8.35 ± 0.49 6.48 ± 0.3 9.71 ± 0.56 

Managed 50 J.canadensis 539 ± 52.85 0.71 ± 0.15 0.92 ± 0.1 0.27 ± 0.21 1736.67 ± 84.52 7.49 ± 0.36 6.86 ± 0.6 8.1 ± 0.54 

Unmanaged 5 Unplanted 742 ± 105.76 0.18 ± 0.04 1.19 ± 0.04 0.34 ± 0.04 1336.67 ± 53.33 8.21 ± 0.78 20.2 ± 1.39 7.7 ± 0.16 

Unmanaged 5 C.lacustris 716 ± 119.43 0.26 ± 0.1 1.66 ± 0.3 0.47 ± 0.13 1353.33 ± 73.11 7.6 ± 0.45 36.7 ± 10.15 9.38 ± 1.33 

Unmanaged 5 T.latifolia 714.33 ± 91.36 0.25 ± 0.07 2.02 ± 0.52 0.87 ± 0.38 1460 ± 69.28 8.53 ± 0.39 49.63 ± 20.27 9.15 ± 2.59 

Unmanaged 5 J.canadensis 549.33 ± 10.41 0.28 ± 0.05 1.62 ± 0.19 0.71 ± 0.21 1263.33 ± 17.64 7.85 ± 0.35 36.8 ± 6.74 6.61 ± 0.69 

Unmanaged 10 Unplanted 742.67 ± 37.1 0.19 ± 0.05 1.45 ± 0.08 0.85 ± 0.26 1410 ± 30.55 6.87 ± 0.2 36.93 ± 3.2 9.89 ± 0.68 

Unmanaged 10 C.lacustris 540.34 ± 79.25 0.28 ± 0.03 1.22 ± 0.66 3.87 ± 3.71 947.65 ± 432.39 6.12 ± 1.1 69.85 ± 49.15 6.51 ± 1.59 

Unmanaged 10 T.latifolia 587.25 ± 64.79 0.26 ± 0.1 1.96 ± 0.61 1.57 ± 1.37 1022.54 ± 453.57 6.56 ± 0.98 52.6 ± 29.5 7.22 ± 2.2 

Unmanaged 10 J.canadensis 570.96 ± 114.04 0.51 ± 0.27 0.93 ± 0.43 1.07 ± 0.99 972.7 ± 427.65 7.06 ± 0.43 28.85 ± 13.85 5.96 ± 2.86 

Unmanaged 19 Unplanted 446.22 ± 26.15 0.63 ± 0.05 0.04 ± NA NA 127.16 ± 22.43 5.18 ± 0.25 NA 1.55 ± 0.61 

Unmanaged 19 C.lacustris 444.66 ± 48.52 1.02 ± 0.12 0.04 ± 0.01 NA 127.39 ± 36.1 4.88 ± 0.34 NA 2.37 ± 0.7 

Unmanaged 19 T.latifolia 542.25 ± 57.61 0.94 ± 0.19 0.06 ± 0.01 NA 173.55 ± 22.66 4.62 ± 0.5 NA 1.59 ± 0.09 

Unmanaged 19 J.canadensis 366.89 ± 14.53 1.08 ± 0.18 0.04 ± NA NA 115.21 ± 23.06 7.34 ± 1.08 NA 2.66 ± 0.5 

Unmanaged 50 Unplanted 527.63 ± 111.73 0.57 ± 0.29 1.36 ± 0.7 0.9 ± 0.25 1121.76 ± 488.27 8.14 ± 0.83 51.75 ± 13.45 6.53 ± 2.42 

Unmanaged 50 C.lacustris 489.9 ± 90.67 0.87 ± 0.41 2.09 ± 1.08 1.86 ± 0.73 1146.34 ± 453.99 7.31 ± 1.04 95.35 ± 37.65 6.17 ± 1.95 

Unmanaged 50 T.latifolia 475.32 ± 48.94 0.48 ± 0.18 2.49 ± 1.25 5.84 ± 1.6 1146.73 ± 480.3 6.59 ± 0.94 136.5 ± 9.5 5.29 ± 2.24 

Unmanaged 50 J.canadensis 428.8 ± 58.62 0.79 ± 0.36 2.4 ± 1.22 2.09 ± 0.26 1172.67 ± 483.02 15.55 ± 5.53 77.65 ± 0.95 4.8 ± 1.48 

Unmanaged 65 Unplanted 612.33 ± 71.03 0.48 ± 0.01 2.21 ± 0.13 3.73 ± 1.39 1483.33 ± 50.44 8.69 ± 0.39 61.83 ± 6.96 10.31 ± 0.51 

Unmanaged 65 C.lacustris 727 ± 117.19 0.66 ± 0.03 3.62 ± 0.25 32.13 ± 9.9 2116.67 ± 63.86 6.22 ± 0.89 166 ± 18.08 8.89 ± 0.04 

Unmanaged 65 T.latifolia 677.67 ± 85.22 0.6 ± 0.01 5.36 ± 0.85 19.51 ± 13.15 1976.67 ± 96.15 6.41 ± 0.58 224.33 ± 68.86 11.43 ± 0.94 

Unmanaged 65 J.canadensis 638 ± 63.07 0.77 ± 0.08 3.94 ± 0.49 4.17 ± 1.13 1736.67 ± 65.66 17.97 ± 2.74 101.97 ± 25.71 6.3 ± 1.17 
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SI Table 23: Crystalline iron-oxide fraction metal concentration of soil samples collected from the both sites (n = 3 ± SE). 

 

Site Week Treatment Al As Co Cu Fe Mn Ni Zn 

Managed 5 Unplanted 1833.33 ± 223.63 0.88 ± 0.08 1.41 ± 0.17 10 ± 1.33 3240 ± 364.6 25.47 ± 3.31 8.66 ± 0.55 9.08 ± 1.09 

Managed 5 C.lacustris 2000 ± 90.74 1.12 ± 0.16 1.5 ± 0.06 10.93 ± 0.52 3423.33 ± 178.36 25.87 ± 1.07 10.09 ± 0.67 9.21 ± 1.01 

Managed 5 T.latifolia 1896.67 ± 107.29 0.87 ± 0.17 1.36 ± 0.05 9.79 ± 0.41 3193.33 ± 186.76 24.07 ± 1.71 8.65 ± 0.35 7.46 ± 0.68 

Managed 5 J.canadensis 1873.33 ± 141.7 0.86 ± 0.14 1.34 ± 0.1 8.95 ± 1.02 3286.67 ± 209.55 25.5 ± 2.2 8.67 ± 0.78 8.04 ± 0.5 

Managed 10 Unplanted 1830 ± 179.26 1.29 ± 0.1 1.41 ± 0.13 10.71 ± 1.24 3163.33 ± 255.76 24.2 ± 1.78 10.08 ± 0.94 7.8 ± 0.51 

Managed 10 C.lacustris 1833.33 ± 116.67 0.68 ± 0.16 1.33 ± 0.07 9.12 ± 0.96 3016.67 ± 147.46 22.87 ± 1.24 8.81 ± 0.31 7.03 ± 0.15 

Managed 10 T.latifolia 1690 ± 91.65 0.77 ± 0.14 1.21 ± 0.05 7.78 ± 0.63 2740 ± 145.72 20.6 ± 1.18 8.24 ± 0.5 7.33 ± 0.5 

Managed 10 J.canadensis 1670 ± 125.83 1.02 ± 0.1 1.25 ± 0.1 6.22 ± 0.3 2843.33 ± 169.54 20.83 ± 2.02 8.82 ± 0.48 6.39 ± 0.46 

Managed 19 Unplanted 1783.33 ± 63.33 1.12 ± 0.47 1.4 ± 0.13 5.49 ± 0.91 3066.67 ± 181.23 22.73 ± 0.68 11.5 ± 3.23 7.49 ± 0.71 

Managed 19 C.lacustris 1806.67 ± 118.93 0.81 ± 0.12 1.34 ± 0.07 6.21 ± 1.12 3010 ± 180 22.9 ± 1.66 9.38 ± 0.23 7.23 ± 0.65 

Managed 19 T.latifolia 1900 ± 78.1 0.78 ± 0.13 1.4 ± 0.06 5.4 ± 1.2 3103.33 ± 101.05 25.13 ± 1.42 9.41 ± 0.23 8.11 ± 0.72 

Managed 19 J.canadensis 1850 ± 127.02 0.97 ± 0.11 1.38 ± 0.07 5.02 ± 0.66 3136.67 ± 156.03 23.77 ± 1.39 9.91 ± 0.62 6.8 ± 0.58 

Managed 50 Unplanted 1766.67 ± 69.36 3.01 ± 1 1.5 ± 0.12 8.91 ± 2.28 3050 ± 179.54 19.43 ± 0.22 11.84 ± 2.01 3.41 ± 0.35 

Managed 50 C.lacustris 1803.33 ± 117.95 1.76 ± 0.16 1.36 ± 0.07 5.86 ± 1.02 2940 ± 193.13 19.43 ± 0.92 10.44 ± 0.98 3.03 ± 0.11 

Managed 50 T.latifolia 1880 ± 116.76 1.5 ± 0.24 1.43 ± 0.06 5.34 ± 0.84 2980 ± 229.42 21.03 ± 1.86 9.74 ± 1.5 2.99 ± 0.17 

Managed 50 J.canadensis 1656.67 ± 150.7 1.78 ± 0.09 1.31 ± 0.07 5.12 ± 0.63 2736.67 ± 182.79 17.97 ± 1.68 9.77 ± 0.27 3.78 ± 0.84 

Unmanaged 5 Unplanted 1646.67 ± 63.33 0.56 ± 0.07 1.29 ± 0.06 21.43 ± 3.75 2780 ± 98.66 20.9 ± 1.86 14.5 ± 1.23 7.39 ± 2.1 

Unmanaged 5 C.lacustris 1620 ± 185.2 0.59 ± 0.08 1.32 ± 0.19 23.57 ± 5.3 2733.33 ± 288.35 20.77 ± 3.03 20.67 ± 5.34 6.92 ± 1.6 

Unmanaged 5 T.latifolia 1506.67 ± 46.67 0.45 ± 0.11 1.31 ± 0.03 41.2 ± 13.61 2526.67 ± 138.6 18.4 ± 0.1 25.17 ± 7.2 9.33 ± 3.86 

Unmanaged 5 J.canadensis 1496.67 ± 29.63 0.79 ± 0.16 1.23 ± 0.06 36.97 ± 7.2 2500 ± 65.57 17.8 ± 1.18 22.6 ± 2.43 4.78 ± 0.61 

Unmanaged 10 Unplanted 1510 ± 26.46 0.57 ± 0.04 1.16 ± 0.02 27.77 ± 7.62 2436.67 ± 49.1 16.77 ± 0.3 18.1 ± 1.31 2.9 ± 0.27 

Unmanaged 10 C.lacustris 1653.33 ± 78.39 0.75 ± 0.07 2.11 ± 0.9 88.87 ± 48.45 2646.67 ± 267.1 16.73 ± 0.73 55.67 ± 26.86 4.1 ± 0.72 

Unmanaged 10 T.latifolia 1706.67 ± 72.65 0.62 ± 0.05 1.64 ± 0.29 40.27 ± 15.56 2813.33 ± 244.43 18.1 ± 0.82 30.43 ± 6.92 4.66 ± 0.39 

Unmanaged 10 J.canadensis 1710 ± 140.12 0.79 ± 0.06 1.74 ± 0.56 27.62 ± 10.32 2853.33 ± 318.66 18.4 ± 1.12 28.6 ± 12.08 4.34 ± 0.34 

Unmanaged 19 Unplanted 1923.33 ± 31.8 0.7 ± 0.02 2.28 ± 0.15 28.37 ± 5.01 3360 ± 92.92 20 ± 1.08 39.17 ± 9.32 4.24 ± 0.46 

Unmanaged 19 C.lacustris 1870 ± 30 0.77 ± 0.07 2.74 ± 0.25 27.3 ± 6.02 3213.33 ± 48.07 18.6 ± 0.67 56.23 ± 9.86 4.48 ± 0.69 

Unmanaged 19 T.latifolia 1900 ± 51.32 0.76 ± 0.07 3 ± 0.15 59.73 ± 20.6 3336.67 ± 141.93 19.23 ± 0.62 62.3 ± 7.23 4.4 ± 0.46 

Unmanaged 19 J.canadensis 1883.33 ± 31.8 0.83 ± 0.09 2.72 ± 0.14 30.97 ± 7.4 3283.33 ± 104.93 18.8 ± 0.35 48.73 ± 6.22 4.36 ± 0.23 

Unmanaged 50 Unplanted 1980 ± 128.97 0.9 ± 0.09 1.9 ± 0.41 40.87 ± 7.31 3136.67 ± 264.34 21.13 ± 0.75 33.93 ± 7.95 4.77 ± 0.6 

Unmanaged 50 C.lacustris 1970 ± 32.15 1.01 ± 0.04 2.21 ± 0.65 86.03 ± 23.49 2996.67 ± 137.76 19.87 ± 0.03 54.7 ± 14.06 3.99 ± 0.87 

Unmanaged 50 T.latifolia 1930 ± 81.85 0.9 ± 0.05 2.49 ± 0.72 140.67 ± 23.55 2903.33 ± 261.04 19.57 ± 0.64 66.27 ± 12.05 4.02 ± 0.16 

Unmanaged 50 J.canadensis 2010 ± 128.58 1.03 ± 0.14 2.34 ± 0.75 73.07 ± 6.89 3140 ± 328.84 20.37 ± 0.8 49.03 ± 10.38 3.4 ± 0.58 

Unmanaged 65 Unplanted 1680 ± 35.12 0.88 ± 0.09 1.54 ± 0.04 114.4 ± 33.17 2340 ± 10 17.7 ± 0.26 42.9 ± 5.31 3.56 ± 0.68 

Unmanaged 65 C.lacustris 1763.33 ± 58.12 1.06 ± 0.06 1.71 ± 0.11 436 ± 68.89 2276.67 ± 63.33 17.27 ± 0.58 59.43 ± 3.62 3.73 ± 0.52 

Unmanaged 65 T.latifolia 1740 ± 95.04 0.94 ± 0.06 2.06 ± 0.11 300 ± 110.04 2310 ± 89.63 17.4 ± 0.42 82.87 ± 15.78 4.21 ± 0.19 

Unmanaged 65 J.canadensis 1663.33 ± 55.48 0.89 ± 0.06 1.42 ± 0.1 104.97 ± 32.16 2446.67 ± 52.39 17.83 ± 0.5 37.1 ± 9.67 3.7 ± 0.67 
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SI Table 24: Organic and sulfide fraction metal concentration of soil samples collected from the both sites (n = 3 ± SE). 

 

Site Week Treatment Al As Co Cu Fe Mn Ni Zn 

Managed 5 Unplanted 1186.67 ± 49.1 0.38 ± 0.03 0.84 ± 0.05 6.27 ± 0.19 1450 ± 109.7 17.57 ± 1.07 5.54 ± 0.2 2.66 ± 0.65 

Managed 5 C.lacustris 1180 ± 17.32 0.39 ± 0.01 0.84 ± 0 7.29 ± 0.26 1406.67 ± 17.64 16.53 ± 0.28 5.9 ± 0.04 4.08 ± 0.97 

Managed 5 T.latifolia 1094.33 ± 145.28 0.34 ± 0.05 0.75 ± 0.07 6.31 ± 0.53 1266.67 ± 129.79 15.03 ± 1.48 5.43 ± 0.5 2.32 ± 0.1 

Managed 5 J.canadensis 1183.33 ± 52.07 0.39 ± 0.01 0.8 ± 0.02 6.76 ± 0.57 1403.33 ± 23.33 16.23 ± 0.18 5.64 ± 0.26 2.67 ± 0.66 

Managed 10 Unplanted 1062 ± 142.61 0.38 ± 0.08 0.8 ± 0.08 7.34 ± 0.49 1187.67 ± 167.14 14.47 ± 1.59 5.96 ± 0.6 2.22 ± 0.86 

Managed 10 C.lacustris 1116.67 ± 61.73 0.43 ± 0.03 0.8 ± 0.02 7.98 ± 0.18 1260 ± 47.26 14.77 ± 0.38 5.7 ± 0.16 2.48 ± 0.78 

Managed 10 T.latifolia 807 ± 287.19 0.38 ± 0.07 0.58 ± 0.18 5.99 ± 1.78 899.67 ± 316.77 11.06 ± 3.34 4.25 ± 1.24 2.26 ± 0.94 

Managed 10 J.canadensis 969.67 ± 55.19 0.35 ± 0.02 0.7 ± 0.03 8.26 ± 0.39 1093.33 ± 39.3 13.07 ± 0.2 5.07 ± 0.42 2.11 ± 0.67 

Managed 19 Unplanted 1099.33 ± 113.05 0.45 ± 0.07 1.12 ± 0.23 12.66 ± 2.65 1336.67 ± 165.76 16.1 ± 1.99 12.58 ± 6.65 2.53 ± 0.61 

Managed 19 C.lacustris 1170 ± 73.71 0.44 ± 0.04 0.98 ± 0.1 11.54 ± 1.32 1326.67 ± 95.28 15.23 ± 0.89 7.37 ± 1.12 0.61 ± 0.28 

Managed 19 T.latifolia 1061.33 ± 57.58 0.41 ± 0.06 0.85 ± 0.05 9.91 ± 0.88 1203.33 ± 78.39 14.13 ± 1.15 6.13 ± 0.37 1.07 ± 0.6 

Managed 19 J.canadensis 1233.33 ± 52.39 0.5 ± 0.03 1 ± 0.1 12.97 ± 0.22 1490 ± 106.93 17.57 ± 1.65 11.72 ± 4.99 0.66 ± 0.3 

Managed 50 Unplanted 1190 ± 11.55 0.74 ± 0.06 2.05 ± 0.37 21.1 ± 3.42 1536.67 ± 120.32 24.17 ± 2.7 43.2 ± 16.19 0.59 ± 0.44 

Managed 50 C.lacustris 1230 ± 60.28 0.66 ± 0.04 1.56 ± 0.24 18.8 ± 2.07 1503.33 ± 110.96 21.7 ± 2 25.43 ± 8.01 0.7 ± 0.29 

Managed 50 T.latifolia 1263.33 ± 58.97 0.66 ± 0.05 1.8 ± 0.11 17.2 ± 2.15 1676.67 ± 75.35 22.87 ± 2.32 31.3 ± 9.29 0.78 ± 0.21 

Managed 50 J.canadensis 1206.67 ± 46.67 0.64 ± 0.02 1.71 ± 0.28 17.6 ± 0.64 1526.67 ± 127.06 23.37 ± 3.58 32.93 ± 14.67 1.23 ± 0.61 

Unmanaged 5 Unplanted 1233.33 ± 52.07 0.45 ± 0.03 0.85 ± 0.04 17.73 ± 3.51 1396.67 ± 94.04 16.5 ± 1.12 7.24 ± 0.47 3.17 ± 1.55 

Unmanaged 5 C.lacustris 1266.67 ± 43.72 0.43 ± 0.02 0.89 ± 0.01 19.97 ± 4.38 1463.33 ± 55.48 17.07 ± 0.66 7.85 ± 0.19 3.52 ± 1.64 

Unmanaged 5 T.latifolia 1296.67 ± 53.64 0.54 ± 0.09 1.38 ± 0.25 22.37 ± 3.44 1503.33 ± 63.6 17.43 ± 0.7 18.15 ± 5.48 3.83 ± 1.08 

Unmanaged 5 J.canadensis 1253.33 ± 12.02 0.48 ± 0.02 0.89 ± 0.01 24.87 ± 2.75 1463.33 ± 27.28 16.97 ± 0.5 8.59 ± 0.03 3.64 ± 1.3 

Unmanaged 10 Unplanted 1203.33 ± 46.67 0.41 ± 0.03 0.89 ± 0.05 29.63 ± 5.01 1406.67 ± 48.42 19.27 ± 1.59 9.06 ± 0.77 4.3 ± 0.69 

Unmanaged 10 C.lacustris 1286.67 ± 46.67 0.48 ± 0.01 1.44 ± 0.5 53.27 ± 18.08 1543.33 ± 132.83 22.23 ± 4.08 31.38 ± 20.97 5.19 ± 0.48 

Unmanaged 10 T.latifolia 1270 ± 50.33 0.5 ± 0.02 1.35 ± 0.16 50.1 ± 23.53 1473.33 ± 44.85 21.03 ± 0.62 19.23 ± 4.58 5.05 ± 0.46 

Unmanaged 10 J.canadensis 1209.67 ± 110.02 0.45 ± 0.05 1.14 ± 0.31 32.6 ± 13.05 1433.33 ± 165.06 21.4 ± 2.8 17.78 ± 9.23 5.33 ± 0.83 

Unmanaged 19 Unplanted 1410 ± 15.28 0.53 ± 0.06 3.15 ± 1.14 31.6 ± 6.92 2146.67 ± 328.45 40.23 ± 10.5 104.97 ± 59.76 4.66 ± 0.29 

Unmanaged 19 C.lacustris 1386.67 ± 84.13 0.51 ± 0.03 2.4 ± 0.54 31.37 ± 1.93 1870 ± 236.43 32.43 ± 5.13 64 ± 22 6.66 ± 1.15 

Unmanaged 19 T.latifolia 1426.67 ± 34.8 0.55 ± 0.04 3.24 ± 0.24 53.57 ± 9.53 2206.67 ± 171.3 40.7 ± 4.87 101.47 ± 16.77 5.34 ± 0.7 

Unmanaged 19 J.canadensis 1346.67 ± 35.28 0.59 ± 0.02 3.17 ± 0.66 40.4 ± 6.96 2286.67 ± 236.81 44.33 ± 7.88 119.77 ± 39.26 4.65 ± 0.82 

Unmanaged 50 Unplanted 1333.33 ± 46.67 0.58 ± 0.02 2.92 ± 0.28 36.6 ± 6.7 1730 ± 101.16 30.7 ± 2.16 82.37 ± 13.99 3.72 ± 1.34 

Unmanaged 50 C.lacustris 1336.67 ± 40.55 0.54 ± 0.01 2.6 ± 0.5 60.07 ± 13.68 1823.33 ± 177.04 33.03 ± 5.09 83.73 ± 21.43 3.6 ± 1.6 

Unmanaged 50 T.latifolia 1313.33 ± 50.44 0.49 ± 0.02 2.99 ± 0.62 71.8 ± 2.95 1666.67 ± 162.31 26.43 ± 3.13 76.43 ± 15.94 4.11 ± 1.99 

Unmanaged 50 J.canadensis 1323.33 ± 89.5 0.56 ± 0.05 2.73 ± 0.58 60.4 ± 6.45 1950 ± 308.6 36.87 ± 8.04 101.83 ± 29.45 3.24 ± 1.46 

Unmanaged 65 Unplanted 1260 ± 56.86 0.56 ± 0.03 5.87 ± 0.51 63.27 ± 11.28 1670 ± 46.19 17.53 ± 0.41 128.43 ± 16.13 3.84 ± 1.46 

Unmanaged 65 C.lacustris 1233.33 ± 92.07 0.52 ± 0.05 5.81 ± 1 152.33 ± 25.75 1420 ± 160 16.37 ± 1.23 148.17 ± 37.82 3.74 ± 0.14 

Unmanaged 65 T.latifolia 1253.33 ± 78.81 0.55 ± 0.02 8.26 ± 1.98 116.7 ± 36.17 1483.33 ± 104.77 17.37 ± 0.83 184.77 ± 58.27 3.35 ± 1.31 

Unmanaged 65 J.canadensis 1236.67 ± 56.67 0.49 ± 0.03 1.07 ± 0.11 54.4 ± 14.03 1396.67 ± 81.72 17.57 ± 1.36 18.3 ± 3.32 3.18 ± 0.65 
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SI Table 25: Total metal concentration of soil samples collected for the managed sites (n = 3 ± SE). 

 

Week Treatment Al As Co Cu Fe Mn Ni Zn 

5 Unplanted 9733.33 ± 1409.6 3.68 ± 0.07 7.26 ± 0.71 36.17 ± 2.49 13133.33 ± 1419.31 204.33 ± 26.09 47.3 ± 4.23 42.6 ± 5.39 

5 C. lacustris 9003.33 ± 907.93 3.98 ± 0.53 6.5 ± 0.58 35.6 ± 1.86 12020 ± 1062.26 180 ± 14.84 43.6 ± 3.7 36.6 ± 3.35 

5 T. latifolia 9480 ± 244.2 3.53 ± 0.17 6.62 ± 0.14 33.87 ± 1.39 12500 ± 400 190.67 ± 1.86 42.23 ± 1.33 40.03 ± 3.09 

5 J. canadensis 9800 ± 529.15 3.73 ± 0.19 7.09 ± 0.31 38.9 ± 3.8 13233.33 ± 638.57 209.67 ± 17.65 44.8 ± 3.34 39.83 ± 2.47 

10 Unplanted 11233.33 ± 480.74 5.47 ± 0.49 8.98 ± 0.38 47.4 ± 1.67 14533.33 ± 88.19 220.33 ± 4.18 69.93 ± 5.72 51.87 ± 3.76 

10 C. lacustris 9293.33 ± 454.25 4.04 ± 0.14 6.64 ± 0.27 38.07 ± 1.95 12233.33 ± 560.75 190.67 ± 6.36 44.7 ± 2.29 44.17 ± 6.72 

10 T. latifolia 9596.67 ± 751.81 4.02 ± 0.27 6.84 ± 0.48 38.93 ± 2.54 12400 ± 950.44 210 ± 12.66 46.27 ± 3.48 49.1 ± 4.87 

10 J. canadensis 8736.67 ± 921.64 3.77 ± 0.07 6.53 ± 0.48 37.17 ± 1.85 11700 ± 873.69 189 ± 9.5 44.07 ± 3.14 44.77 ± 6.33 

19 Unplanted 8123.33 ± 153.01 4.48 ± 0.82 6.75 ± 0.77 38.5 ± 3.85 11266.67 ± 296.27 177.33 ± 3.84 52.47 ± 

12.47 

51.87 ± 5.92 

19 C. lacustris 8570 ± 506.39 4.12 ± 0.07 6.18 ± 0.27 37.9 ± 1.71 11566.67 ± 617.34 175.33 ± 6.44 43.77 ± 1.45 42.83 ± 5.69 

19 T. latifolia 9570 ± 311.93 3.67 ± 0.24 6.82 ± 0.45 36.67 ± 2.44 12533.33 ± 520.68 205 ± 17.58 46.2 ± 3.37 58.97 ± 7.04 

19 J. canadensis 8806.67 ± 150.15 4.28 ± 0.18 6.88 ± 0.15 39.63 ± 1.4 12000 ± 264.58 181 ± 7.51 48.17 ± 1.05 50.7 ± 3.67 

50 Unplanted 6850 ± 765.4 7.18 ± 2.25 7.52 ± 0.83 58.5 ± 14.18 8960 ± 739.21 156.33 ± 10.17 70.8 ± 15.29 38.5 ± 1.8 

50 C. lacustris 6913.33 ± 222.59 4.42 ± 0.24 6.2 ± 0.18 40.5 ± 4.44 8316.67 ± 369.7 141 ± 16.64 49.23 ± 5.38 38.07 ± 3.02 

50 T. latifolia 7390 ± 484.39 3.81 ± 0.76 6.68 ± 0.38 39.9 ± 8.3 8870 ± 535.38 146 ± 22.19 50.03 ± 

10.71 

45.53 ± 2.2 

50 J. canadensis 6320 ± 662.6 4.73 ± 0.77 6.11 ± 0.78 35.73 ± 3.45 7790 ± 772.94 130.67 ± 5.36 46.83 ± 5.3 34.77 ± 1.72 
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SI Table 26: Total metal concentration of soil samples collected for the unmanaged sites (n = 3 ± SE). 
Week Treatment Al As Co Cu Fe Mn Ni Zn 

5 Unplanted 8970 ± 359.3 3.26 ± 0.12 7.76 ± 0.21 72.23 ± 2.85 11533.33 ± 548.74 188.33 ± 5.9 92.83 ± 7.21 43.97 ± 4.75 

5 C. lacustris 9473.33 ± 364.48 3.76 ± 0.33 10.9 ± 1.82 98.73 ± 20.86 12166.67 ± 466.67 188.67 ± 6.94 169.33 ± 48.46 58.73 ± 6.77 

5 T. latifolia 9380 ± 75.72 3.6 ± 0.14 12.81 ± 2.66 128.77 ± 30.33 12200 ± 251.66 205.33 ± 10.68 228.57 ± 83.54 57.03 ± 

12.24 

5 J. canadensis 8683.33 ± 736.35 3.63 ± 0.36 9.9 ± 0.3 133.33 ± 23.15 11083.33 ± 796 184 ± 17.35 162.33 ± 7.31 45.63 ± 4.29 

10 Unplanted 7556.67 ± 261.17 3.32 ± 0.19 9.44 ± 0.71 154 ± 40.07 9426.67 ± 530.86 190.33 ± 16.25 177.67 ± 23.78 74 ± 15.09 

10 C. lacustris 6660 ± 824.56 2.79 ± 0.44 12.82 ± 2.54 287.37 ± 129.01 8346.67 ± 1015.63 156 ± 15.95 357.33 ± 119.67 53.5 ± 0.9 

10 T. latifolia 6966.67 ± 480.36 3 ± 0.13 11.21 ± 2.4 222.13 ± 105.17 8536.67 ± 658.34 184 ± 15.59 248.67 ± 96.96 70.1 ± 1.12 

10 J. canadensis 6076.67 ± 759.26 2.89 ± 0.35 9.03 ± 1.87 151.07 ± 74.61 7566.67 ± 915.43 164.67 ± 18.21 176.2 ± 54.85 52.37 ± 7.09 

19 Unplanted 7216.67 ± 491 3.28 ± 0.1 9.94 ± 0.53 128.33 ± 9.94 8973.33 ± 714.06 203.33 ± 19.54 201.33 ± 37.98 73.77 ± 

17.62 

19 C. lacustris 6526.67 ± 129.91 3.19 ± 0.27 11.97 ± 1.52 135 ± 18.72 8096.67 ± 147.23 169.67 ± 2.33 287 ± 53.84 74.63 ± 

19.69 

19 T. latifolia 5930 ± 160.93 2.84 ± 0.14 12.44 ± 1.61 224.17 ± 71.29 7526.67 ± 58.4 152 ± 9.71 316.33 ± 68.13 55.1 ± 4.87 

19 J. canadensis 6540 ± 210.32 3.14 ± 0.13 11.5 ± 1.26 150 ± 31.79 8096.67 ± 171.69 178 ± 5.51 237 ± 41.51 76 ± 9.03 

50 Unplanted 5593.33 ± 730.67 2.82 ± 0.27 8.92 ± 1.45 138.2 ± 32.72 6943.33 ± 826.93 157 ± 22.5 197 ± 37.59 39.6 ± 7.91 

50 C. lacustris 6453.33 ± 395.49 3.06 ± 0.06 15.53 ± 1.45 295 ± 53.73 7830 ± 275.38 161.33 ± 11.46 433.67 ± 81.28 48.9 ± 4.55 

50 T. latifolia 6243.33 ± 368.89 2.79 ± 0.21 18.83 ± 0.28 422 ± 23.03 7436.67 ± 366.08 154.67 ± 11.98 585.67 ± 38.32 49.3 ± 2.06 

50 J. canadensis 6453.33 ± 429.82 2.97 ± 0.13 14.93 ± 0.92 279.33 ± 11.85 7863.33 ± 329.92 175 ± 5.57 359 ± 31.66 46.97 ± 5.2 

65 Unplanted 7793.33 ± 201.69 3.25 ± 0.22 16.6 ± 1.56 321.33 ± 69.2 8323.33 ± 183.15 147.33 ± 3.84 386.67 ± 50.53 49.8 ± 0.74 

65 C. lacustris 8856.67 ± 674.89 3.48 ± 0.42 25.93 ± 0.18 1289.67 ± 

182.07 

8990 ± 626.13 130 ± 15.39 824.67 ± 36.22 55.2 ± 2.12 

65 T. latifolia 7073.33 ± 253.33 2.78 ± 0.47 28.3 ± 4.73 713.67 ± 255.63 7476.67 ± 277.87 103.6 ± 4.97 836 ± 209.58 51.13 ± 3.03 

65 J. canadensis 7560 ± 715.29 2.97 ± 0.27 16.83 ± 4.53 303.67 ± 101.95 8276.67 ± 536.79 129 ± 7.21 387.33 ± 151.13 45.83 ± 6.8 
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Appendix A 

 

Portions of chapter 1 and 2 has been accepted for publication in the Journal of 

Environmental Management. The manuscript is presented here as an appendix.  
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Shallow floating treatment wetland capable of sulfate reduction in acid 

mine drainage impacted waters in a Northern climate 

Varun Gupta, Josee Courtemanche, John Gunn, and Nadia Mykytczuk 

 

Abstract 

Floating treatment wetlands (FTWs) that can uptake nutrients and metals from water, and/or 

trap suspended solids in their roots, are becoming viable options to treat urban, agriculture 

and sewage runoffs. However, current FTW designs favor aerobic processes and short-term 

storage of metals, which are ineffective in acid mine drainage (AMD) environments. Many 

also function poorly in northern latitudes with strong seasonality and several months of sub-

zero temperatures. In this study, I designed a novel FTWs with 20 cm soil profile to test its 

ability to sustain anaerobic microbial processes, such as iron and sulfate reduction and 

remain functional after freezing conditions of winter months. Three different plants, Carex 

lacustris, Typha latifolia, and Juncus canadensis to tested in FTWs, deployed in a mining-

impacted water in Sudbury, ON, Canada.  Low to moderately reducing conditions, along 

with presence of ferrous iron and hydrogen sulfide in the porewater of all FTWs, irrespective 

of the constituent vegetation type. Moreover, as well as a ~30% increase in sulfate-reducing 

bacteria (SRB) richness and ~100% increase in SRB abundance between years, was the 

evidence that anaerobic processes was occurring in these shallow FTWs. From this study I 

estimated that during its lifetime, one shallow FTW can treat ~61 m3 of sulfate-rich water, 

thus offering an alternative way to capture sulfate and other metals from mining-impacted 

waters.   
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Introduction 

Mining operation in the Boreal landscape produces vast quantities of solid waste, 

such as tailings, slag, and waste rocks. The long-term management of this solid waste poses 

one of the largest challenges for a mining operation and cost associated with mine closure 

planning. It is estimated that 950,000 tonnes of tailings and 1 million tonnes of waste rock is 

produced every day in Canada by mining industry, amounting to ~650 million tonnes of 

mine waste per year (Winfield et al., 2002). In Ontario alone, there are 43 active mines and 

4415 abandoned mines with tailings, and mine influenced water issues (MNDM, 2014). In 

the case of sulfide ore operations, one of the largest challenges is the need to control the 

release of acid mine drainage (AMD) from waste rock and tailings, where vast quantities of 

highly acidic effluents enriched with toxic levels of metals are leached out from both 

abandoned and active mining sites (Johnson and Hallberg, 2005). AMD results from 

exposure of sulfidic mineral (pyrite) to oxygen, leading to the formation of dissolved ferrous 

iron, sulfate and hydrogen ions. Though, sulfate is considered non-toxic, at high 

concentrations it can have detrimental effect on freshwater invertebrates due to 

osmoregulatory stress (Soucek and Kennedy, 2005). Also, at high concentrations, sulfate can 

have corrosive effect on water pipes, thereby limiting the ability of mining operations to 

recycle water, which can be important for mines situated in arid and semi-arid regions 

(Runtti et al., 2018).  

Both natural and constructed wetlands have been used in passive biotic treatment 

strategies for agricultural runoff, sewage, storm water as well as ADM from active and 

abandoned mines. Of the variety of constructed wetland types, floating treatment wetlands 

(FTWs), are gaining considerable popularity as a strategy to mitigate nutrient-rich waters 



 

 

220 

(Keizer-Vlek et al., 2014; Lynch et al., 2015; Wang et al., 2015). They differ from other 

constructed wetlands in that the roots of their vegetation hang in water rather than being 

anchored in sediments (Headley and Tanner, 2006). However, FTWs appear to be highly 

effective at transforming aqueous nutrients lush, aboveground and harvestable biomass 

(Keizer-Vlek et al., 2014; Lynch et al., 2015; Wang et al., 2015). 

All commercially available FTWs, such as the Biohaven, which was used by Tanner et al. 

(2011), Borne et al. (2013) and Chang et al. (2012), are generally comprised of: a buoyancy 

system, a frame to hold vegetation, and coconut coir or peat for structural support. The free-

floating roots in the water column allow facile development of biofilms, which allow water 

treatment via metal complexation or physical entrapment of suspended sediments in the 

roots. Borne et al. (2013), for example, conducted a field-trial in a stormwater treatment 

pond and found that the Biohaven FTW eliminated particulate copper and particulate zinc 

by 39% and 40%, respectively, over a one-year period. However, physical entrapment of 

metals in the roots is not indicative of long-term storage as it is prone to senescence and 

yearly die off, and aerobic environment would not allow for sulfate transformation. Sulfate 

reducing bacteria (SRB), which are obligate anaerobic microbes, are responsible for sulfate 

reduction (Sheoran et al., 2010). The reaction is alkaline generating (eq. 1) and is an 

effective mechanism for immobilizing metals (Cd, Cu, Zn, Ni, Pb) as highly insoluble metal 

sulfide precipitates (eq. 2) (Fu and Wang, 2011; Jiménez-Rodríguez et al., 2009; Lewis, 

2010).  

 

SO42- + 2 CH2O   →  H2S + 2 HCO3-    (eq. 1) 

H2S + M2+  →  MS(s) + 2 H+     (eq. 2) 
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None of the commercially available FTWs have been tested in an AMD system that has high 

metal concentration and low pH. However, between 1989-1993, Kalin (1993) and Fyson et 

al. (1995) developed an acid reduction using microbiology (ARUM) treatment cells and 

treated AMD seepage with high nickel concentration. Their ARUM system was designed to 

promote anaerobic, alkaline generating processes in the underlying sediments using Typha 

dominated floating wetlands (with free hanging roots) that provided organic carbon for 

anaerobic microbes and created anoxic conditions in the underlying water column. The 

ARUM cells proved effective at removing 77% of nickel, 39% of sulfur and 72% of acidity 

in these trials. Based on the success of these first ARUM cells I attempted to improve on the 

design by creating a built-in shallow sediment profile within the floating wetland to facilitate 

anaerobic microbial processes and potentially offer an alternative way of treating AMD. The 

overall objective of this work is to provide a step-by-step guide to constructing a shallow 

FTW that is capable of sulfate reduction in an open water in an AMD environment. To 

achieve this, I designed and field-test shallow FTWs over a three years period and its ability 

to sustain anaerobic, reductive processes, and survive repeated freeze-thaw cycles.   

 

Material and Methods 

Frame and flotation: For detailed FTW design, see supplementary information. Wood 

pallets (4’ x 4’) were modified to create four equal sized cells (Supplementary information, 

Fig 1). Ethylene-vinyl-acetate (EVA) foam noodles (Sea Serpent, Nordesco Industries, 

Quebec) were used to provide buoyancy, and were attached to the underside of the wood 

pallet with thick cable ties.  A layer of snow fencing was then attached to the bottom of each 
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cell, also using cable ties, for structural support and protection against the collapse of cells 

after ice buildup during the winter (design improvement from 2015 field trials, data not 

shown) (Fig. 1). Then a layer of burlap and coconut coir was lined along the bottom of each 

cell to retain and minimize soil loss (SI, Fig 2).  The overall design allowed each FTW to 

support up to 20 gallons of soil and plant biomass, and a maximum soil depth of 20 cm (SI, 

Fig 3). A homogenized soil mixture was created using top soil, black earth and peat moss in 

the following ratio, 2:1:1 (SI, Fig 4). This ratio was based on field testing that resulted in the 

least amount of soil been dispersed out of the cells and the matrix been dense enough to hold 

plants upright. The FTW modules were deployed and anchored using concrete cinder blocks 

(SI, Fig 5).  

 

 

Fig. 1: Conceptual design of shallow floating treatment wetland with a 20 cm profile. 
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Site selection and baseline water quality: The field experiments were conducted in the 

City of Sudbury, Ontario, Canada between July 2016 and May 2018. The long-term climate 

Normal for Sudbury over the period between 1981 to 2010 is as follows: the mean winter air 

temperature is  -10.3°C and on average there are 99.7 days where the daily maximum 

temperature is below 0°C (Sudbury Station, WMO ID # 71730, Environment Canada). The 

FTW modules were tested at a seepage pond located on a historical smelter site (SI, Fig 5). 

Open water samples were collected on each sampling date and analyzed in-field using the 

Hach field portable colorimeter and YSI Professional Pro multiparameter probe (Table 1). 

See Section 1.2.6 for more details on sampling procedures.  

 

Table 1: Water quality characteristics of the seepage pond. Water samples were collected at 

three time points, (n = 3), and were analyzed in-field on YSI multimeter probe for 

conductivity, dissolved oxygen, Eh, pH and on Hach colorimeter for sulfate and total iron. 

 

 

 

 

 

 

 

 

 

 

Analyte July 2016 July 2017 May 2018 

Conductivity (S/cm) 675 ± 0.6 576 ± 0.6 514 ± 11.5 

Dissolved oxygen (mg/L) 6.4 + 0.3 5.6 + 0.2 7.0 ± 0.0 

Eh (mV) 357.1 ± 13.0  422.9 ± 2.6 448.9 ± 0.6 

pH 6.0 ± 0.1 5.0 ± 0.2 5.1 ± 0.3 

Sulfate (mg/L) 362 ± 6.5 287 ± 10.1 363 ± 8.9 

Total Iron (mg/L) 0.20 ± 0.03 0.51 ± 0.02 0.36 ± 0.01 
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Plant selection: Vegetation for planting in the FTW was selected according to the following 

criteria: (1) the constituent plants must be native to Sudbury; (2) their tolerance of AMD 

must be well-documented in the literature; and (3) they must be cold adapted. The plant 

species that met these criteria were Juncus canadensis (Canada rush) (Barrett and 

Watmough, 2015; Groudev et al., 2008), Carex lacustris (Lake sedge) (Barrett and 

Watmough, 2015; Groudev et al., 2008; Nyquist and Greger, 2009), and Typha latifolia 

(Broadleaf cattail) (Barrett and Watmough, 2015; Groudev et al., 2008; Sobolewski, 1999). 

These plants were sourced from wetlands located around Sudbury and were thoroughly 

washed before transplantation in the FTW. Each FTW modules consisted of four separate 

cells, where each cell contained one of the following: unplanted (control), T. latifolia, C. 

lacustris, and J. canadensis. All FTWs were deployed in June 2016 and were allowed one 

month to stabilize before the start of sampling.   

 

Field redox electrode probe: To measure in-situ soil redox potential within each cell 

without disturbing the soil profile, I manufactured platinum redox electrode probes as per 

Swerhone et al. (1999) and calibrated with ZoBell solutions as per Nordstorm & Wilde 

(2005). When Swerhone et al. (1999) developed these platinum redox electrode probes, they 

tested them in-situ for more than three years. Other workers have replicated their platinum 

probe design to study in-situ redox potential in boreal peatlands (Mitchell and Branfireun, 

2005) and shallow sandy aquifer (Cavé et al., 2007), and found them to be reliable. Redox 

potential is measured as Eh in millivolts, and is considered an important variable that can 

affect biotic and abiotic factors (Husson, 2013). In general, aerated soils, low reduced soils, 

moderately reduced soils and highly reduced soils have the following Eh values respectively: 
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greater than +400 mV; between +100 mV and +400 mV; between -100 mV and +100 mV; 

and between -100 mV and -300 mV (Husson, 2013). Five redox probes were inserted to the 

center of each cell at 5 different depths (4 cm, 8 cm, 12 cm, 16 cm, and 20 cm), and were left 

for 30 min to stabilize before measurements were recorded (Fig. 1). Eh was calculated 

according to the eq. 3, where Eh is the redox potential of the sample relative to the standard 

hydrogen electrode, Emeasured is the potential of the sample measured, and Eref is reference 

electrode potential of the ZoBell’s solution corrected for the sample temperature.  

Eh = Emeasured + Eref  (eq. 3) 

 

Porewater peeper design: 

Porewater samplers were built in-house given: (1) the disruptive nature of commercially 

available systems for repeated measurements; and (2) their above-zero operational ranges. 

Commercially available alternatives, for example Slide-A-Lyser, would have required 

physical removal and insertion back into the soil profile during sampling (Reid and Warren, 

2016), while the MacroRhizons samplers are not designed for use at temperatures below 

1C (Rhizosphere research product, 2019). Porewater samplers were created using 20 mL 

syringes that were perforated with a drill before being wrapped in multiple layers of nylon 

(pantyhose). A 1.5 m long flexible PVC tube was attached to each syringe, and both ends of 

the syringe were secured using Parafilm (SI, Fig 6). Samplers were installed during FTW 

construction within each cell at two different depths, 6 cm and 18 cm (Fig. 1). Care was 

taken to leave the tube, which terminated in a 3-way stop valve (male luer-lock, Cole-

Parmer), protruding out of the cell.  
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Porewater analysis: 

To collect porewater, a 60-mL syringe was attached to the three-way stopcock to create 

vacuum. The PVC pipe was purged by removing and discarding first 15 mL of sample 

within the vacuum syringe, followed by the collection of a fresh 20 mL porewater sample 

into an acid washed 20-mL syringe. The sample was immediately aliquoted and analyzed on 

the field portable colorimeter (Hach DR900) for S2-/H2S (Methylene blue method), SO42- 

(SulfaVer 4 method), an Fe2+ (1,10 Phenanthroline method) and Total Fe (FerroVer method) 

(Reid and Warren, 2016; Warren et al., 2016). 20 ml porewater sample was diluted with 

MilliQ water at the stated dilution ratio; H2S (1:5), SO42- (1:10), Fe2+ (1:5) and Total Fe 

(1:10). Ferric iron (Fe3+) was calculated by subtracting [Fe2+] from [Total Fe]. The Hach 

colorimeter was calibrated as per manufacturer guidelines and a calibration curve was 

created for sulfide, sulfate and ferrous iron (SI, Fig 7).  

Subsequently, a fresh 60 mL of porewater was collected and analyzed on a YSI Professional 

Pro multiparameter probe for oxidation-reduction potential (ORP), pH and dissolved oxygen 

(DO) (Reid and Warren, 2016). The YSI probe was also calibrated as per manufacturer 

guidelines for ORP, pH and DO. ORP values were converted to Eh at standard hydrogen 

electrode by adding 200 mV (YSI Environmental, 2008). Porewater samples were collected 

from three FTW modules throughout 2016 and 2017, early 2018 but given the scope of this 

paper, data collected from the month of July 2016, and shortly after the spring melt in July 

2017 and May 2018 will be presented and discussed. Porewater samples from both depths (6 

cm and 18 cm) were averaged together.  
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Soil sampling and data analysis: 

Soil samples were collected in July 2016 and May 2017 from each cell from three shallow 

FTWs using a sediment corer and stored in sterile Whirl-Pak bags at -20C until further 

processing. DNA was extracted using the Qiagen DNeasy PowerSoil Kit and replicate 

samples were pooled together before sending for sequencing on Illumina MiSeq platform at 

Metagenom Bio Inc (Toronto, ON). The V4 region of the 16S rRNA was targeted using the 

following primers, 515F  (Parada et al., 2016) and 806R (Apprill et al., 2015).  Primers were 

hard-trimmed from forward and reverse reads using the BBDuk tool 

(https://jgi.doe.gov/data-and-tools/bbtools/bb-tools-user-guide/bbduk-guide/). Trimmed 

reads were then processed using the DADA2 pipeline, version 1.8, using the default filtering 

and merging parameters, and sample inference was conducted using the pseudo-pooling 

method (Callahan et al., 2016). The Silva 132 database was used to assign taxonomy (Quast 

et al., 2013). Data and statistical analysis were conducted using R (R Core Team, 2018), 

dplyr (Wickham et al., 2018) and phyloseq (McMurdie and Holmes, 2013). All graphs were 

created using ggplot2 (Wickham, 2016) and ggpubr packages (Kassambara, 2018).  

 

Results and Discussion 

FTWs are capable of sustaining a reducing environment 

AMD is the by-product of mining sulfide ores and is a highly problematic and persistent 

problem, whereby vast quantities of highly acidic effluents enriched with high levels of 

metals are leached out into the environment. I developed and tested a new type of FTW with 

a 20 cm shallow sediment profile that can: (1) be deployed in water bodies impacted by 

AMD; and (2) is capable of sustaining iron and sulfate reduction after overwintering in the 

https://jgi.doe.gov/data-and-tools/bbtools/bb-tools-user-guide/bbduk-guide/
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Northern climate. In wetlands, iron reduction typically occurs between Eh values of -100 

mV and +100 mV and sulfate reduction between -200 mV and -100 mV (Reddy and 

D’Angelo, 1994). To investigate the possibility of reductive processes, data were collected at 

three different time points from three independent measurements: in-situ soil Eh using 

platinum redox probes, porewater analysis (ORP, DO, H2S, Fe2+, Fe3+and SO42-), and 

presence of sulfate-reducing bacteria.   

 

The in situ redox probes were inserted at 4 cm intervals within each cell in year 2016 to 

measure redox potential at micro-level within the shallow soil profile (Fig. 1). The unplanted 

cell had most the stable profile between 4 – 20 cm, while the planted cells displayed more 

dynamic profile (Fig. 2). This was expected since roots are known to release oxygen, known 

as radial oxygen loss (ROL), thus creating a micro-environment of oxic and anoxic pockets 

(Kadlec and Wallace, 2009). Interestingly, for all three plants, the peak reducing conditions 

were seen at the 12 cm depth, which may a due to sufficient depth included in our FTW 

design or increased distance from active root apex responsible for ROL (Colmer, 2003) (Fig. 

2). Overall, all cells exhibited low reducing conditions, with an exception of T. latifolia 

which reached moderately reducing conditions.  
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Fig. 2: The ORP profile of each plant species in the shallow FTWs. Platinum probes were 

placed at 4 cm intervals and measurements were made in August 2016, and October 2016. 

Averaged values over the 2 months are shown here. Unplanted cells (red line), C. lacustris 

(green line), T. latifolia (blue line), and J. canadensis (purple line).   

 

As per the YSI data, the porewater Eh measurements for 2016 and 2017 (Fig. 3.a) showed 

low-to-moderately reducing conditions in the unplanted cells (178.6  4.7 mV and 91.7  4.2 

mV, respectively), C. lacustris cells (134.3  19.0 mV and 78.2  28.7 mV, respectively) 

and T. latifolia cells (135.7  24.2 mV and 112.5  9.6 mV, respectively), while J. 

canadensis exhibited low-reducing-to-aerated (259.8  17.1 mV and 186.6  26.8 mV, 

respectively) soil conditions. This observation is generally in consensus with the in-situ soil 
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profile from 2016. By year 2018, all the cells exhibited moderately reducing conditions, with 

an overall range of 45.1  2.8 mV to 73.8  9.9 mV. In comparison, the open water had an 

Eh value of 448.9  0.6 mV (Fig. 3.a). However, year-to-year, the conditions within the 

shallow FTW became more reducing, it did not reach the level where one would expect 

sulfate reduction to occur (Reddy and D’Angelo, 1994).  

DO is an indicator used to establish oxic /anoxic zones. In the literature, DO concentration 

below 5.8 mg O2/L have been documented to have a significant effect on bacterial 

community composition (Spietz et al., 2015), and concentration below 2.3 mg O2 /L is 

considered as a threshold for hypoxic condition (Vaquer-Sunyer and Duarte, 2008). In all 

our FTW cells, DO levels remained well below the threshold and exhibited little variation, 

ranging from 0.81  0.07 mg/L to 1.78  0.22 mg O2/L (Fig. 3.b). This suggests that hypoxic 

conditions were prevalent throughout the field trials and there is a potential for anaerobic 

processes as such iron and sulfate reduction to occur, and for anaerobic microorganisms, 

such as SRBs to establish. Lastly, pH values for all cells hovered around pH 6 (Fig. 3.c), 

even when the surrounding open water pH dropped 5.0 in 2017 and 2018.  
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Fig. 3: Porewater parameters measured using a YSI multiprobe for (a) Eh, (b) DO, (c) pH 

from unplanted, C. lacustris, T. latifolia and J. canadensis cells in July 2016, July 2017 and 

May 2018. Values shown here are an average value from three replicates at both depths. 

Open water samples in proximity to the FTW were also collected and analyzed on YSI 

multiprobe. Standard error around average values (n = 6 for unplanted, C. lacustris, T. 

latifolia and J. canadensis and n = 3 for open water) are shown on each bar. 

 

The porewater data clearly indicated that the shallow FTWs maintained low-to-moderate 

reducing conditions during the course of the field experiment. To confirm this translated to 

the occurrence of reductive processes, the porewater concentrations of H2S and Fe2+ were 

also measured. In the presence of low to moderate reducing conditions, [Fe2+] should be 

greater than that of [H2S]; the converse should be true in moderate to high reducing 

conditions. Similarly, oxidizing conditions should be characterized by higher porewater 

[SO42-] than those found in the surrounding open water. In 2016, [H2S] in the unplanted cell 

was 0.26  .02 mg/L (Fig. 4.a), while producing 1.90  0.14 mg/L of Fe2+ (Fig. 4.c), 

suggesting the occurrence of reductive processes at a low level and is congruent with 

porewater Eh values. Moderate reducing conditions were present in C. lacustris and T. 

latifolia cells with [H2S] of 3.17  1.9 mg/L and 3.93  3.1 mg/L, respectively (Fig. 4.a). By 

2018, all cells within the FTWs had high porewater [H2S], ranging from 7.30  2.1 mg/L to 

10.25  3.8 mg/L. Furthermore, porewater [SO42-] was significantly lower than the first two 

years and ranged from 8.78  13.2 mg/L to 96.64  39.9 mg/L, all while when the 

surrounding open water [SO42-] was 363.13  8.9 mg/L (Fig. 4.b). Overall, high porewater 
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concentration of H2S and Fe2+, and low concentration of Fe3+, SO42- supports our hypothesis 

that reducing conditions were established in our shallow FTWs. 

 

Fig. 4: Porewater concentration measured using Hach colorimeter for (a) H2S, (b) SO42-, (c) 

Fe2+, and (d) Fe3+ from unplanted, C. lacustris, T. latifolia and J. canadensis cells in July 

2016, July 2017 and May 2018. Values shown here are an average value from three 

replicates at both depths. Open water samples in proximity to the EFTW were also collected 

and analyzed on Hach colorimeter. The standard error around average values (n = 6 for 
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unplanted, C. lacustris, T. latifolia and J. canadensis and n = 3 for open water) are shown on 

each bar. 

 

Since sulfate reduction was prevalent in our FTWs, a process which is primarily microbially 

driven, I wanted to characterize these microorganisms that are present in our system. Sulfate 

reducing organisms are largely classified into four taxonomic groups, namely, (1) class 

Deltaproteobacteria, which forms the largest group, consisting of 23 known genera, (2) 

phylum Firmicutes, consisting of genera such as Desulfotomaculum, (3) phylum Nitrospirae, 

consisting of class Thermodesulfovibrionia, (4) and thermophilic archaeal group, consisting 

of genera such as Archaeoglobus (Sheoran et al., 2010). Few studies have also reported that 

fungi can also play a role in sulfur reduction, either in a pure culture (Abe et al., 2007), or as 

a consortium with known SRBs in the marine environment (Drake et al., 2017).  By 

analyzing 16s RNA Illumina MiSeq data, I found that seven orders, belonging within the 

class Deltaproteobacteria and the phylum Nitrospirae, were primarily represented in our 

microbial data, with Desulfobacterales, Desulfuromonadales, and Syntrophobacterales 

forming the largest proportion of the total SRBs. (Fig. 5.a). Furthermore, over the two-year 

period, SRBs richness increased by ~30%, and the relative abundance against the total 

microbial community increased by ~100% (Fig. 5.b & c). This finding confirms that our 

FTWs are capable of sustaining and stimulating SRBs population over time. On an 

interesting note, theoretically sulfate reduction occurs between -200 mV and -100 mV 

(Reddy and D’Angelo, 1994), yet at no point during the field experiment, did the porewater 

or soil Eh values dropped to that level. This suggests that neither the platinum microprobes 

used in this paper, or the porewater oxidative-reductive potential, were able to effectively 
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measure highly reductive micro-environment that must be present in our FTWs to allow for 

strictly anaerobic, sulfate reduction to occur (Flessa and Fischer, 1992; Zhang and Pang, 

1999). Lastly, even though [SO42-] is lower in the shallow FTWs than the open water, 

microbial sulfate reduction cannot be solely responsible for this decrease, since at lower pH, 

SO42- adsorbs to the surface of fibrous organic materials (i.e. coconut coir), which is one of 

the structural materials used in the construction of the FTWs (Namasivayam and 

Sureshkumar, 2007).  
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Fig. 5: FTW sulfate reducing bacteria (SRB) (a) total % proportion of SRB Order only, (b) 

SRB richness, and (c) relative abundance of SRBs within total microbial community is 

shown. Unique amplicon sequence variant (ASV) from 16s rRNA Illumina MiSeq data from 

July 2016 and May 2017 were selected that belong to the following Order(s): 

Desulfarculales, Desulfobacterales, Desulfovibrionales, Desulfuromonadales, 

Syntrophobacterales, and Deltaproteobacteria_Incertae_Sedis and Family: Peptococcaceae 

(Clostridiales Order), all of which are all known SRBs (Brenner et al., 2005). For SRB ASV 

richness and SRB ASV abundance, standard error is shown.  

 

FTWs survive prolonged winter conditions 

Sudbury is located in the Boreal region of Canada, and it experiences prolonged winter 

conditions. One of the goals was to develop FTW system that could be left to freeze into the 

ice over the winter, and survive repeated freeze-thaw cycles, both of which have physical 

detrimental effects on the FTW structure. After two winter years, our shallow FTWs 

remained buoyant, and no visible damage to the external frame was evident (SI, Fig 8 and 9).  

I were also successfully able to collect porewater samples in 2017 and 2018, which suggests 

that the structural integrity, and the functionality of our in-house porewater samplers were 

intact. This is in contrast with commercially available dialysis samplers, such as Rhizon 

microfiltration membrane, that would have to be pulled out of the soil before the water 

freezes (Rhizosphere research product, 2019). Furthermore, all the plants developed 

sufficient below-ground biomass to regenerate themselves after the winter. 
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Estimated lifetime treatment capacity 

I wanted to estimate the lifetime treatment capacity of our shallow FTW. Assuming zero 

carbon (C) input from plants, the calculation is as follows: I used ~13 kg of soil per FTW, 

which has a ~60% C content (C analysis conducted by Geo Labs, division of Ontario 

Ministry of Northern Development and Mines), which represents 7.7 kg of C that is 

available for SO42- reduction. Knowing that each mole of SO42- requires 2 moles of C, I can 

calculate that each FTW can reduce 321 moles of SO42-. Assuming SO42- concentration of 

500 ppm in an AMD impacted water body, at minimum, one shallow FTW can treat ~61 m3 

of water. The next step would be scaling-up these shallow FTWs to treat greater volume of 

water. Furthermore, metals such as Zn, Cu, Fe, Ni, Co, Cd, and Pb can all react with H2S and 

co-precipitate as insoluble metal-sulfide (eq. 2), all of which will increase treatment 

effectiveness and applicability to other mine sites. 

 

Conclusion and future directions 

The 3 years field experiment demonstrated that the shallow FTWs are capable of sustaining 

sulfate reduction, stimulating a SRB population, and supporting plant regenerating after 

winter. Specifically, I found that the porewater sulfate concentrations were significantly 

lower within all of the cells of the FTWs than in the open water and between 2016 and 2017, 

there was an increase of ~30% in SRBs richness and ~100% increase in SRBs abundance. 

Additionally, our shallow FTWs design provides an alternative way to investigate plants and 

microbial interaction effect in a field-based experimental setting. The shallow FTWs 

described in this paper are first of its kind to combine floating technology with shallow soil 

profiles and thus offer an improved way to passively treat metal-laden, sulfate-rich water in-
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situ, as opposed to an off-site treatment system. There are thousands of tailings and 

associated seepage ponds present at active and/or abandoned mine sites in Canada, and 

elsewhere, where these FTWs could potentially be utilized.  
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